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Abstract 10 

Wastewater treatment plants of the future aim at energy autarky. This could potentially be 11 

realized through a high-rate activated sludge (HRAS) process for COD redirection followed by 12 

a mainstream partial nitritation-anammox (PNA) process for nitrogen removal. The potential 13 

of this promising process option was evaluated in this study, through modelling and simulation. 14 

The impact of operating conditions on the unit processes was investigated first. Operation of a 15 

HRAS stage often implied a trade-off between maximizing the COD capture for energy 16 

recovery and minimizing residual COD in the effluent fed to the subsequent autotrophic PNA 17 

process. Moderate DO (0.3-0.5 g O2.m
-3) and SRT (0.3-0.5 d) were suggested to balance these 18 

needs, whereas maximizing settling efficiency in the subsequent settler was always desirable. 19 

Regarding the mainstream PNA process, the optimal DO setpoint corresponding with 20 

maximum nitrogen removal decreased with increasing biomass concentrations. Anammox 21 

remained the dominating nitrogen removal process during long-term dynamic simulations with 22 

fluctuating HRAS stage effluent (1.3-4.3 g COD.g-1 N, 10-20℃), indicating the resilience and 23 

long-term stability of the PNA process at mainstream conditions. Plant-wide evaluations 24 

revealed that the combined HRAS-PNA system could achieve a comparable effluent quality as 25 

the CAS system, complying with EU regulations, while allowing 56% more influent COD to 26 

be redirected to sludge for energy recovery and over 60% savings in aeration energy. This 27 

illustrates the potential of being energy-neutral of the integrated HRAS-PNA system.  28 

Keywords: mainstream anammox; partial nitritation; HRAS; energy-neutral; energy recovery; 29 

plant-wide modelling; dynamic simulation; 30 

  31 



3 

 

1. Introduction 32 

Conventional municipal wastewater treatment plants (WWTPs) are typically designed 33 

to obtain a high removal efficiency of organic matter (expressed as chemical oxygen demand - 34 

COD) and nitrogen. This does not only require a large amount of aeration energy, but also leads 35 

to the loss of the energy present in COD as metabolic heat [1,2]. New configurations have been 36 

proposed to shift from the current energy-inefficient WWTPs towards energy-neutral ones 37 

[1,3,4], based on the AB process already established in the 1970s [5]. The first stage of such 38 

energy-neutral (or even energy-positive) WWTPs utilizes a high-rate activated sludge (HRAS) 39 

process, in which COD is concentrated and redirected for subsequent energy recovery through 40 

anaerobic digestion. This stage is followed by a partial nitritation-anammox (PNA) process for 41 

nitrogen removal (Fig. 1).   42 

The HRAS process generally uses a higher food-to-microorganism (F/M) ratio, a shorter 43 

sludge retention time (SRT < 2d), a shorter hydraulic retention time (HRT ~ 0.5 h) and a lower 44 

dissolved oxygen concentration (DO < 1 g O2.m
-3), compared to conventional activated sludge 45 

(CAS) processes [6]. These differences result in a less energy-intensive (lower aeration energy) 46 

and more compact system. They also affect the COD removal behavior. For instance, due to 47 

the low SRT in a HRAS process, fast-growing heterotrophic bacteria are selected, which are 48 

only able to use the most readily biodegradable organics. As a result, part of the soluble COD 49 

which is treated as easily biodegradable in long-SRT (> 3d) CAS system should be considered 50 

as inert in the short-SRT HRAS system [7]. Therefore, the impact of operating conditions on 51 

the COD conversions in the HRAS process needs to be further specifically explored.  52 

The PNA process consists of two steps. During the partial nitritation step, about half of 53 

the ammonium in the wastewater is oxidized to nitrite by ammonium oxidizing bacteria (AOB), 54 

while further oxidation to nitrate by nitrite-oxidizing bacteria (NOB) is prevented. In the 55 
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subsequent anammox conversion, the remaining ammonium and the produced nitrite are 56 

combined to form dinitrogen gas (N2), in the absence of oxygen and using CO2 as a carbon 57 

source [8]. Compared to the conventional nitrogen removal processes based on nitrification-58 

denitrification over nitrate, the PNA process (1) consumes up to 63% less aeration energy; (2) 59 

does not require external COD for denitrification, which omits the need for chemical addition 60 

and at the same time maximizes the possible alternative use of the COD present in municipal 61 

wastewater for energy production through anaerobic digestion; (3) produces less (costly) sludge 62 

to be disposed of and (4) emits less CO2 due to the autotrophic nature of the process and lower 63 

energy requirements [1,9]. The two steps of the PNA process can be realized in two separate 64 

reactors or in a single reactor. In 2014, there were already more than 100 full-scale PNA reactors 65 

operational. They were successfully applied to treat various types of warm wastewater with 66 

high ammonium concentrations, such as reject water originating from anaerobic digestion (i.e., 67 

sidestream treatment) [10]. More than 80% of them were single reactor systems, as will be 68 

considered in this study. Moreover, granular sludge systems were put forward because of its 69 

high volumetric conversion rate and biomass retention [3]. 70 

The current challenge is in applying the innovative PNA process for the treatment of 71 

municipal wastewater in the main line of the WWTP (i.e. mainstream anammox) [3]. The major 72 

issues in this respect are the low temperature and low ammonium concentration of municipal 73 

wastewater, combined with the presence of COD which may stimulate the growth of 74 

heterotrophs, outcompeting the slowly growing anammox bacteria [11,12]. The feasibility of 75 

PNA under mainstream conditions has been demonstrated in several laboratory and pilot-scale 76 

studies [13–15]. Nevertheless, these studies also point out that the long-term stability of PNA 77 

process (i.e. maintaining high process rate and low effluent nitrogen concentration) under 78 

varying temperature (especially low temperature) and loading rates (e.g. COD and ammonium) 79 

in full-scale WWTPs should be evaluated further [12,16].  80 
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Sufficient COD removal in the HRAS stage is crucial for avoiding the proliferation of 81 

heterotrophs and thus for a successful PNA stage. However, a higher COD removal in the 82 

HRAS stage does not necessarily mean a higher energy recovery [6,17]. While the HRAS 83 

process has already been successfully applied at full-scale in the past to maximize energy 84 

recovery from the influent COD, as the first step in a conventional AB process [18], the 85 

additional challenge for it nowadays is to simultaneously realize a sufficiently high COD 86 

removal efficiency in order to meet the influent requirements (i.e. low COD/N) of the 87 

downstream PNA stage. Therefore, to comprehensively assess the combined HRAS-PNA 88 

system, a plant-wide perspective is needed, as applied in the past for the evaluation of 89 

sidestream anammox processes [19]. 90 

Model-based investigations are useful for fast and rigorous assessment of the 91 

performance of WWTPs, in particular to analyse the interrelations among unit processes. As 92 

such, they can also be utilized for feasibility studies of leading-edge technologies and their 93 

integration with other wastewater treatment unit processes. Up till now, the HRAS-PNA system 94 

and/or similar systems (e.g. bioflocculation and two-stage PNA) have only been evaluated via 95 

rough mass and energy balance calculations [9] and steady state simulations [20–22]. A few 96 

studies applied life-cycle analysis for environmental assessment of systems with PNA in the 97 

mainline [23,24].  However, the feasibility and long-term stability of the HRAS-PNA system 98 

under practical dynamic conditions (e.g. temperature, hydraulic load, and substrate 99 

concentrations) remains to be evaluated.  100 

In this contribution, the feasibility and long-term stability of the HRAS process for COD 101 

removal and capture, combined with a granular sludge PNA reactor for nitrogen removal, was 102 

evaluated through dynamic modelling and simulation. The effect of operating conditions (e.g. 103 

SRT, DO and biomass concentration) on the individual HRAS and PNA processes was 104 

investigated first, followed by steady-state and dynamic evaluations of the combined HRAS-105 
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PNA system in a plant-wide context. Finally, the latter system was compared against a 106 

conventional activated sludge (CAS) system in terms of effluent quality and operational costs.  107 

 108 

2. Materials and methods 109 

2.1 The integrated HRAS-PNA system 110 

 The integrated HRAS-PNA system (Fig. 1) was put forward as proposed by Kartal et 111 

al.[3]. In this system, the HRAS stage is mainly responsible for organic carbon removal and 112 

redirection, whereas the PNA stage is mainly responsible for nitrogen removal. For the latter 113 

purpose, a compact granular sludge reactor was considered [3]. The sludge line (i.e. thickener, 114 

AD, dewatering and storage tank) was also included for a comprehensive plant-wide evaluation 115 

and was modelled as in the Benchmark Simulation Model no. 2 (BSM2) [25].  116 

117 

Figure 1. Schematic plant layout of the integrated HRAS-PNA system 118 

2.2 High-rate activated sludge (HRAS) stage model 119 

The possible biological COD conversions in a HRAS process are illustrated in Fig. 2. 120 

The short SRT in HRAS system compared to a CAS system results in different COD removal 121 

behavior, which requires system-specific modelling assumptions. The widely-used Activated 122 
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Sludge Model no. 1 (ASM1) which focuses on long-SRT (> 3d) activated sludge systems (i.e. 123 

CAS systems), is not directly applicable for the modelling of a short-SRT HRAS system, as 124 

clearly stated by the authors themselves [26] and demonstrated by Nogaj et al.[17].  125 

The HRAS stage was modelled through an adapted ASM1, according to the approach 126 

by Smitshuijzen et al. [27]. In this approach, the efficiency of adsorption/bioflocculation (r9, 127 

Fig. 2) the HRAS unit and the efficiency of liquid/solid separation in the subsequent clarifier 128 

are lumped into a single parameter, fsettler, which represents the fraction of particulates removed 129 

and is estimated from plant data (detailed in A1.2, Appendix). All particulates are assumed to 130 

adsorb and settle equally well. The stoichiometric matrix and process rate expressions of the 131 

HRAS unit model are the same as the ASM1 implemented in the Benchmark Simulation Model 132 

no. 2 (BSM2) [25] and are detailed in Table A1 and A2, respectively. The associated parameter 133 

values of the HRAS unit model are detailed in Table A3.  134 

The HRAS stage is composed of the HRAS unit and the subsequent clarifier (Fig. 1). 135 

The HRAS unit was modelled as five completely mixed aerated reactors in series to simulate a 136 

plug flow configuration as typically applied in practice [28]. The total volume of the HRAS 137 

reactors was calculated to be 2500 m3, based on the mass concentration of mixed liquor 138 

suspended solids (MLSS) that was expected in the reactors. As the key operating parameters in 139 

the HRAS process, the SRT was controlled by manipulating the waste sludge flow rate (detailed 140 

in A1.2). The DO was controlled at a setpoint of 0.5 g O2.m
-3 at the 4th bioreactor  by applying 141 

a closed control loop [27]. The same oxygen transfer coefficient (𝐾𝐿𝑎) in the 4th reactor was 142 

then applied to all other bioreactors in the model. The model was implemented in Matlab & 143 

Simulink® (version R2016b). 144 
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2.3 Partial nitritation-anammox (PNA) model 145 

The granular sludge PNA reactor was modelled as 1-D biofilm based on Mozumder et 146 

al.[29], including four bacterial groups: ammonium-oxidizing bacteria (XAOB), nitrite-oxidizing 147 

bacteria (XNOB), anammox bacteria (XAN) and heterotrophic bacteria (XH). The effect of 148 

temperature was taken into account (Table A7) according to the approach in Hao et al. [30]. 149 

The stoichiometric matrix, process rates and associated parameter values of the PNA model are 150 

detailed in Table A5-A7. 151 

The granular sludge PNA reactor has a fixed total volume (granules + bulk liquid) of 152 

2500 m3. This was determined based on the biomass concentration (4 kg VSS.m-3) and specific 153 

nitrogen loading rate ( 0.125 kg N.kg VSS-1.d-1) derived from a pilot-scale granular sludge PNA 154 

reactor treating real HRAS stage effluent [31] and the influent of  the PNA stage(i.e. effluent 155 

of the preceding HRAS stage) (detailed in A2.2). The granules were assumed to be of equal 156 

size with a radius of 0.75 mm. The bulk DO concentration was controlled by a constant set-157 

point and the biomass concentration was manipulated by changing the number of granules in 158 

the reactor. The PNA model was implemented in AQUASIM v2.1 [32]. 159 

2.4 Plant-wide comparison with conventional activated sludge (CAS) system 160 

 The behavior of the HRAS-PNA system was compared with the one of a conventional 161 

activated sludge (CAS) system. The latter was simulated using the closed-loop configuration 162 

of BSM2 (Fig. A4, [25]). The BSM2 CAS system also includes a primary clarifier, a thickener, 163 

an anaerobic digester, a dewatering unit and a storage tank for the reject water, allowing for 164 

plant-wide evaluation in terms of effluent quality, operational cost and energy recovery 165 

potential [25]. The same influent datasets from BSM2 were used for both systems for steady-166 

state and dynamic simulations.  167 
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2.5 Evaluation criteria for plant-wide comparison  168 

The influence of operating conditions on the HRAS and the PNA stages was evaluated 169 

based on COD distribution and nitrogen removal efficiency, respectively. As for the comparison 170 

between the HRAS-PNA and CAS systems, this study used the default evaluation criteria of 171 

BSM2, which provide a simple and objective means for comparison and have been developed 172 

specifically for comparing dynamic responses [25]. The evaluation criteria consists of effluent 173 

quality index (EQI, in kg pollution units.d−1) and operational cost index (OCI) (detailed in A3.2). 174 

The EQI is a weighted average of relevant effluent concentrations (e.g. TN, COD and TSS). 175 

The OCI is calculated as a weighted sum of different costs, including aeration energy pumping 176 

energy, mixing energy, sludge production for disposal, external carbon addition, methane 177 

production and the heating energy. The aeration energy in the HRAS stage was calculated the 178 

same way as for the CAS system in BSM2, whereas the aeration energy in the PNA reactor was 179 

calculated based on the oxygen consumption and a typical engineering approach related to the 180 

SOTE (standard oxygen transfer efficiency, kg O2.kWh-1) (detailed in A3.3). The evaluation 181 

period was the last 364 days in the dynamic simulations.  182 

2.6 Simulation strategies   183 

 The influence of operating conditions on the individual HRAS and PNA stages was 184 

investigated first, followed by plant-wide evaluation of the combined HRAS-PNA system. 185 

Finally, the latter system was compared against a CAS system in terms of effluent quality and 186 

operational costs. An overview of simulation strategies is summarized in Table 1.  187 

The influent dataset of BSM2, which consists of both constant influent and full dynamic 188 

influent data (609 days), was used as input for simulations. The constant influent file contains 189 

the average values of one full year dynamic data that represents the influent of the municipal 190 

wastewater treatment plant in BSM2. The average influent concentrations of COD and total 191 
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nitrogen (TN) are 593 mg COD.L-1 and 55 mg N.L-1, with an average flow rate of 20 648 m3.d-192 

1 (Table 1, detailed in Table A4). 193 

Table 1. Overview of simulation strategies. Values in parentheses are for the PNA stage. 194 

Scenario 
CODin TNin SRT DO T f_settler 

Biomass 

concentration 

g COD.m-3 g N.m-3 day g O2.m-3 °C -  kg VSS.m-3 

HRAS stage* 

Reference case 593 55 0.3 0.5 15 0.984 - 

Factors influencing COD 

redirection  

593 55 0.1-2 0.1-2 10-30 0.85-1 - 

PNA stage** 

Reference case (50) (46) - (1) (15) - 4 

Effect of biomass 

concentration and DO 

(50) (46) -  (0.5-2) (15) - (2-12) 

Plant-wide: HRAS-PNA vs. CAS 

Steady state* 593 () 55 () 0.4 (-) 0.5 (0.5) 15 (15) 0.984 8 

Dynamic*** variable variable 0.4 (-) 0.5 (0.5) variable  0.984 8 

*BSM2 constant influent; **Effluent of the HRAS stage at reference scenario; ***BSM2 dynamic influent 

  195 

 For the HRAS stage, the effect of the operating conditions (DO, SRT and temperature) 196 

and combined adsorption/bioflocculation and settling efficiency (fsettler) on the performance was 197 

evaluated through steady-state simulations. For the PNA stage, the individual and combined 198 

influence of biomass concentration and bulk DO concentration on nitrogen removal was 199 

evaluated through steady-state simulations (Table 1).  The effluent of the HRAS stage at 200 

reference scenario was used as the influent of the PNA stage for these simulations. For steady-201 

state simulations, the HRAS stage model (in Matlab) was run with the constant influent data 202 

(Table A4) for 500 days, while the PNA stage model (in AQUASIM) was run with the effluent 203 

from the HRAS stage under reference case for 4000 days to ensure steady state was reached. 204 

The behavior of the HRAS-PNA system under dynamic conditions were evaluated using the 205 

full dynamic influent data for 609 days also from BSM2. The last 364 days (i.e. day 245-609) 206 

of the dynamic simulation was used for performance evaluation.  207 

 208 
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3. Results and discussion 209 

3.1 HRAS stage for COD redirection 210 

3.1.1 Modelling the HRAS stage  211 

 The biological conversions in activated sludge systems are presented in Fig. 2. The 212 

shorter SRT and HRT in a HRAS system compared to a CAS system results in different COD 213 

removal behavior in the two systems, which requires system-specific modelling assumptions.  214 

 215 

Figure 2. The biological COD and nitrogen conversions in a high-rate activated sludge (HRAS) 216 

system. The state variables and processes with solid lines (r1-r8) are included in the model used 217 

in this study (i.e. ASM1 [26] and Smitshuijzen et al.[27]). The state variables and processes 218 

with dotted lines (r9-r11) are among those additionally included in the model of Nogaj et al.[17]. 219 

 The readily biodegradable COD (Ss) is modelled as a single substrate with a single 220 

kinetic for CAS systems in ASM1[26].  However, the low SRT in HRAS process favors fast-221 

growing bacteria which are only able to use the most readily biodegradable organic, i.e. part of 222 

the Ss in ASM1 [7,17]. Therefore, the effluent of HRAS process often has a higher soluble 223 

bridgeable COD compared to CAS process [7]. To describe this, three different approaches (S1-224 

S3) have been proposed: (S1) spite the SS into fast and slow fractions (i.e. dual soluble substrate) 225 
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and model them separately  [7,17]; (S2) distribute a part of XS to SS [27] and (S3) increase the 226 

half saturation constant KS for SS [7].   227 

 The difference in modelling the removal of suspended COD (colloidal and particulate 228 

COD) lies in whether to model the adsorption/bioflocculation process explicitly. Suspended 229 

COD needs to be adsorbed by active biomass before being hydrolyzed and oxidized. The 230 

adsorption of suspended COD is a fast process and is considered instantaneously in ASM1[26]. 231 

However, due to the short HRT (i.e. contact/reaction time) in HRAS process, only a part of the 232 

suspended COD can be enmeshed by biomass [33]. To model the adsorption/ bioflocculation 233 

process, two different approaches (X1-2) have been proposed: (X1) integrate the production of 234 

extracellular polymeric substances (EPS), storage compounds (r10, Fig. 2) and adsorption of 235 

colloidal COD (r9, Fig. 2) into the ASM1[17,33] and (X2) lump adsorption/bioflocculation and 236 

settling efficiency into a single parameter (fsettler, detailed in A1.2) that can be identified with 237 

routinely measured data in WWTPs [27].  238 

 Currently, there are only few dedicated models available for HRAS system. Nogaj et al. 239 

[17] presented a mechanistic model (Approach S1&X1), in which new state variables (e.g. 240 

colloidal COD) and processes (e.g. r9-r11, Fig. 2) were added to ASM1. Despite its potential 241 

advantage of revealing more insights into the underlying processes, the introduction of new 242 

state variables and kinetic parameters requires a set of measurements (e.g. influent colloidal 243 

COD) that are usually not available for parameter estimation and model calibration. In contrast, 244 

Smitshuijzen et al. [27] presented a simpler model adaptation of ASM1 (Approach S2&X2) by 245 

implementing the combined adsorption/bioflocculation and settling efficiency (fsettler) and 246 

applying influent COD fractionation. The general applicability of the lumped fsettler may require 247 

further validation in other WWTPs, while its simplicity allows for easier integration of the 248 

HRAS process model in plant-wide models, as is the case in this study. 249 
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3.1.2 Factors influencing COD redirection 250 

 The influent COD entering the HRAS system can go three possible routes: (i) COD loss 251 

due to mineralization i.e., oxidation of COD to CO2 by biomass (r1-2,  Fig. 2); (ii) end up in 252 

the HRAS effluent, fed to the PNA stage; (iii) COD capture in the sludge, fed to anaerobic 253 

digester for energy recovery. The COD distribution between these routes is crucial for the 254 

energy recovery potential and the performance of downstream autotrophic N removal process. 255 

A high COD capture in sludge is preferred for energy recovery, while a low effluent COD (i.e. 256 

low COD/N ratio) is demanded for subsequent mainstream PNA. The distribution was found 257 

affected by DO, SRT and temperature (T) as key operating conditions as well as by the 258 

combined adsorption and settling efficiency (characterized by the parameter fsettler), as 259 

summarized in Fig. 3. For the reference case, 22% of the influent COD was mineralized, 14% 260 

was in the effluent and 66% was captured in sludge, with an effluent COD/N ratio of 2.4 (g 261 

COD.g N-1) (Fig. 3).  262 

 263 
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 264 

Figure 3. COD distribution as a fraction of influent COD and effluent COD/N ratio with 265 

different (A) DO, (B) SRT, (C) temperature and (D) fsettler in the HRAS stage (Influent 266 

COD=593 g COD.m-3, among which Xs=218 g COD.m-3 and Ss=204 g COD.m-3. The reference 267 

case is marked with dotted box.) 268 

 At DO concentrations lower than the reference case (<0.5 g O2.m
-3), the effluent COD 269 

decreased sharply with increasing DO concentration while the COD mineralization and COD 270 

capture increased accordingly (Fig. 3A). The lower effluent COD was mainly attributed to the 271 

improved soluble biodegradable COD removal at higher DO (r1, Fig.2). However, further 272 

increase of DO (>0.5 g O2.m
-3) showed marginal effect on influent COD distributions (Fig. 3A), 273 

indicating that DO was no longer the limiting-factor for COD removal in a HRAS process 274 

operated at a SRT of 0.3d.  This trend is in line with the findings of the pilot-scale study from 275 

Nogaj et al.[17] and the full-scale investigations from de Graaff et al.[28]. The results imply 276 
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that moderate DO set point (0.3-0.5 g O2.m
-3) should be applied in the HRAS stage for a 277 

sufficient COD removal and COD redirection for energy recovery while avoiding unnecessary 278 

aeration cost.  279 

 With increasing SRT, the effluent COD decreased while the mineralization of influent 280 

COD increased (Fig. 3B). Concerning the COD capture in sludge, it first increased (SRT of 0.1-281 

0.3d) and then decreased gradually (SRT of 0.3-2d). The SRT determines the period during 282 

which particulates/biomass are retained within the system and was regulated by changing the 283 

waste sludge flow (Qw) in this model. At a low SRT (0.1d), the biomass concentration was too 284 

low and the removal of Ss was therefore limited, resulting a high effluent COD (40%, Fig. 3B). 285 

The Ss removal increased with increasing SRT and thus the mineralization of influent COD 286 

accordingly. However, higher mineralization also means more COD was wasted and less COD 287 

was left,  to sludge formation (Fig. 3B). Similar trend was also observed in the pilot-scale HRAS 288 

systems by Jimenez et al.[6] where COD directed to sludge peaked at a SRT of 0.3d in the 289 

tested range of 0.1-2d. The results imply that a high SRT is desired to minimize effluent COD 290 

while a moderate SRT (e.g. 0.3d) is required to maximize the COD redirection for energy 291 

recovery. A SRT of 0.3-0.5d would be appreciate to balance these two needs.  Noteworthy, the 292 

SRT needs to be chosen before building the HRAS unit, as it would affect the dimension of the 293 

bioreactors.   294 

 With increasing wastewater temperature, the effluent COD and COD capture in sludge 295 

decreased while the COD mineralization increased (Fig. 3C). Higher temperature improved 296 

biomass activities and overall process rates. This led to increased COD removal (low effluent 297 

COD) and mineralization through heterotrophic growth (r1-2, Fig.2). The hydrolysis of Xs and 298 

biomass decay (r7 and r4-5, Fig.2) would be enhanced as well. Consequently, the COD capture 299 

in sludge decreased. These results imply that higher temperature may be favourable for COD 300 

removal of the HRAS stage but not necessarily for energy recovery. In regions that experience 301 
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large (seasonal) temperature variations, it could have a significant effect on the system 302 

performance throughout the year. Low temperature (e.g. in winter) may result in insufficient 303 

COD removal in HRAS stage and thus affect the autotrophic nitrogen removal in the subsequent 304 

PNA stage, as observed at the WWTP Dokhaven during winter [16]. However, temperature 305 

depends on the environmental conditions and cannot be easily or economically manipulated in 306 

full-scale WWTPs, which limits its potential use as a control strategy. 307 

 One of important parameters of the HRAS model adapted in the present study is the 308 

combined adsorption/bioflocculation and settling efficiency (fsettler). By definition (detailed in 309 

A1.2), removal of particulate COD would increase with increasing fsettler and the effluent COD 310 

would decrease accordingly while the mineralization of influent COD would remain unaffected 311 

(Fig. 3D). The higher the fsettler, the better in terms of energy recovery. Therefore, more efforts 312 

are required on improving the adsorption/bioflocculation in the HRAS unit (e.g. by adding 313 

chemicals or pretreatment with chemically enhanced primary treatment) and the settling 314 

efficiency in the subsequent settler (e.g. by applying coagulation and dissolved air flotation).  315 

 Overall, the operation of a HRAS stage aims at maximizing COD capture in the sludge 316 

for energy recovery and minimizing effluent COD for the subsequent removal of PNA for 317 

nitrogen removal. A trade-off was observed for the selection of SRT and temperature, while 318 

improving the efficiency of adsorption/biofloculation and settling was always desirable.  319 

Moderate DO (0.3-0.5 g O2.m
-3) and SRT (0.3-0.5 d) were suggested for operating the HRAS 320 

stage.  321 

3.2 The partial nitritation anammox (PNA) stage for nitrogen removal 322 

3.2.1 Factors influencing nitrogen removal  323 

Aiming at a high and stable N removal, the influence of several influent characteristics 324 

(e.g. NH4-N concentration/load) and operating conditions (e.g. DO) on the N removal of 325 
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granular sludge one-stage PNA reactors have been evaluated through experiments and 326 

modelling and simulations (Table 2). For instance, increasing influent ammonium 327 

concentration (i.e. load) results in gradual decrease in N removal at fixed DO concentration 328 

[34], while increasing temperature improves N removal in granular sludge one-stage PNA 329 

reactor [15,34]. The N removal first increases with increasing influent COD (or COD/N) and 330 

then declines as it further increases [29,35], which is also observed for bulk DO concentrations 331 

[36,37]. Aeration pattern influences the N removal as well, with continuous aeration leads to 332 

higher N removal than that of intermediate aeration [38]. A minimum residual ammonium 333 

concentration in the PNA reactors is found necessary for NOB repression and therefore affects 334 

the N removal [39]. Granule size and its distribution have been shown to affect the nitrogen 335 

conversions as well as operation window of other parameters (e.g. DO) for optimal N removal 336 

[40,41]. The balance of microbial community and their activities is crucial for a stable and 337 

efficient PNA process. The AOB, NOB and heterotrophic bacteria preferentially grow in small 338 

granules and flocs, which leads to another control strategy in granular sludge PNA reactors, 339 

being selective removal of small granules and flocs [42,43]. Besides, the biomass concentration 340 

could also significantly affect the determination of other operating conditions (e.g. DO) and the 341 

performance of a bioreactor. However, its potential impact has not been explicitly studied for 342 

granular sludge PNA reactors. 343 

 344 

 345 

 346 

 347 
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Table 2. Overview of factors influencing the N removal from granular-sludge one-stage PNA 348 

reactors reported in literature. The second last column schematically shows a mini-graph (where 349 

applicable) representing how N removal reacts to changes of the influencing factors  350 

Factors Conditions  Approach   Graphic 

representation 

Reference  

T (℃) NH4-Nin  

(g N.m-3) 

CODin  

(g COD.m-3) 

N/NH4-N 

concentration /load 

30 100-800 0 Simulation   [34] 

COD concentration 

/load or COD/N 

30 300 0-1000 Simulation  [29] 

18±3 190 25-100 Experiment [44] 

- 50 5-150 Simulation [35] 

T 10-20 60/160 0 Experiment 
 

[15] 

20-35 300 0/300 Simulation [34] 

DO  30 131,6 0 Experiment 
 

[36] 

30 300 0 Simulation [37] 

Aeration pattern 20/30 1850 600 Simulation 
 

[38] 

Residual NH4 10 70 0 Simulation 
 

[39] 

20/30 1850 600 Simulation 
 

[38] 

Granule size and its 

distribution 

30 300 0 Simulation 
 

[37] 

30-35 250-350 200 Experiment 
 

[40] 

30 300 0 Simulation 
 

[41] 

Co-existing flocs  19-21 24 24-72 Experiment 
 

[43] 

30 300 10-400 Simulation   [42] 

 351 

3.2.2. Effect of biomass concentration – specific nitrogen load 352 

The impact of biomass concentration on the steady-state performance of the mainstream 353 

granular sludge PNA reactors is first investigated at a fixed DO concentration (Fig. 4). The 354 

interaction between the biomass concentration and the DO is assessed subsequently (Fig. 5).  355 

With increasing biomass concentration, the nitrogen removal efficiency first increased 356 

and then decreased (Fig. 4A), as also reflected by the N2 production (Fig. 4B). At low biomass 357 

concentration (< 4 kg VSS.m-3), ammonium conversion was still largely incomplete (33 g 358 

NH4_N.m-3 remaining, 26.7% conversion). At intermediate biomass concentrations (4-8 kg 359 

VSS.m-3), the anammox fraction in the granules increased (Fig. 4A) and N2 became the primary 360 
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nitrogen compound (Fig. 4B). As the biomass concentration further increased, the DO 361 

concentration at the center of the granules increased (Fig. 4A), which reflects the elevated 362 

oxygen penetration in the granules. Consequently, the NOB activity increased while the 363 

anammox activity got inhibited, as confirmed by the change of corresponding biomass fractions 364 

(Fig. 4A) and shift of the dominant nitrogen compound from N2 and to nitrate (Fig. 4B). 365 

Noteworthy, nitrite accumulation was observed at intermediate biomass concentrations (Fig. 366 

4A), implying an overcapacity of nitrite producer (AOB) over nitrite consumers (NOB, 367 

anammox and heterotrophic bacteria) at these conditions.  368 

The increased DO penetration depth with increasing biomass concentrations (Fig. 4B) 369 

could be explained by the lower substrate (e.g. NH4
+) surface loads, as increasing biomass 370 

concentrations imply a higher biofilm surface. Previous studies have shown that ammonium 371 

surface load can inversely affect the oxygen penetration in granular sludge PNA reactors at 372 

sidestream conditions [37]. The influence of bulk DO concentration on the mainstream PNA 373 

reactor was evaluated as well and the results (Fig. S4) were consistent with previous studies 374 

(Table 2). 375 
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 376 

Figure 4. Influence of biomass concentration on the steady-state performance of the 377 

mainstream PNA process at a fixed DO concentration (1 g O2. m-3): (A) particulate mass 378 

fractions, nitrogen removal efficiency and DO concentration at the center of the granules; (B) 379 

bulk concentrations of ammonium (𝑠𝑁𝐻), nitrite (𝑠𝑁𝑂2), nitrate (𝑠𝑁𝑂3) and nitrogen gas (𝑠𝑁2).  380 

The combined influence of biomass concentration and DO was studied by identifying 381 

the optimal bulk DO concentrations, corresponding with maximum N removal at different 382 

biomass concentrations (Fig. 5). Overall, the optimal bulk DO concentration for maximum N 383 

removal decreased with increasing biomass concentration. N removal efficiencies higher than 384 

90% could be achieved with biomass concentration above 6 kg VSS.m-3 and DO concentration 385 

lower than 0.75 g O2.m
-3. The higher nitrogen removal efficiency than if there would be only 386 

anammox process for N2 production (89%, according to the anammox stoichiometry [45]) was 387 
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a result of positive interaction between anammox bacteria and heterotrophic denitrifiers under 388 

the tested scenarios (bCOD/N ~1, Table 1). This was confirmed by labeling and tracking the 389 

N2 production in the model and consistent with previous observations [29,35,46].  390 

 391 

Figure 5. The optimal bulk DO concentrations at which maximum nitrogen removal was 392 

obtained in granular sludge PNA reactors with different biomass concentrations. 393 

Biomass concentrations of 25-35 kg VSS.m-3 have been applied in full-scale granular 394 

PNA reactors for reject water treatment [47].  Therefore, the biomass concentration used for 395 

scenario analysis (2-12 kg VSS.m-3) should be practically feasible to maintain. The results from 396 

this study suggest that lower DO set point could be applied for mainstream granular sludge 397 

PNA reactors with higher biomass concentrations.  398 

 399 

3.3 Plant-wide comparison of the HRAS-HRAS and CAS system 400 

3.3.1 Steady state COD and N mass balances  401 

The steady-state simulation results for the combined HRAS-PNA system and the CAS 402 

system were summarized in terms of plant-wide mass balances for COD and total nitrogen (TN) 403 

(Fig. 6&7). With a comparable effluent COD (i.e. COD removal) in both systems (Fig. 6A), the 404 
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HRAS-PNA system resulted in a lower COD mineralization and significantly more influent 405 

COD to be redirected to the anaerobic digester (AD) for energy recovery, compared to the CAS 406 

system (50.8% vs. 34.9%, Fig. 6A). As illustrated in Section 3.1.2, this was mainly due to the 407 

low SRT and DO applied in the HRAS stage. Moreover, less excess sludge was resulted in the 408 

HRAS-PNA system, even though more sludge directed to the anaerobic digester, indicating that 409 

the sludge from HRAS process was more biodegradable than that of CAS system.  410 

 411 

Figure 6. Plant-wide steady-state simulation results – comparison between HRAS-PNA system 412 

and CAS system in terms of (A) Fate of influent COD and (B) Fate of influent TN. (conditions: 413 

HRAS: SRT=0.4 d, DO=0.5 g O2.m
-3; PNA: Biomass concentration=8 kg VSS.m-3, DO=0.5 g 414 

O2.m
-3; CAS: closed-loop BSM2) 415 

 416 

As for nitrogen, the HRAS-PNA system had a higher TN removal (92%) than that of 417 

the CAS system (80%) at the tested conditions (Fig. 6B). No noticeable nitrogen removal was 418 

found in the HRAS reactors according to the mass balance (Fig. 7), indicating that there was no 419 

significant nitrification and consequently no nitrite/nitrate for heterotrophic denitrification at 420 

the tested HRAS stage conditions (i.e. SRT=0.4 d and DO=0.5 g O2.m
-3). Despite the low 421 

volumetric fraction (0.5%) of the reject water from the sludge line (sidestream), it accounted 422 

for a significant part (ca. 35%) of the nitrogen load to the PNA stage (Fig. 7).  423 
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The steady-state effluent concentrations of COD (63.6 g COD.m-3) and TN (4.6 g N.m-424 

3) and TSS (27.6) of the HRAS-PNA system were well below the limits for urban wastewater 425 

treatment (EU council directive 91/271/EEC, Fig. 9A), demonstrating the feasibility of this 426 

system, which was further assessed with dynamic simulations.  427 

 428 

Figure 7. Process flowsheet including flow and mass (COD, TN) balances for the HRAS-PNA 429 

system at steady-state. (Conditions: HRAS: SRT=0.4 d, DO=0.5 g O2.m
-3; PNA: Biomass 430 

concentration=8 kg VSS.m-3, DO=0.5 g O2.m
-3) 431 

3.3.2 Dynamic performance – overall effluent quality and operational costs   432 

The dynamic simulation results for the HRAS-PNA system and CAS system are 433 

summarized in Fig. 8 with respect to the effluent quality and operational cost index (OCI). 434 

 435 

 436 
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 437 

Figure 8. Comparison of dynamic simulation performance of the HRAS-PNA and CAS 438 

systems in terms of effluent quality and operational cost index (HRAS-PNA_SS and HRAS-439 

PNA_DYN represent the results of steady-state and dynamic simulations, respectively. The 440 

limits are set according to the EU council directive 91/271/EEC. The operational cost indexes 441 

were calculated after taking weighting factors into account.) 442 

 443 

The yearly average effluent concentrations of COD, TN and TSS of the HRAS-PNA 444 

system were all below the EU limits (Fig. 8A), agreeing with the results obtained from the 445 

steady-state simulations. The average effluent TSS concentration (30.5 g TSS.m-3) was slightly 446 

lower than the limit (35 g TSS.m-3) and was mostly likely a result of influent TSS (36.8 ± 11.2 447 

g TSS.m-3). It should be noted that no secondary settler was assumed after the granular sludge 448 

PNA reactor.  For a safety factor, one could add a secondary settler that is normally present in 449 

a CAS system or incorporate a settler within the PNA reactor [10]. The simulated effluent 450 

concentrations of the full-scale HRAS-PNA system are close to experimentally measured 451 

results of lab or pilot-scale mainstream anammox reactors. For example, average effluent TN 452 

concentration below 10 g N.m-3 was also achieved in two long-term lab-scale mainstream 453 

anammox reactors treating pre-treated sewage [14]. The average effluent TSS in a pilot-scale 454 

granular sludge PNA reactor treating real HRAS stage effluent was 30 g.m-3 [31]. However, the 455 

effluent quality under dynamic simulations was less pronounced than that under steady-state 456 
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simulation (Fig. 8A), implying the necessarily of performing dynamic simulation for feasibility 457 

analysis of a novel system layout. 458 

In terms of the operational cost, the HRAS-PNA system has a 107% lower OCI than the 459 

CAS system (-667 vs. 9447, Fig. 8B). The significant reduction was mainly due to 52% higher 460 

methane production (thus energy production), no carbon source dosage and 64% lower aeration 461 

energy consumption in the former system (Fig. 8B and detailed in Table A11). The higher 462 

methane production was a result of the higher COD captured in the HRAS stage (Fig. 6A), 463 

while the savings on carbon source dosage was due to the autotrophic nitrogen removal in the 464 

PNA stage. As for the lower aeration energy, it was a combined effect of the lower DO 465 

concentration in the HRAS stage (i.e. less mineralization, Fig. 6A) and lower oxygen 466 

consumption of the partial nitritation pathway in the PNA stage compared to the full 467 

nitrification pathway in the CAS system. With respect to energy, the energy consumption in the 468 

HRAS-PNA system for aeration, pumping, mixing and heating (AD) could be compensated by 469 

the energy production from methane, with a net production of 4918 kWh.d-1, in contrast to a 470 

net consumption of 3179 kWh.d-1 in the CAS system (Table A12). Even though the OCI does 471 

not consider all WWTP energy consumptions exhaustively (e.g. building energy requirements), 472 

this result illustrates the great potential of the HRAS-PNA to be energy-neutral or even energy-473 

positive. Besides, due to the short HRT in the HRAS reactors and the high biomass 474 

concentration of the granular sludge PNA reactor, the HRAS-PNA system has a much lower 475 

footprint than the CAS system (e.g. 5000 m3 vs. 12000 m3 for bioreactors in this study). 476 

Overall, the HRAS-PNA system could achieve effluent quality that complies with EU 477 

regulation with a significantly lower operational cost and aerial footprint, compared to the CAS 478 

system.  479 
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3.3.3 Dynamic performance- feasibility of PNA process under dynamic mainstream 480 

conditions   481 

To better investigate the feasibility of PNA process under dynamic mainstream 482 

conditions, the profiles of the influent temperature, COD/N ratio and effluent TN concentration 483 

during the dynamic evaluation period (364 days) were zoomed in and plotted in Fig. 9. It seems 484 

clear that low temperature had a negative impact on the N removal (shown as effluent TN) of 485 

the HRAS-PNA system (Fig. 9A). However, when it comes to the impact of the influent COD/N 486 

ratio, it is not straightforward to interpret from the dynamic profiles (Fig. 9A&B). Therefore, 487 

correlation analysis was performed to further gain insight into the relation between fluctuations 488 

of influent characteristics on the COD removal in the HRAS stage and N removal in the 489 

subsequent PNA stage (Table 3). 490 

 491 
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Figure 9. Profile during the dynamic evaluation period (364 days): (A) influent temperature, 492 

effluent TN concentration of the HRAS-PNA system (blue line) and the CAS system (black 493 

line); (B) Influent (i.e. effluent of the HRAS stage) COD/N ratios of the PNA stage. 494 

Table 3. Pearson correlation analysis between influent characteristics, COD removal, nitrogen 495 

removal and effluent concentrations of the HRAS-PNA system during the 364 days dynamic 496 

evaluation period 497 

 498 

Note: All correlations are significant at the 0.01 level (2-tailed). N=34944. Green and red for positive and negative 499 

correlation coefficients (R), respectively. OLR represents organic loading rate (kg COD.d-1); NLR represents 500 

nitrogen loading rate (kg N.d-1); bCOD is the sum of Ss and Xs; Con_AN denotes the contribution of anammox 501 

bacteria in N removal (%). 502 

 503 

The COD removal (%) in the HRAS stage during the dynamic simulations was found 504 

positively correlated with influent temperature (9.5-20.5℃, R=0.16), as observed before in 505 

steady-stage simulations of the individual HRAS stage (Fig. 3C). Consequently, the COD/N 506 

ratios of the HRAS stage effluent (i.e. PNA stage influent) was negatively correlated with 507 

influent temperature (R=-0.47). The N removal in the PNA stage was positively correlated with 508 

temperature (R=0.47) but negatively correlated the COD removal (R=-0.28) and effluent 509 

COD/N ratios (R=-0.35) of the preceding HRAS stage. Concerning the impact of the influent 510 

characteristics of the integrated HRAS-PNA system, the influent COD/N ratios was found 511 

rather unimportant for the COD removal in the HRAS stage (R=0.04) and therefore unimportant 512 

for the N removal in the PNA stage and the overall performance.  513 
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The results indicate that temperature could directly affect the PNA process per se and 514 

indirectly affect the PNA stage by influencing COD removal in the preceding HRAS stage.  515 

This implies that high effluent TN and thus poor reactor performance could be expected for 516 

PNA reactor at low temperature (e.g. winter), as reported in a pilot-scale reactor by Hoekstra et 517 

al.[16]. Furthermore, the results also suggest high influent COD/N ratios (1.3-4.3 g COD.g-1 N) 518 

could be problematic for the PNA stage, in line with observations in previous experimental 519 

studies [44,48]. Organic matter can stimulate the growth of heterotrophic bacteria that compete 520 

with AOB for oxygen and with anammox bacteria for nitrite and thus affect the N removal. On 521 

the other hand, low influent COD/N ratios (e.g. < 0.5 g bCOD.g-1 N) could also help improve 522 

the nitrogen removal in anammox reactors [35,44,49]. Moreover, stronger correlations were 523 

found between the bCOD/N ratios and all N-related parameters than that of COD/N ratio (Table 524 

3), illustrating that the bCOD/N ratio could be a better indicator for predicting N removal in 525 

PNA reactors and for clarity when comparing results from different studies on the impact of 526 

organic matter. 527 

 Anammox process was found the primary for nitrogen removal in the PNA stage 528 

throughout the whole evaluation period, accounting for 75-95% of the nitrogen removal (Fig. 529 

A5). This implies that despite a negative impact of the influent COD/N ratios (1.3-4.3 g COD.g-530 

1 N, corresponding to 0.5-2.4 g bCOD.g-1 N) on the nitrogen removal of the PNA process, the 531 

heterotrophic bacteria cannot outcompete anammox bacteria, indicating the resilience the PNA 532 

system under flocculating mainstream conditions. 533 

 The effluent quality of this combined HRAS-PNA system was shown to adequately 534 

comply with the current EU regulations for yearly average (Fig. 9A), despite the fluctuations 535 

of influent characteristic. However, the effluent TN concentration could violate the regulations 536 

on a daily basis during low temperature period (Fig. 9A).  Moreover, the N removal in the 537 

HRAS-PNA system appears more sensitive to the temperature compared to the CAS system 538 
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(Fig. 9B). This raises questions on the long-term reliability of the combined system for 539 

municipal wastewater treatment; therefore, active real-time control would be needed to achieve 540 

a more stable and reliable system performance.  541 

 Temperature and influent COD/N ratios of the PNA stage (i.e. effluent COD/N ratios 542 

of the preceding HRAS stage) were shown crucial for system performance. Temperature is not 543 

an easily/economically manipulated variable but rather a disturbance variable in large scale 544 

applications; therefore, the COD/N ratios of HRAS effluent (i.e. COD removal in the HRAS 545 

stage) should be the focus for potential control strategies. This can be tackled in two ways: 1) 546 

proactive management of COD removal in the HRAS stage; 2) reactive/counteractive control 547 

in the PNA stage while receiving influent with high COD/N ratios. In this regard, many control 548 

strategies have been proposed or tested for PNA process for both sidestream (high-strength) 549 

and mainstream (low-strength) applications [38,50]. However, control strategies for HRAS 550 

system are still largely lacking [51]. SRT and DO were shown to be important operating 551 

parameters, a real-time control strategy which can adjust the SRT (e.g. via MLSS control and 552 

waste sludge flow) and/or DO (e.g. aeration intensity) in accordance with the effluent COD/N 553 

ratio would be most desirable.  554 

3.4 Model implications and limitations  555 

The model simulation results of this study show that the integrated HRAS-PNA system 556 

was capable of municipal wastewater treatment and producing effluent that adequately 557 

complies with the current EU regulations, with a much lower operational cost compared to the 558 

CAS system. It was found the advantages of the HRAS-PNA system was less pronounced under 559 

dynamic conditions than under steady-state conditions (e.g. effluent quality, Fig. 9A). The COD 560 

removal (in the HRAS stage) and N removal (in the PNA stage) were both reduced during low 561 

temperature period (Fig. 3C and Fig. 9A). Moreover, dynamic simulation also highlighted that 562 

the N removal in the HRAS-PNA system was more sensitive to temperature compared to the 563 
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CAS system (Fig. 9A). Therefore, it is important to use dynamic influents while evaluating the 564 

feasibility and performance of certain processes via modelling, as they can reproduce the 565 

behaviour of real influent and their effects on the effluent and sludge characteristics [52].  566 

Concerning the HRAS stage model, the combined adsorption/bioflocculation and 567 

settling efficiency, fsettler, is a simple parameter to model the redirection of influent COD to the 568 

sludge line. However, it should be noted that in reality the removal of particulate COD through 569 

adsorption/bioflocculation is affected by the SRT and DO [6,17]. By lumping the efficiency of 570 

these two processes into the single parameter (fsettler), the general trend of the modelling results 571 

agrees with findings of experimental studies whereas the effect of SRT and DO on the 572 

adsorption/bioflocculation process cannot be fully reflected via this model. SRT and DO were 573 

shown to be important operating parameters, a real-time control strategy which can adjust the 574 

SRT and/or DO in accordance with the effluent COD/N ratio would be most desirable. 575 

However, more research is needed to understand the fundamental mechanisms of the 576 

bioflocculation processes and thus the influence of operating conditions. Moreover, influent 577 

COD fractionation would also affect the COD distribution in HRAS stage (Fig. A2 and [27]) 578 

and the model outcome. Dedicated influent characterisation is needed in this respect for the 579 

modelling of HRAS process [53].  580 

Regarding the PNA stage, the results revealed the interactive impact of biomass 581 

concentration and DO on the N removal. A unified granule size was assumed in this modelling 582 

study. While considering granule size distribution in the model may give slightly different 583 

quantitative results, it is normally sufficient to predict overall nitrogen removal in  PNA process 584 

without size distribution [41]. In this study, the 1-D granular sludge PNA model is implemented 585 

in AQUASIM while the HRAS stage (including the sludge line) models are implemented in 586 

Matlab & Simulink. To implement the PNA model also in Matlab would make it easier for 587 

future plant-wide evaluations.  588 



31 

 

It should be noted that optimization of the two systems (e.g. maximal COD or N 589 

removal) was not the purpose of this study. Therefore, the operational conditions used in the 590 

simulations for comparison were not the optimal but the commonly applied conditions in 591 

practice for each system. Even though the results should not be interpreted in a fully quantitative 592 

way, they nevertheless provide a valuable indication of the potential and shortcomings of the 593 

conceptual HRAS-PNA system, from an integrated system perspective. 594 

4. Conclusions 595 

 The performance of a promising combined HRAS-PNA system was evaluated through 596 

modelling and simulations, from both individual and plant-wide perspective. Model results 597 

show that the operation of a HRAS stage often implies a trade-off between maximizing the 598 

COD capture in the sludge for energy recovery and minimizing effluent COD for the subsequent 599 

implementation of PNA process, moderate DO (0.3-0.5 g O2.m
-3) and SRT (0.3-0.5 d) were 600 

suggested for this purpose. For granular sludge PNA reactors, a higher biomass concentration 601 

would allow a lower DO set point for maximum nitrogen removal. The anammox process 602 

remained dominant in nitrogen removal throughout the one-year dynamic evaluation period 603 

with varying influent COD/N (1.3-4.3) and temperature (10-20 ℃), indicating the resilience 604 

and long-term stability of the PNA system at mainstream conditions. However, both COD (in 605 

HRAS) and N removal (in PNA) were compromised at low temperature conditions. Overall, 606 

steady-state and dynamic simulations showed that the integrated HRAS-PNA system could 607 

achieve effluent quality that complies with EU regulations with a significantly lower 608 

operational cost, compared to the CAS system.  609 
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