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Abstract 

Domestic wastewater, or “used water,” contains resources such as organics, energy and 

nutrients (mainly nitrogen and phosphorous) which can be recovered and reused for 

economic, social and environmental purposes. In the last decade, many studies 

introduced a paradigm shift for wastewater, whereby this waste stream is no longer 

considered as a problem, but as valuable source of energy and nutrients. In the frame of 

this paradigm shift, application of a high-rate activated sludge (HRAS) wastewater 

treatment system, in combination with a second biological stage for nitrogen removal and 

carbon polishing, has been demonstrated to reduce total costs by increasing COD 

redirection to sludge and reducing aeration requirements, compared to more 

conventional systems. The A-sludge generated in the HRAS is highly biodegradable 

(COD conversion efficiencies to CH4 are of 50 – 70 %), and its digestion enables the 

possibility to move towards an energy self-sufficient wastewater treatment systems. 

Due to the low economic value of CH4 (100 € per tonne of biomass converted) and to the 

high biodegradability of A-sludge, this thesis proposes an alternative pipeline whereby 

the sludge organics are fermented to produce higher-value carboxylic acids (VFA).  

Limited studies are reported in literature about A-sludge fermentation, thus key 

parameters affecting fermentation of A-sludge, including pH, temperature, inoculum, 

sludge composition and iron content were investigated in Chapter 2. In addition, 

fermentation of A-sludge collected from four different existing HRAS treatment systems 

was performed to assess whether parameters such as the initial BOD of the sludge or 

the iron used for the coagulation can affect the VFA yields. The initial BOD5 of the sludge 

was correlated to the VFA yields, thus the increase of early-stage biodegradable 

organics is likely the key to increase VFA production. Iron concentration in the A-sludge 

varied greatly (0.08 – 0.82 g Fe L-1) between different full-scale HRAS systems and 

different time-points within the same plant. High concentration of iron resulted in higher 

conversion of the accumulated VFA to CH4, thus reduction of the iron dosage in the 

HRAS could be a strategy to increase VFA accumulation. 

One of the main drawbacks of the HRAS system is the poor settling capacity of the 

sludge formed. The A-sludge generated is highly-diluted (< 5 – 15 g COD L-1), requiring 

further thickening to increase sludge concentration, prior to downstream anaerobic 

digestion (AD) or fermentation. In Chapter 3, forward osmosis (FO) thickening of 

A-sludge was explored as a more compact alternative to the high-footprint 
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gravity-thickening, obtaining similar sludge concentrations. The FO-thickening 

technology could reduce the A-sludge volume by a factor of 10, but 52 % of the total 

COD was lost due to organics mineralization. Fermentation of untreated A-sludge or 

sludge thickened with gravity-thickening or FO was performed to assess the effect of 

these technologies on the VFA yields. Forward osmosis acted as a combination of 

mechanical and chemical pretreatments, combining the effect of recirculation and 

air-scouring with the chemical action of ions diffused from the draw solution to enhance 

sludge disaggregation and cell lysis. After A-sludge FO-concentration, the soluble 

fraction of the COD increased up to 3.5 times and the VFA conversion efficiency 

increased by a factor 4.4 (45 % COD based), compared to the untreated A-sludge. The 

VFA conversion efficiency was also higher compared with that of gravity-thickened A-

sludge (20 %).  

In Chapter 4, HRAS sludge was fermented in a continuous system, alongside strategies 

to increase the hydrolytic and acidogenic rates, increase VFA yields, and inhibit the 

methanogenic activity. These include application of a short HRT of 4 days at thermophilic 

conditions or extending the HRT to 18 – 20 days to increase the sludge contact time with 

the hydrolytic-acidogenic community. During the latter, alkaline conditions and/or 

micro-aeration were applied to inhibit methanogenesis. The application of longer HRTs 

(i.e. 18 – 20 days) in combination with alkaline pH (10) and/or micro-aeration led to 

negligible methane production, and increased the VFA yields by 1.8-fold, compared with 

HRT of 4 days. The fermentation of A-sludge at pH 8 resulted in VFA yields comparable 

to these obtained at pH 10 (26 %), and inhibited methanogens, while less NaOH was 

dosed to maintain the pH at 8. The combination of fermentation of A-sludge at pH 8 with 

in-line recirculation (similar to the physical treatment applied in Chapter 3 during FO 

concentration), significantly increased VFA conversion efficiencies by a factor of 1.4. 

Optimization of these strategies and their combination with a more aggressive in-line 

treatment could likely further enhance sludge flocs rupture and hydrolysis and thus 

increase conversion of the substrate to VFA.  

As for FO-thickening, part of the easily biodegradable COD that could potentially be 

recovered and upgraded is lost during gravity-thickening due to aerobic and/or anaerobic 

activity during the retention of the sludge in the thickener. In Chapter 5, a HRAS system 

was combined with a dissolved air flotation (DAF) unit in place of a settler to ameliorate 

solid/liquid separation, reduce the carbon in the effluent of the HRAS step and to 

generate A-sludge with a concentration at the level of settler + thickener, without further 

thickening required. Application of this technology could lower overall capital and 

operational costs, and reduce the wastewater treatment process footprint.  
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A general discussion is provided in Chapter 6, together with suggestions for future 

research. These include possibilities to enhance sludge flocs rupture and hydrolysis 

during fermentation, inhibit methanogenesis to accumulate VFA, and extract and 

upgrade the carboxylic acids generated. In the vision of a pipeline from waste to 

high-end products, the recovery of nutrients such as phosphorous and nitrogen from the 

effluent of AD or fermentation (after extraction) should also be envisioned. Optimization 

of each step of this pipeline could maximize recovery and profits and minimize losses of 

reusable resources. 
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Samenvatting 

Huishoudelijk afvalwater, of ‘gebruikt water’, bevat grondstoffen zoals organica, energie 

en nutriënten (vooral stikstof en fosfor) die herwonnen en hergebruikt kunnen worden 

voor economische, sociale en ecologische doeleinden. Het voorbije decennium 

introduceerden heel wat studies een paradigmaverschuiving, waarbij dit afvalwater niet 

langer beschouwd wordt als een probleem, maar als een waardevolle bron van energie 

en nutriënten. Binnen deze verschuiving werd aangetoond dat de toepassing van 

hoogbelast actief slib (HBAS) afvalwatersystemen, in combinatie met een tweede 

biologische stap voor de verwijdering van stikstof en koolstof, resulteert in een lagere 

totale kost door een verhoogde incorporatie van COD in het slib en een verlaagde nood 

aan beluchting, in vergelijking met meer conventionele systemen. Het A-slib 

gegenereerd in HBAS-systemen is zeer biodegradeerbaar (omzettingsefficiënties van 

COD tot CH4 bedragen 50 – 70 %) en de digestie ervan maakt het mogelijk richting 

energetisch zelfvoorzienende afvalwaterbehandelingssystemen te bewegen. 

Omwille van de lage economische waarde van CH4 (100 € per ton omgezette biomassa) 

en de hoge biodegradeerbaarheid van het A-slib, stelt deze thesis een alternatieve 

pijplijn voor waarbij de organica in het slib gefermenteerd worden om carbonzuren 

(vluchtige vetzuren, VVZ) met een hoge waarde te produceren. 

Slechts enkele studies rapporteren over fermentatie van A-slib. Daarom werden 

belangrijke parameters die fermentatie van A-slib beïnvloeden, zoals pH, temperatuur, 

inoculum, slib samenstelling en ijzerconcentratie onderzocht in Hoofdstuk 2. Verder 

werd A-slib van vier verschillende, bestaande HBAS-systemen gefermenteerd om te 

bepalen of parameters zoals de initiële BOD van het slib of het ijzer gebruikt voor 

coagulatie de VVZ-opbrengst kunnen beïnvloeden. The initiële BOD5 van het slib bleek 

gecorreleerd te zijn aan de VVZ-opbrengst, wat aantoont dat de verhoging van makkelijk 

afbreekbare organica waarschijnlijk de sleutel is tot het verhogen van de VVZ-productie. 

De ijzerconcentratie in het A-slib vertoonde een grote variatie (0.08 – 0.82 g Fe L-1) 

tussen verschillende full scale HBAS-systemen en verschillende momenten binnen 

hetzelfde systeem. Hoge ijzerconcentraties resulteren in een hogere omzetting van de 

geaccumuleerde VVZ tot CH4, dus een verlaging van de ijzerdosering in HBAS zou een 

strategie kunnen zijn om VVZ-accumulatie te verhogen. 

Een van de belangrijkste nadelen van het HBAS-systeem is de slechte bezinkbaarheid 

van het gevormde slib. Het geproduceerde A-slib is zeer verdund (< 5 – 15 g COD L-1), 

waardoor verdere indikking nodig is, om de slibconcentratie te verhogen voor verdere 
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anaerobe digestie (AD) of fermentatie. In Hoofdstuk 3 werd de indikking van A-slib met 

directe osmosis (DO) onderzocht als een compacter alternatie voor gravitaire indikking 

met zijn grote voetafdruk en werd een gelijkaardige slibconcentratie bekomen. Deze 

DO-indikking kon het A-slib volume verkleinen met een factor 10, maar 52% van het 

totale COD ging verloren door mineralisatie van de organica. Fermentatie van 

onbehandeld A-slib werd vergeleken met fermentatie na gravitaire indikking en 

DO-indikking om het effect van deze technologieën op de VVZ-opbrengst te 

onderzoeken. DO resulteerde in een combinatie van mechanische en chemische 

voorbehandeling, door het effect van recirculatie en air-scouring te combineren met de 

chemische actie van ionen die diffunderen van de geconcentreerde oplossing en zo het 

uiteenvallen van het slib en het opbreken van cellen bevorderen. Na DO-indikking van 

het A-slib steeg de oplosbare fractie van het COD tot 3.5 keer en de 

VVZ-omzettingsefficiëntie steeg met een factor 4.4 (45% gebaseerd op COD), in 

vergelijking met onbehandeld A-slib. De VVZ-omzettingsefficiëntie was ook hoger in 

vergelijking met die na gravitaire indikking van het A-slib (20%). 

In Hoofdstuk 4 werd HBAS-slib gefermenteerd in een continu systeem, met strategieën 

om de hydrolytische en acidogene snelheden te verhogen, de VVZ-opbrengst te 

verhogen en de methanogene activiteit te onderdrukken. Deze strategieën bestonden uit 

het toepassen van een korte hydraulische verblijftijd (HRT) van 4 dagen bij thermofiele 

omstandigheden of een langere verblijftijd van 18 – 20 dagen om de contacttijd van het 

slib met de hydrolytisch-acidogene gemeenschap te verhogen. Tijdens dit laatste werden 

alkalische omstandigheden en/of micro-aeratie toegepast om methanogenese te 

onderdrukken. De toepassing van langere HRTs (18 – 20 dagen) in combinatie met 

alkalische ph (10) en/of micro-aeratie leidde tot een verwaarloosbare methaanproductie 

en een verhoging van de VVZ-opbrengst van 1.8x, in vergelijking met een HRT van 4 

dagen. De fermentatie van A-slib bij pH 8 resulteerde in VVZ-opbrengsten vergelijkbaar 

met deze verkregen bij pH 10 (26%) en onderdrukte methanogenese, terwijl minder 

NaOH gedoseerd werd op pH 8 te behouden. De combinatie van fermentatie van A-slib 

bij pH 8 met in-line recirculatie (vergelijkbaar met de mechanische behandeling 

toegepast in Hoofdstuk 3 bij DO-indikking), verhoogde de VVZ-omzettingsefficiënties 

significant met een factor 1.4. Optimalisatie van deze strategieën en hun combinatie met 

meer agressieve in-line behandeling kan waarschijnlijk het opbreken van vlokken en 

hydrolyse verder verbeteren en dus de omzetting van substraat naar VVZ bevorderen. 

Zoals bij DO-indikking gaat tijdens gravitatie-indikking een deel van het makkelijk 

biodegradeerbare COD, dat potentieel gerecupereerd en opgewaardeerd zou kunnen 

worden, verloren door aerobe en/of anaerobe activiteit tijdens het verblijf van het slib in 
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de indikker. In Hoofdstuk 5 werd een HBAS-systeem gecombineerd met een 

opgeloste-lucht flotatie (dissolved air flotation, DAF) in plaats van een bezinker, om de 

vast/vloeistof scheiding te verbeteren, het koolstof in het effluent van de HBAS te 

verminderen en A-slib te produceren met een concentratie gelijk aan die na bezinker + 

indikker, zonder verdere indikking. Toepassing van deze technologie kan de 

investerings- en operationele kosten en de voetafdruk van de afvalwaterbehandeling 

verlagen. 

Een algemene discussie is voorzien in Hoofdstuk 6, samen met suggesties voor verder 

onderzoek. Onder andere de mogelijkheden om breuk en hydrolyse van cellen 

gedurende fermentatie te verhogen, methanogenese te onderdrukken om VVZ te 

accumuleren en extraheren en de gegenereerde carbonzuren op te waarderen. Binnen 

de visie van een pijplijn van afval tot high-end producten moet de herwinning van 

nutriënten zoals fosfor en stikstof van het effluent van AD of fermentatie (na extractie) 

ook bekeken worden. Optimalisatie van elke stap van deze pijplijn kan de herwinning en 

opbrengst maximaliseren en het verlies van waardevolle grondstoffen minimaliseren. 
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Sommario 

Le acque reflue domestiche, o piuttosto “acque usate”, contengono importanti risorse 

come carbonio, energia e nutrienti (principalmente azoto e fosforo) che possono essere 

recuperati e riutilizzati per fini economici, sociali e ambientali. Negli ultimi dieci anni, molti 

studi hanno introdotto un cambiamento nella valutazione delle acque reflue secondo cui 

tale refluo non è più considerato un come problema da risolvere bensì come una 

preziosa fonte di energia e sostanze nutritive. Nell'ambito di questo nuovo approccio 

nella gestione delle acque reflue, è stato dimostrato che l'applicazione di un sistema di 

trattamento delle acque reflue ad alto tasso di fanghi attivi (HRAS) in combinazione con 

una seconda fase biologica per la rimozione dell'azoto e del carbonio restante, può 

ridurre i costi totali del trattamento, aumentando allo stesso tempo la conversione del 

COD presente nelle acque di scarto in fango e riducendo i costi di aerazione rispetto ai 

sistemi convenzionali. Il fango-A prodotto nel HRAS è altamente biodegradabile 

(l’efficienza di conversione da COD a CH4 è del 50 - 70%) e la sua digestione 

anaerobica (AD) consente di ottenere sistemi di trattamento delle acque reflue 

autosufficienti dal punto di vista energetico. 

Considerato il ridotto valore economico del CH4 (100 € per tonnellata di biomassa 

convertita) e l'elevata biodegradabilità del fango-A, questa tesi propone un approccio 

alternativo che consiste nel fermentare il fango-A per produrre acidi grassi volatili (VFA) 

ad elevato valore aggiunto. 

Pochi sono gli studi riportati in letteratura sulla fermentazione del fango-A, per tale 

motivo nel Capitolo 2 sono stati investigati parametri che ne influenzano la 

fermentazione come il pH, la temperatura, la presenza di un inoculo, la composizione del 

fango e la concentrazione di ferro. Inoltre, per valutare se parametri come il BOD iniziale 

del fango o il dosaggio del ferro utilizzato per la sua coagulazione possono influenzare le 

rese di produzione dei VFA,  è stata testata la fermentazione di fango-A raccolto da 

quattro diversi impianti industriali di tipo HRAS. È stata trovata una correlazione fra il 

BOD del fango e la resa dei VFA prodotti, quindi l’aumento della concentrazione della 

materia organica biodegradabile è probabilmente il punto chiave per incrementare la 

produzione di VFA durante la fermentazione. La concentrazione del ferro nel fango-A 

non solo variava tra i diversi sistemi industriali di tipo HRAS ma era diversa anche 

nell’ambito dello stesso impianto per campioni analizzati in diversi intervalli di tempo 

(0.08 – 0. 82 g Fe L-1). Elevate concentrazioni di ferro hanno portato ad una maggiore 

conversione dei VFA accumulati in CH4, quindi la riduzione del dosaggio di ferro negli 
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impianti HRAS potrebbe essere una strategia valida per aumentare l'accumulo di VFA 

durante la fermentazione. 

Uno degli svantaggi principali del sistema HRAS è la scarsa capacità di sedimentazione 

del fango prodotto che porta alla formazione di fango altamente diluito (< 5 –

 15 g COD L-1). Una seconda sedimentazione è quindi necessaria per aumentare la 

concentrazione del fango prima dell’AD o della fermentazione. Nel Capitolo 3 è stata 

investigata la concentrazione del fango-A usando l’osmosi diretta (FO) in modo da 

ridurre lo spazio necessario negli impianti di trattamento delle acque di scarto e produrre 

fango con concentrazioni simili a quelle ottenute con la sedimentazione secondaria. Il 

processo di  concentrazione del fango per osmosi diretta è stato sufficiente a ridurre il 

volume del fango di 10 volte ma il 52% del COD totale è stato perso a causa della 

mineralizzazione della materia organica. Successivamente il è stata eseguita la 

fermentazione del fango-A non trattato o del fango-A concentrato per sedimentazione 

secondaria o per osmosi diretta in modo da valutare l'effetto di queste tecnologie sulle 

rese di produzione dei VFA. L'osmosi diretta ha agito come una combinazione di 

pretrattamenti meccanici e chimici, combinando l'effetto della ricircolazione e dell’azione 

meccanica delle bolle d’aria con l'azione chimica degli ioni diffusi dalla soluzione salina, 

promovendo la disaggregazione dei fanghi e la lisi cellulare. Dopo la concentrazione del 

fango per osmosi diretta, la frazione solubile del COD è aumentata di 3.5 volte e 

l'efficienza di conversione in VFA è aumentata di 4.4 volte (il 45 % del COD del fango) 

rispetto al fango non trattato. L'efficienza di conversione in VFA era anche maggiore 

rispetto a quella del fango concentrato con la sedimentazione secondaria (20%). 

Nel Capitolo 4 sono state applicate svariate strategie per aumentare l’idrolisi e 

l’acidogenesi e quindi la produzione di VFA e allo stesso tempo per inibire l’attività 

metanogenica durante la fermentazione del fango-A. Queste strategie includono 

l'applicazione di un tempo di ritenzione di 4 giorni a temperatura termofilica e 

l’estensione del tempo di ritenzione a 18 - 20 giorni per aumentare il tempo di contatto 

del fango con i batteri idrolitico-acidogenici. Durante quest'ultima strategia, sono stati 

utilizzati un pH alcalino e/o la micro-aerazione per inibire la metanogenesi. 

L'applicazione di tempi di ritenzione più lunghi (18 - 20 giorni) in combinazione con il pH 

alcalino (pH 10) e/o con la micro-aereazione, ha portato a una produzione trascurabile di 

metano e ha aumentato le rese dei VFA di 1.8 volte rispetto all’applicazione di un tempo 

di ritenzione di 4 giorni. La fermentazione del fango-A a pH 8 ha portato ad una 

produzione di VFA paragonabile a quella ottenuta a pH 10 (26 %) riuscendo comunque 

ad inibire i batteri metanogeni ma riducendo il dosaggio di NaOH. L’applicazione della 

ricircolazione della fase liquida durante la fermentazione del fango-A a pH 8 (simile al 

trattamento fisico applicato nel Capitolo 3 durante la concentrazione con l’osmosi 
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diretta) ha aumentato significativamente l'efficienza di conversione del COD in VFA di 

1.4 volte. L'ottimizzazione di queste strategie e la loro combinazione con un trattamento 

più aggressivo potrebbe probabilmente migliorare ulteriormente la deflocculazione del 

fango e la sua successiva idrolisi, aumentando ulteriormente la conversione del 

substrato in VFA. 

Come per la concentrazione per osmosi diretta, anche durante la sedimentazione 

secondaria una parte del COD biodegradabile, che potrebbe essere potenzialmente 

recuperato e convertito in VFA, viene perso a causa di attività aerobiche e/o anaerobiche 

durante la ritenzione del fango nel sedimentatore. Nel Capitolo 5 un sistema HRAS è 

stato combinato con un'unità di flusso d'aria dissolta (DAF) al posto del sedimentatore, 

per migliorare la separazione solido/liquido, ridurre la concentrazione di carbonio 

nell'effluente dell’HRAS e generare fango-A con una concentrazione simile a quella della 

sedimentazione secondaria, evitando l'applicazione di una tecnologia secondaria per la 

sua concentrazione. La tecnologia HRAS-DAF potrebbe quindi ridurre sia i costi totali del 

trattamento che le dimensioni del processo di trattamento delle acque reflue. 

Una discussione generale è fornita nel Capitolo 6, insieme a suggerimenti per ricerche 

future volte a migliorare la deflocculazione e l'idrolisi dei fiocchi di fango durante la 

fermentazione, inibire la metanogenesi per accumulare VFA e aumentare l’estrazione 

degli acidi grassi volatili generati e la loro conversione in prodotti di interesse industriale. 

Nella concezione di un sistema integrato in cui i componenti delle acque di scarto 

vengono recuperati e convertiti in prodotti ad alto valore aggiunto, è di fondamentale 

importanza recuperare sostanze nutritive come fosforo e azoto dall'effluente dell’AD o 

della fermentazione (dopo l'estrazione). L'ottimizzazione di ogni passaggio di tale 

processo potrebbe portare a massimizzare il recupero di queste sostanze nonché i 

profitti economici associati al trattamento delle acque di scarto, minimizzando allo stesso 

tempo le perdite delle risorse organiche riutilizzabili presenti nelle acque di scarto. 
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Notation Index 

 

AB    “Adsorption-Belebungsverfahren” / Adsorption-Biooxidation 

AD    Anaerobic digestion 

AEM    Anionic exchange membrane 

AnAOB   Anoxic ammonia oxidizing bacteria 

Anammox   Anoxic ammonium oxidation 

AOB    Aerobic ammonia oxidizing bacteria 

ATP    Adenosine triphosphate 

bCOD    Biodegradable chemical oxygen demand 

b    Endogenous decay rate 

bCOD    Biodegradable COD 

BES    2-bromoethanesulfonate 

BFP    Biofermentation Potential 

BNR    Biological nitrogen removal 

BOD    Biochemical oxygen demand 

BMP    Biomethane potential 

C    Carbon 

CAPEX   Capital expenses 

CAS    Conventional activated sludge 

CEPT    Chemically enhanced primary treatment 

CES    2-chloroethanesulfonate 

COD    Chemical oxygen demand 

CoM    Coenzyme M 

CSTR    Continuous stirred tank reactor 

DAF    Dissolved air flotation 
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DO    Dissolved oxygen 

DS    Draw solution 

EPS    Extracellular polymeric substances 

Fe    Iron 

F/M ratio   Food/Microorganisms ratio 

FO    Forward osmosis 

FS    Feed solution 

GC    Gravity concentrated 

HDN    Heterotrophic denitrifying bacteria 

HiCS    High-rate contact stabilization 

HPTH    High-pressure thermal hydrolysis 

HRAS    High-rate activated sludge 

HRAS-DAF High-rate activated sludge with DAF used for solid/liquid 

separation in place of a settler 

HR-MBR High-rate activated sludge with MBR used for solid/liquid 

separation in place of a settler 

HRT    Hydraulic residence time 

MBR    Membrane bioreactor 

MCFA    Medium-chain fatty acids 

ML    Mixed liquor 

MLVSS   Mixed liquor suspended solids 

MW    Molecular weight 

N    Nitrogen 

N/DN    Nitrification/denitrification 

NOB    Nitrite oxidizing bacteria 

OLR    Organic loading rate 

OPEX    Operational expenses 

P    Phosphorous 
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PAM    Polyacrylamide 

PE    Population equivalent 

Pe    Polyelectrolyte 

PFF    Plug-flow flocculator 

PHA    Polyhydroxyalkanoates  

PN/A    Partial nitritation/anammox 

Pr    Parameter 

RO    Reverse Osmosis 

rpm    Revolutions per minute 

RSD    Reverse salt diffusion 

sCOD    Soluble chemical oxygen demand 

SRT     Solid retention time 

STP    Standard temperature and pressure 

SVI    Sludge volume Index 

T    Temperature 

t    Time 

TAN    Total ammonia nitrogen 

tCOD    Total chemical oxygen demand 

TKN    Total Kjieldahl Nitrogen 

TS    Total solids 

TSS    Total suspended solids 

VFA    Volatile fatty acids 

VS    Volatile solids 

VSS    Volatile suspended solids 

WAS    Waste activated sludge 

WWTP    Wastewater treatment plant 
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1 Development of society and water scarcity: “used water” is the 

solution 

Access to clean water and the adequate/safe treatment of wastewater are fundamental 

challenges of modern society. The global population is projected to increase to 9.7 billion 

in 2050, 66 % of which will be living in urban centers (United Nations, 2014). Combined 

with rising standards of living, climate change, industrialization, agriculture and 

urbanization, this increase in population will result in elevated water stress. According to 

United Nations predictions, water scarcity is expected to increase immensely, with up to 

7 billion people suffering from (temporary) water shortages by 2050 (Verstraete et al., 

2009). In addition, the high concentration of people in urban agglomerations leads to the 

production of large quantities of waste (water) that requires monitoring and management. 

The global domestic wastewater production is currently estimated at 330 km3 annually 

(Mateo-Sagasta et al., 2015).  

Domestic wastewater, or “used water,” contains resources such as water, organics, 

energy and nutrients (mainly nitrogen and phosphorous) which can be recovered and 

reused for economic, social and environmental purposes. Municipal wastewater should 

therefore be seen as a resource rather than problem (Zamalloa et al., 2013). Water 

recovered from domestic wastewater could provide up to 80 % of the fresh water needs 

of in urbanized cities and could theoretically irrigate more than 40 million hectares per 

year. The amount of carbon in the wastewater produced on a global scale in a year could 

potentially provide electricity (via biogas) for about 130 million households (Verstraete et 

al., 2009; Wichelns et al., 2015). This, however, would happen only in case of 100 % 

system efficiency and is still far from reality, as it requires innovative, exploratory 

engineering research (Wichelns et al., 2015).  

 

2 Wastewater treatment plants for water, organic and nutrients 

recovery and reuse 

Significant research efforts are focused on maximizing the recovery of water, organics 

and nutrients from wastewater (Verstraete et al., 2009). The conventional activated 

sludge (CAS) process (section 5) is the wastewater treatment process commonly used at 

wastewater treatment plant (WWTP) level for both industrial and domestic wastewater 

treatment. It is effective in removing wastewater organics and nutrients but not efficient in 

terms of energy consumption, estimated at 33 kWh IE-1 year-1 due to aeration (60 –
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 70 %) and pumping (Silvestre et al., 2015; Verstraete & Vlaeminck, 2011; Wett et al., 

2007). The effluent produced from the activated sludge process requires downstream 

treatment in order to reach the discharge and reuse standards (section 5.1), accounting 

for extra expenses for WWTPs (Wichelns et al., 2015). 

One possibility to recover energy from wastewater is anaerobic digestion (AD) 

(section 3). However, AD results in only 20 % of the organics recovered as energy, due 

to the low biodegradability of the waste activated sludge (WAS) generated during the 

activated sludge process (Rulkens, 2007; Verstraete & Vlaeminck, 2011). Application of 

more energy efficient wastewater treatment technologies such as the Adsorption-

Biooxidation (AB) system and other high-rate technologies (section 6) could provide a 

suitable alternative enabling efficient recovery of nutrients and organics. AD of sludge 

produced from high-rate technologies could have a role for WWTPs to become energy 

neutral or even energy positive, due to the high biodegradability of the sludge produced 

and to the lower expenses needed for sludge treatment and disposal (Boehnke et al., 

1998; Constantine et al., 2012; Verstraete & Vlaeminck, 2011). 

 

3 Wastewater as a source of biogas 

One of the streams produced during wastewater treatments is excess sludge (section 5 

and 6). The excess sludge is typically gravity-thickened to a value of 40 – 50 g COD L-1 

and then anaerobically digested to biogas (Tchobanoglous et al., 2003). Biogas consists 

of methane (CH4, 55 – 75 % volume) and carbon dioxide (CO2, 25 – 45 % volume) with 

traces of H2 and H2S (De Mes et al., 2003). AD is predominantly used as a strategy to 

treat and stabilize organic-rich sludge, to reduce the organic loading and to reduce 

pollutants and pathogens content. AD treatment of sewage sludge is more attractive for 

WWTPs to reduce sludge disposal costs rather than bio-energy production, as the value 

of CH4, heat and power, remains rather low (accounting for 1 kWh kg-1) (Botheju & 

Bakke, 2011).  

AD takes place in environments with restricted or absent oxygen. It is typically operated 

between pH 6.8 and 7.5, at mesophilic temperatures (30 – 35 °C) (Appels et al., 2008). 

Thermophilic temperatures are used either alone or in a two-step process, prior to 

mesophilic digestion to increase hydrolysis rate and decrease the solid retention time 

(SRT) (Tchobanoglous et al., 2003; Watts et al., 2006). 
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3.1 The four phases in anaerobic digestion 

The AD microbial breakdown process can be divided in four sequential phases: (i) 

hydrolysis, (ii) acidogenesis / fermentation, (iii) acetogenesis and (iv) methanogenesis 

(Figure 1.1). In this pathway, different microbial communities cooperate in a specialized 

consortium, driven by the low energy yield of the organic matter anaerobic degradation, 

and by the physical proximity essential for their metabolic syntrophism (Angenent et al., 

2004; Insam et al., 2010).  

 

 

Figure 1.1. Anaerobic digestion pathway. Adapted from Angenent et al. (2004). 

 

 

During hydrolysis, complex organic biopolymers such as carbohydrates, proteins and 

lipids are depolymerized into soluble monomeric compounds such as sugars, amino 

acids, fatty acids and glycerol (Figure 1.2). This phase is carried out by microorganisms 

that colonize the substrate surface and secrete exo-enzymes, such as amylases, 

proteases and lipases, that catalyze the lysis of chemical bonds that bind monomers into 

biopolymers, using water as a reactant (Figure 1.2) (Batstone et al., 2000; Gerardi, 2003; 
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Song et al., 2005; Vavilin et al., 1996). These microorganisms are anaerobic-facultative 

hydrolytic-acidogenic bacteria that can thrive with or without oxygen (Botheju & Bakke, 

2011; Gallert & Winter, 1999). As each exo-enzyme converts only a specific group of 

substrates, diverse and numerous hydrolytic-acidogenic bacteria are necessary in an 

anaerobic digester (Gerardi, 2003). 

 

 

Figure 1.2. Diagram of hydrolysis of cellulose, triglyceride and protein (Fernandes, 2010).  

 

 

Acidogenesis or fermentation is the second phase of AD, and involves the conversion of 

the monomeric compounds formed during hydrolysis into volatile fatty acids (VFA), 

alcohols, CO2 and H2, to gain energy (Insam et al., 2010). The same hydrolytic-

acidogenic bacteria involved in hydrolyzing the substrate are also responsible for the 
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fermentation. The difference is that hydrolysis is performed outside the cell by excreting 

exo-enzymes, while fermentation occurs in the bacteria cell, and endo-enzymes are 

involved in catalyzing the oxidation-reduction reactions of the monomeric compounds 

that act as both electron donor and electron acceptor (Gallert & Winter, 1999; Gerardi, 

2003). Fermentation of these monomers usually occurs through the generation of 

energy-rich intermediate compounds bearing a phosphate bond or a coenzyme-A 

molecule, which are oxidized to synthetize ATP to gain energy (Figure 1.3). The 

fermentation products are then excreted from the cell and undergo subsequent AD 

phases (Gerardi, 2003; Insam et al., 2010). 

 

 

Figure 1.3. Essentials of fermentation: monomeric compounds are taken up by acidogenic cells 
and oxidized to produce energy whereas the fermentation products are excreted from the cell 
(Madigan et al., 2010). 

 

 

Different bacteria are responsible for the fermentation (and the hydrolysis) of sugars, 

amino acids, glycerol and fatty acids through different pathways. During AD, sugars are 

commonly fermented by species of Clostridium, Streptococcus and Lactobacillus into 

lactate, ethanol, and CO2 and H2. Lactate can be further fermented to propionate, 

acetate, CO2 and water by Propiniobacterium and Clostridium Propinicum (Insam et al., 
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2010; Temudo et al., 2007). Fermentation of amino acids in anaerobic digesters is 

performed principally by Clostridium species, but also by Anaerobaculum, Caloramator 

and Sporanaerobacter. These bacteria catabolize amino acids through deamination - 

either via Stickland reaction involving a couple of amino acids, one acting as electron 

donor and one as electron acceptor; or in the presence of H2-scavenging molecules. 

Products of amino acids fermentation are acetate, propionate, ammonia (NH4
+), H2 and 

CO2 (Insam et al., 2010). Enterobacteriaceae bacteria convert glycerol into ethanol, 

acetate, propionate, butyrate, succinate, formate, H2 and CO2. Fatty acids are degraded 

via β-oxidation into formate, acetate, glycine, NH4
+ and CO2 by species of Selenomonas 

and Fusobacterium (Insam et al., 2010).  

The products of the acidogenic phase are then oxidized to acetate, formate, H2 and CO2 

in the third phase, acetogenesis. This phase is performed by the strictly-anaerobic 

acetogenic bacteria that degrade the products of fermentation through a syntrophic 

relationship with H2-consuming methanogens, as H2 accumulation can inhibit their 

metabolism (Appels et al., 2008; Gerardi, 2003).  

Finally, in the fourth phase, methanogenesis, the production of CH4 occurs by two 

different groups of strictly-anaerobic methanogenic archaea: the first group cleaves 

acetic acid (or other C1 compounds) into CH4 and CO2 (acetoclastic methanogens) and 

the second group uses H2 as electron donor to reduce CO2 and produce CH4 

(hydrogenotrophic methanogens) (Insam et al., 2010; Tchobanoglous et al., 2003). 

About 70 % of the CH4 is generated through the acetoclastic pathway (Botheju & Bakke, 

2011). The most common methanogens found in anaerobic reactors are the 

hydrogenotrophic orders Methanobacteriales and Methanomicrobiales, the acetoclastic 

order Methanosaetaceae and the Methanosarcinaceae order. The latter can use both 

acetoclastic and hydrogenotrophic pathways depending on substrate availability (Appels 

et al., 2008; Gerardi, 2003; Insam et al., 2010). 

 

3.2  Increased hydrolysis of the substrate in anaerobic digestion 

Hydrolysis is considered the limiting step in the AD of waste-derived substrates due to 

the slow reaction-rates and to the complex structure and composition of these 

substrates. The cell wall and extracellular polymeric substances (EPS) impose physical 

and chemical barriers to the hydrolysis of intracellular organics (Appels et al., 2008; 

Batstone et al., 2000; Lee et al., 2014).  
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Pre-treatment 

Pre-treatment can enhance substrate solubilization and hydrolysis prior to AD (Lee et al., 

2014), and different types of pre-treatment are generally classified as chemical, physical 

or biological. Chemical pre-treatment typically involves the use of acid or alkaline pH, 

ozone or hydrogen peroxide (Carrère et al., 2010; Devlin et al., 2011). Alkaline and acid 

pH are typically applied for sludge pre-treatment, as extreme pH values increase the 

solubilization of EPS in sludge flocs and help break the cell walls, releasing organic 

matter (Lee et al., 2014). Thermal pre-treatment is an example of physical pre-treatment, 

which consists of heating the substrate to 60 – 180 °C. The treatment can last for several 

days at 60 – 70 °C, and 30 – 60 minutes between 160 – 180 °C.  

Often a combination of alkaline and thermal pre-treatments is used to enhance sludge 

solubilization (Lee et al., 2014). Biological pre-treatments use a mixture of hydrolytic 

enzymes (peptidases, amylases, lipases) or bacteria secreting hydrolytic enzymes, to 

increase hydrolysis of the substrate compounds prior to AD (Lee et al., 2014). 

The use of pre-treatment before AD increases capital costs, due to the special 

equipment required to handle the rather extreme conditions, e.g. corrosion-resistant 

equipment. Additional capital and operational costs in terms of energy, chemicals or 

hydrolytic enzymes are required for these treatments. The economic viability of using a 

specific pre-treatment or a combination of pre-treatments depends on the type of 

substrate and on the amount of substrate to be treated and must be assessed taking in 

consideration the low market value of CH4 (0.1 € per kg of biomass treated) (Lee et al., 

2014; Lim & Wang, 2013). 

 

Sludge retention time (SRT) 

Increased hydrolysis rates have been demonstrated for low organic loading rate (OLR) 

(high inoculum to substrate ratio) and long SRT (Gerardi, 2003; Vavilin et al., 1996). At 

long SRT, the contact time between the hydrolytic-acidogenic biomass and the complex 

organic compounds in the sludge increases and could potentially increase hydrolysis and 

therefore conversion of the organics to CH4. Longer SRTs were shown to increase 

hydrolysis and conversion efficiency to CH4, particularly in protein-rich and lipid-rich 

organic matter, such as municipal sludge (Miron et al., 2000). SRTs typically applied at 

full scale installations vary between 20 days and 150 days with conversion efficiencies 

(expressed as g COD g-1 COD-CH4 x 100) in the order of 20 – 30 % for WAS (section 5) 

and 50 – 70 % for sludge produced from high-rate treatment systems (section 6) (De 

Graaff & Roest, 2012; De Vrieze et al., 2013; Gerardi, 2003; Rulkens, 2007). 
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3.3 Drawbacks of anaerobic digestion 

Drawbacks of AD include slow reaction rates and high sensitivity of the methanogens to 

conditions sub-optimal to their activity (in terms of pH, temperature, ammonia and salts 

concentration and conductivity, amongst others) (Appels et al., 2008; Chen et al., 2008; 

De Vrieze et al., 2016). As mentioned, the rather low economic value of CH4 (100 € per 

tonne of biomass converted) from a bio-refinery/bio-energy point of view, limits the 

profitability of AD, particularly when other low-cost, sustainable energy sources are 

available (Andersen et al., 2014; Angenent et al., 2004).  

 

4 Wastewater organics upgrade to carboxylic acids as an alternative to 

biogas  

4.1  Anaerobic fermentation 

An alternative to biogas is the conversion of sludge organics into linear, short-chain 

carboxylic acids (volatile fatty acids, VFA, C2 - C6) through anaerobic fermentation. VFA 

have a wide range of applications: either directly as bulk chemicals or, when upgraded to 

biopolymers, medium or long chain fatty acids, alcohols, esters and energy-dense 

biofuels, among others (Agler et al., 2011; Albuquerque et al., 2011; Andersen et al., 

2014; Ge et al., 2010; Lee et al., 2014; Zacharof & Lovitt, 2013). VFA have a broad 

industrial applicability and existing market base with high price (Table 1.1), and if 

produced from waste streams, this could be an attractive alternative for the carbon 

resource in WWTPs. For instance, assuming a wastewater global production of 330 km3 

per year at a concentration of 600 mg COD L-1,  55,514,019 tonnes of acetate could be 

produced per year from this side stream (assuming that 60 % of the wastewater COD is 

recovered as sludge, of which 50 % is converted to acetate during anaerobic 

fermentation and that 30 % of the product is recovered after extraction and purification). 

Thus, acetate production from domestic wastewater could theoretically cover the whole 

market size for acetic acid (Table 1.1). 
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Table 1.1. Carboxylic acids market size and indicative prices. Adapted from (Zacharof & Lovitt, 

2013). 

Carboxylic acids Chemical formula 
Market size 

(tonnes year-1) 

Price 

(€ tonne-1) 

Acetic CH3COOH 3,500,000 400 – 800 

Propionic CH3CH2COOH 180,000 1500 – 1650 

Butyric CH3(CH2)2COOH 30,000 2000 – 2500 

Caproic CH3(CH2)4COOH 25,000 2250 – 2500 

 

 

4.2  Key operational parameters in anaerobic fermentation 

VFA are intermediate products of the AD pathway, produced during acidogenic 

fermentation, and accumulate following inhibition of the methanogenic phase. This 

inhibition can be achieved by applying non-optimal conditions to methanogens, including 

(i) alkaline or acidic pH, (ii) low SRT, (iii) high conductivity, (iv) application of micro-

aerobic conditions and (v) use of chemical inhibitors, amongst others.  

 

pH 

Methanogens are highly sensitive to pH changes, with optimum conditions for activity 

and growth between pH 6.8 and 7.5 (Appels et al., 2008). Below pH 6.6 and above pH 8 

methanogenic growth and activity is strongly reduced (Ward et al., 2008). On the 

contrary, acidogenic bacteria are able to grow and function at a wider pH range and are 

strongly inhibited only below pH 3 and above pH 12 (Liu et al., 2011). Alkaline 

fermentation is a promising strategy to increase VFA production from sludge and 

effectively inhibit methanogenic activity, while acidic fermentation is less effective for this 

substrate (Lee et al., 2014; Chen et al., 2007; Yuan et al., 2006). Alkaline fermentation of 

sludge tends to be in the range of pH 8 – 11, maintained during the fermentation (Lee et 

al., 2014). Application of alkaline pH leads to higher solubilization of EPS in sludge flocs 

through ionization and release of carbohydrates and proteins, which are the main 

components of the sludge EPS. This increases both the rate of hydrolysis and 

acidification, and could potentially increase the VFA production (Lee et al., 2014; 

Mengmeng et al., 2009). The abundance and activity of methanogenic archaea at pH 10 

tends to be much lower than that at neutral pH, thereby resulting in higher VFA 
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accumulation and lower biogas production (Appels et al., 2008; Chen et al., 2007; 

Mengmeng et al., 2009). 

 

Sludge retention time (SRT) 

Acidogenic fermentations are usually operated at a SRT of 2 – 8 days (Arslan et al., 

2016; Gerardi, 2003; Lee et al., 2014; Miron et al., 2000). Methanogens have a slower 

growth rate compared to acidogenic bacteria, and shorter SRTs than these applied 

during AD (i.e. 20 days and longer) result in methanogens washout (Ferrer et al., 2010). 

From an economical point of view, short SRTs are preferred due to smaller reactor 

volumes (De Mes et al., 2003). However, as hydrolysis is the limiting step in both AD and 

anaerobic fermentation, the SRT must be long enough to ensure sufficient contact time 

between the hydrolytic-acidogenic biomass and the complex organic compounds in the 

sludge to allow optimal hydrolysis and fermentation of the substrate (Arslan et al., 2016; 

Lee et al., 2014; Mengmeng et al., 2009).  

 

Organic loading rate (OLR)  

The organic loading rate is defined as the daily COD (or VS, VSS amongst others) fed 

daily to a reactor per unit reactor volume. Application of high OLRs (i.e. 2 g COD d-1 or 

more) has been shown to negatively affect methanogenesis due to higher production of 

VFA that lowers the pH to values suboptimal to methanogens and thus inhibits further 

production of CH4. Application of high OLR can therefore be a strategy used in 

fermentation to avoid methanogenesis (Gerardi, 2003; Vavilin et al., 1996). This can be 

applied in combination with discontinuous feeding (i.e. 3 times per day) which has also 

been shown to increase VFA concentration and thus inhibit methanogenesis (Nebot et 

al., 1995). 

 

Conductivity 

Conductivity above 30 mS cm-1 negatively affects methanogenesis, while acetogenic 

bacteria can produce VFA at high salt concentrations. In the fermentation of molasses, 

De Vrieze et al. (2016) demonstrated that an increase in the conductivity from about 

26 mS cm-1 to 50 mS cm-1 resulted in an increased VFA concentration from 14.7 g 

COD-VFA L-1 to 39.7 g COD-VFA L-1, together with complete methanogen inhibition. 

Thus, increasing the conductivity/salinity of the fermentation broth could be a strategy to 

accumulate VFA and inhibit and washout methanogens. 
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Micro-aeration 

The application of micro-aerobic conditions by introducing a controlled and limited flow of 

air can function as a treatment to increase the hydrolysis rate by promoting the activity of 

hydrolytic exo-enzymes, leading to higher solids conversion during fermentation 

(Jagadabhi et al., 2010; Lim & Wang, 2013; Xu et al., 2014). Jagadabhi et al. (2010) 

found a 4-fold increase in the VFA produced from leachate fermentation with micro-

aeration at flow rate of 1 L min-1. Micro-aeration can be used as a strategy to inhibit 

methanogenic archaea that are strictly anaerobic and therefore sensitive to oxygen (Xu 

et al., 2014).  

 

Methanogenic inhibitors 

Chemical inhibitors that inhibit methanogenic activity include 2-bromoethanesulfonate 

(BES) and 2-chloroethanesulfonate (CES). These chemicals compete with the coenzyme 

M (CoM) in binding the enzyme methyl-CoM reductase, which is involved in reducing the 

methyl group carried by CoM to CH4. This enzyme is present in all methanogens but not 

in other bacteria or archaea, and was therefore assumed that it could only inhibit 

methanogens specifically (Chae et al., 2010). However, it was recently found that BES 

can indirectly affect other bacteria, including homoacetogens (Liu et al., 2011). BES, as 

well as other chemical inhibitors, can be costly and is generally not favorable from a 

sustainability perspective, particularly when applied at full-scale (Jia et al., 2013). 

 

4.3  Challenges 

Hydrolysis is the main limiting step 

Similarly to AD, hydrolysis is reported to be the limiting step for fermentation, particularly 

in case of application of low SRTs/HRTs typical for fermentation (i.e. 2 – 4 days). 

Pretreatments, similar to the ones mentioned in section 3.2, have been explored prior to 

sludge fermentation to increase sludge deflocculation/rupture and enhance hydrolytic 

rates (Lee et. al 2014), however, also in this case the economic viability of using these 

pre-treatment(s) must be assessed. 

 

VFA need to be extracted and purified  

A VFA-rich, “dirty” broth is not attractive for most industrial applications, thus requiring 

additional extraction and purification (Lee et al., 2014; Zacharof & Lovitt, 2013). Waste 

streams such as sludge are not homogeneous and complex in terms of chemical 

composition, thus the recovery of high-grade VFA is economically challenging. In some 
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cases the recovery and purification processes accounts for more than 60 % of the total 

plant cost (Andersen et al., 2014; Zacharof & Lovitt, 2013).  

Several recovery technologies can be used to extract VFA from the fermentation broth, 

including liquid-liquid extraction, adsorption, distillation, electrodialysis and precipitation 

(Zacharof & Lovitt, 2013). These technologies are inefficient at the relatively low VFA 

concentrations typical for sludge fermentation (less than 5 g L-1), and present several 

drawbacks. High energy and capital costs are required in case of distillation, 

pervaporation and electrodialysis, and, as in case of precipitation, can be unsustainable 

due to the waste generated. Chemical treatment is often required to acidify the stream 

prior to VFA extraction, such as in liquid-liquid extraction, and resins used in adsorption 

need to be regenerated through distillation or alkaline pH before reuse. Often a 

combination of technologies is required in order to achieve a high degree of purity, 

increasing the extraction costs even further (Zacharof & Lovitt, 2013).  
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5 Domestic wastewater treatment: carbon removal 

5.1 Conventional wastewater treatment systems 

In order to efficiently recover and convert wastewater into useful products, the organics 

need to be concentrated (Verstraete et al., 2009). The most common biological process 

in wastewater treatment is the activated sludge process, developed in England in the 

1914 by Ardern and Lockett. Since its inception, there have been several modifications 

but the basic components are the same: a contact tank where the microorganisms 

responsible for biological treatment are kept in suspension and are aerated; a 

sedimentation tank for solid/liquid separation; and a recycle system for returning part of 

the solids back to the contact tank (Tchobanoglous et al., 2003) (Figure 1.4). 

 

 

Figure 1.4. Activated sludge process. Adapted from Meerburg et al. (2015). 

 

 

The influent wastewater (COD  500 – 600 mg COD L-1) is added in the aerated contact 

tank in a continuous flow. In presence of oxygen, the microorganisms in the aerated 

contact tank metabolize organic matter and nutrients in the influent. Part of the 

biodegradable organics (40 – 50 %) are used for growth or stored as an intra- and 

extracellular energy source while the remainder (50 – 60 %) is converted into CO2 and 

water to provide energy for catabolic processes. Mixed liquor (ML), a mixture of treated 

wastewater and suspended sludge flocs generated in the contact tank, is transferred to 

the sedimentation tank. Here liquid/solid separation of the sludge (activated sludge) and 

the clear effluent takes place. A portion of the sludge formed is recirculated to the 

contact tank to allow microbial conversion of the organics to continue and to replace the 

biomass in the contactor. The remainder of the activated sludge is wasted, in order to 



 

General introduction 

15 

avoid excessive growth of the microorganisms in the system (Çakici & Bayramoǧlu, 

1995). The effluent, or clarified effluent, can then theoretically be discharged.  

The activated sludge process is the wastewater treatment process most commonly 

applied at WWTP level and is therefore referred to as the conventional activated sludge 

(CAS) treatment system. However, the process as described is only part of the 

conventional wastewater treatment system, where several other steps are necessary to 

obtain effluent of good quality in order to protect human health and environment 

(Tchobanoglous et al., 2003). These steps are comprised of a sequence of 

interconnected operational units (Figure 1.5) (Ekama et al., 2007; Verstraete & 

Vlaeminck, 2011).  

 

 

Figure 1.5. Scheme of a conventional wastewater treatment system including mechanical pre-
treatments, primary settling, CAS secondary treatment, tertiary treatment (disinfection) and sludge 
digestion (Verstraete & Vlaeminck, 2011). Different configurations are possible. 

 

 

The units typically start with a grit or a filter to remove large particles (> 1 cm), plastics 

and stones, a skimmer to remove fats and greases and a sand-trap to settle the sand 

(Wichelns et al., 2015). Next are primary, secondary and tertiary treatment.  

Primary treatment is often applied to reduce the loading on the biological secondary 

treatment, thus allowing to reduce the volume of the contact tank in the second stage, 

and reduce the aeration applied, and is typically accomplished by settling or micro-

sieving. Primary settling removes material that can be settled, and consists of a primary 

sedimentation tank that allows removal of 50 – 70 % of the TSS in wastewater and some 

organic nitrogen and phosphorus (Constantine et al., 2012). Micro-sieving involves the 

use of low-speed (up to 4 rpm) rotating-drum screens (drum filters, disc filters or rotating 
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belts, amongst others), and the sieving process is continuous and driven by gravity. The 

wastewater enters in the drum and flows outward through the rotating-drum screening 

filter (Tchobanoglous et al., 2003). The solids caught on the filter media are backwashed 

by pressurized water, air or vacuum (3-8 bar) into a trough located at the highest point of 

the drum (Tchobanoglous et al., 2003; Väänänen et al., 2016). The filter media have a 

pore size ranging between 10 and 1000 μm and are typically made of stainless steel or 

polyester, or non-woven fabrics defined as cloth. Typical suspended solids removal 

achieved with micro-sieves is around 50 % (Väänänen et al., 2016). Chemically 

enhanced primary treatment (CEPT) is often used to improve the performance of primary 

treatments. Chemical addition (e.g. iron chloride and aluminum sulphate) in CEPT 

increases TSS removal up to 80 – 95 % (Tchobanoglous et al., 2003; Väänänen et al., 

2016).  

Secondary treatment, typically a CAS system, has a similar configuration to that of the 

activated sludge process (Figure 1.5), with the aerated contact tank most commonly 

operated as a plug-flow or a complete-mix system (Tchobanoglous et al., 2003). As 

mentioned earlier, microorganisms in the aerated contact tank metabolize suspended 

particles and (dissolved) organic matter for growth. CAS systems aim at removing 

organic carbon, though biological nitrogen and phosphorous removal are possible 

depending on the design and the specific application (Gernaey et al., 2004). To this aim, 

CAS systems are operated at low-rate, with a food to microorganism (F/M) ratio of 0.3 – 

0.6 kg bCOD kg-1 VSS d-1, a SRT of 8 – 20 days and high aeration (DO 1.5 – 

2 mg O2 L-1). Next to aerated zones, anoxic zones are implemented in the overall system 

to ensure that nitrification, denitrification and enhanced biological phosphorus removal 

take place (Ge et al., 2012) (see section 5.3 for further information on nitrogen removal).  

Tertiary treatment aims at effluent polishing to meet effluent standards commissioned by 

the government (i.e. COD, < 125 mg L-1; < TSS, 35 mg L-1; total nitrogen, < 10 mg L-1; 

total phosphorous, < 1 mg L-1; (Boehnke et al., 1997)), before its discharge or reuse 

(Wichelns et al., 2015). Residual suspended solids can be removed by ultrafiltration, 

reverse osmosis, carbon adsorption, amongst others, depending on the water quality 

necessary for reuse. The plant effluent is often disinfected with chlorine, ozone or UV 

light to destroy pathogenic microorganisms before being discharged (Wichelns et al., 

2015).  

In the typical CAS lay-out, most biodegradable organics and suspended solids (50 –

60 %) are oxidized and lost as CO2 rather than recovered in sludge due to the high SRT 

and intensive aeration. This results in the formation of low biodegradable sludge, with a 

low conversion efficiency (20 – 30 %) of the inlet COD to CH4 during AD (Rulkens, 
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2007). Most of the energy potential (1.5 – 1.9 kWh m–3) is therefore lost in CAS systems 

rather than recovered as biogas or VFA. CAS treatment is energy intensive (0.3 – 0.5 

kWh m–3) due to pumping costs and aeration, which accounts for 60 – 70 % of the 

overall energy consumption of the WWTP (Faust et al., 2014b; Verstraete & Vlaeminck, 

2011). This is one of the main drawbacks of WWTP operating CAS systems, as energy 

neutrality cannot be reached. 

 

5.2 High-rate wastewater treatment systems 

High-rate activated sludge (HRAS) systems are innovative wastewater treatment 

technologies that do not include a primary settling unit before the biological step. HRAS 

systems combine primary settling and CAS systems in a single process and are 

therefore often referred to as “biologically-enhanced primary treatments” (Constantine et 

al., 2012). HRAS systems are operated at very high F/M ratio and short hydraulic 

retention time (HRT) and SRT, and are able to increase the recovery efficiency of carbon 

(carbon capture) from wastewater, compared to CAS, and produce a high-biodegradable 

activated sludge due to the low sludge age.  

 

5.2.1 Adsorption-Biooxidation (AB) system 

The “Adsorption-Belebungsverfahren” process (AB process, generally translated as 

Adsorption-Biodegradation or Adsorption-Biooxidation) was developed in 1970s by 

Botho Böhnke. The AB process is a two-stage treatment system, with a high-loaded 

aerated biological adsorption stage (A-stage) for partial carbon removal, followed by a 

low-loaded bio-oxidation stage (B-stage) to ensure nitrogen removal and final carbon 

polishing (see section 5.3 for further information on nitrogen removal) (Boehnke et al., 

1997; De Graaff & Roest, 2012). The A-stage is a modification of the CAS system with 

similar configuration (Figure 1.5): an aerated contact tank (DO < 2 mg L-1), where contact 

between influent wastewater and return sludge takes place; a settler and a return flow 

(Constantine et al., 2012; Jimenez et al., 2015). A typical A-stage is operated with a high 

loading rate (2 – 10 kg bCOD kg-1 VSS d-1), low HRT (30 – 60 min) and a short SRT 

(between several hours and 1 day (Boehnke et al., 1998)). These conditions allow bio-

flocculation with high biomass yields and minimal CO2 formation, complemented with 

sorption and storage mechanisms, which lead to removal of 50 – 60 % of the inlet COD 

and about 60 – 65 % of the TSS (Constantine et al., 2012; De Graaff & Roest, 2012). 

COD is captured in sludge with efficiencies of 26 – 54 % (De Graaff & Roest, 2012). The 

produced aerobic sludge is then separated from the effluent through settling and a 
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portion of it is returned to the contact tank to re-inoculate the microorganisms 

responsible for the microbial conversion of the organics, while the excess sludge is 

removed to maintain the SRT at the desired set point. After settling of the sludge, the 

effluent that has accumulated at the top of the sedimentation tank must be further treated 

to remove nitrogen, while phosphorous is typically precipitated with iron salts in the A-

stage. This occurs in the B-stage, where further polishing of the carbon, nitrification and 

denitrification occur (Constantine et al., 2012). The excess A-sludge is highly 

biodegradable due to the young sludge age, with a digestion efficiency of 50 – 70 % 

(Boehnke et al., 1998; De Graaff & Roest, 2012; De Vrieze et al., 2013).  

One of the main drawbacks of the A-stage, as for other HRAS systems, is the poor 

settling capacity of the sludge formed. Ramalho (2012) correlated the sludge volume 

index (SVI) with the F/M ratio (Figure 1.6). The SVI is defined as the volume (mL) 

occupied by a 1 g of sludge after 30 minutes of settling, therefore the smaller the SVI, 

the better the settling of the sludge. A good settling profile can be reached with an F/M 

ratio of 0.3 – 0.6 kg BOD kg-1 VSS d-1 (Ramalho, 2012) (Figure 1.6). As previously 

mentioned, AB systems are operated at a F/M ratio of 2 – 10 kg BOD kg-1 VSS d-1. In 

combination with low aeration and short SRT, this leads to the formation of filamentous 

microorganisms that remain in suspension and do not settle well, thus resulting in the 

sludge with poor settling characteristics (Modin et al. 2014; Ramalho, 2012; Wilén & 

Balmér, 1999).  

 

 

Figure 1.6. Correlation between F/M ratio and sludge volume index (SVI). Adapted from Ramalho 
(2012). 
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The imperfect settling of sludge results in lower than expected removal efficiencies of the 

COD and in the formation of rather diluted sludge (< 5 – 15 g COD L-1) (see Chapter 2 

and Chapter 3). The sludge requires further concentration before AD, often through 

gravity-thickening, which can increase the sludge concentration up to 40 – 50 g L-1 

(Tchobanoglous et al., 2003). This leads to increased energy consumption (0.6 kWh m-3 

(personal communication Aquafin, Belgium)) and chemical costs (polymers, 2.75 € kg-1 

at 0.12 kg d-1 (personal communication Nieuwveer WWTP, Breda, The Netherlands)). 

The low removal efficiency of the A-stage results into 40 – 50 % of the influent organics 

carried to the B-stage. These organics must be removed for the effluent of the AB 

system to meet the discharge standard, therefore the B-stage needs to be operated at 

high SRT and with high aeration to oxidize the remainder carbon. High aeration comes 

with high energy cost (3.05 kg COD kWh-1 assuming 1 g O2 g-1 CODremoved (Meerburg, 

2016)) and the carbon oxidized to CO2 is lost and not recovered as CH4. This issue 

needs to be solved in order to reach an energy-neutral or even an energy-positive 

wastewater treatment process. 

 

5.2.2 High-rate contact stabilization (HiCS) system 

To advance towards an energy-positive wastewater treatment, it is necessary to 

maximize bio-flocculation and the capture of sewage organics while producing an 

effluent low in organic matter. Meerburg et al. (2015) proposed the use of a high-rate 

contact stabilization (HiCS) system as an improvement of the A-stage process. HiCS is a 

high-rate variant of the low-rate contact stabilization proposed in the 1920s by Coombs, 

operated at similar loading rates to other HRAS processes (2 – 10 kg bCOD kg-1 

VSS d-1) and similar SRTs, with an optimum between 0.5 and 1.3 days (Meerburg et al., 

2016; Meerburg et al., 2015). HiCS is operated with a similar configuration to the A-stage 

of the AB system. The main difference is that the contact tank is not aerated (HRT below 

1 hour) while the return sludge is instead aerated in a separate stabilization tank with 

similar DO as that of the A-stage contact tank prior to re-entering the contact tank (HRT 

around or above 1 hour) (Figure 1.7).  
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Figure 1.7. High-rate contact stabilization (HiCS) process. Adapted from Meerburg et al. (2015). 

 

 

This creates a feast-famine regime, which is thought to improve bio-flocculation, bio-

sorption and storage of the organics and improves the ability of sludge to settle (Rahman 

et al., 2016). Lab-scale (Meerburg et al., 2016) and pilot-scale (Rahman et al., 2016) 

processes indicate HiCS can capture more COD into sludge than conventional HRAS 

processes. In earlier studies, the COD capture efficiency (COD recovered as sludge) of 

the HiCS process was up to 55 %, higher than typical values reported for HRAS, at 26 –

54 %, indicating that HiCS is potentially a better wastewater treatment technology in 

terms of organics recovery (De Graaff & Roest, 2012; Meerburg et al., 2015). Sludge 

produced from the HRAS system had a higher digestion yield compared to that of HiCS 

sludge, with 1.36 ± 0.04 g COD-CH4 g-1 TSsludge and 1.13 ± 0.08 g COD-CH4 g-1 TSsludge, 

respectively. Yet, the overall energy recovery (expressed as g COD-CH4 g-

1 CODinfluent x 100) was 33 % higher for HiCS compared with that of the A-stage 

(Meerburg et al., 2015). However, the only data available for CH4 production from HiCS 

sludge and overall energy recovery are for laboratory-scale HiCS treatment of synthetic 

domestic wastewater (Meerburg et al., 2016). Application of the methodology with real 

wastewater at a larger scale is required to validate HiCS as a higher performance 

technology in terms of AD yields and energy recovery. 

 

5.2.3  High-rate membrane bioreactors (HR-MBR) systems 

One of the main drawbacks of HRAS processes is the poor settling capacity of the 

sludge. A variety of technologies have been explored to maximize removal efficiency and 

organics recovery. High-rate membrane bioreactor (HR-MBR) processes are one 
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example, with membrane filtration in place of gravity-settling to achieve efficient 

solid/liquid separation and produce a solids-free effluent (Akanyeti et al., 2010; Faust et 

al., 2014a; Faust et al., 2014b; Hernández Leal et al., 2010) (Figure 1.8). 

 

 

 

Figure 1.8. High-rate membrane bioreactor (HR-MBR) process. Adapted from Meerburg et al. 
(2015) and Hernández Leal et al. (2010). 

 

 

HR-MBRs are operated at high organic loading and low SRTs in order to maximize the 

bio-flocculation and minimize organics loss due to mineralization, similar to other HRAS 

systems (Akanyeti et al., 2010). Faust et al. (2014b) reported that by operating a HR-

MBR at SRT < 0.5 days in combination with a HRT of 0.7 hour, less than 10 % of the 

influent COD was lost as CO2. Akanyeti et al. (2010) and Faust et al. (2014b) reported a 

sludge concentration of 3.8 g COD L-1 and 11.4 g COD L-1 by applying a SRT of 1 d and 

a HRT of 1.2 and 0.7 days, respectively, with the same HR-MBR setup. This is 

comparable to that of other HRAS systems (see Chapter 2 and Chapter 3) and thus 

gravity-thickening would still be needed prior to AD or fermentation (Tchobanoglous et 

al., 2003). Several studies indicate that to obtain sludge highly concentrated in organic 

matter the process should be operated at extremely short HRTs, however higher 

concentrations of suspended solids in the reactor might also increase membrane fouling 

(Akanyeti et al., 2010; Faust et al., 2014b; Hernández Leal et al., 2010). Moreover, in 

order to obtain very low HRTs high fluxes need to be applied through the membrane 

filtration unit. This could only be done in case of non-submerged MBRs, as the 

membrane area is not sufficient to increase the permeation flux (Faust et al., 2014b; 

Hernández Leal et al., 2010).  

Membrane technologies in sewage treatment tend to have higher operational costs 

compared with other HRAS systems due to fouling. The greater energy consumption of 

HR-MBR systems as well as operational and capital costs due to the high fouling 
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propensity of MBR membranes treating sewage can be an economic drawback. Physical 

and chemical cleaning together with frequent change of the membrane modules are 

required in order to maintain high fluxes through the membrane (Faust et al., 2014a; 

Hernández Leal et al., 2010).  

One way of decreasing membrane fouling in HR-MBRs is the application of high rate 

aeration regimes, that where shown to reduce the amount of colloidal and soluble 

organic matter in sewage by increasing bio-flocculation (Faust et al., 2014a). Bio-

flocculation efficiency increased 1.45-fold when the DO applied to an HR-MBR was 

increased from 2 to 4 mg O2 L-1 and the reactor operated with higher aeration expressed 

lower fouling potential.  

High COD removal efficiencies were achieved by applying both 2 mg O2 L-1 and 

4 mg O2 L-1, namely 88 % and 92 %, respectively. HRAS systems are generally operated 

with a DO of 1 – 2 mg O2 L-1 with COD removal efficiencies of around 50 – 60 % (De 

Graaff & Roest, 2012). An estimation of the costs/benefits related to the use of a HR-

MBR operated at high DO (high energy consumption), membrane operational cost and 

the feasibility of this process at full-scale (or pilot-scale) level is yet to be assessed. 

 

6 Domestic wastewater treatment: nitrogen removal 

Beside removal (and recovery) of organic carbon, further treatment of the wastewater for 

nitrogen removal is necessary to meet the effluent standard levels for discharge (<10 mg 

N L-1 (Boehnke et al., 1997)). In CAS systems nitrogen is removed by alternating aerobic 

and anoxic zones where nitrification and denitrification occur, respectively. In case of 

two-stage systems such as the AB-system, after carbon removal in the first stage (A-

stage or HRAS) the effluent is treated in the subsequent B-stage to ensure nitrogen 

removal.  

Biological nitrogen removal (BNR) is the conventional treatment used for nitrogen 

removal, which produces N2 gas as main end-product. BNR plants are typically 

aerobic/anoxic processes based on four main reactions: 

1) Nitritation, which is the first phase of nitrification, is carried out by autotrophic 

aerobic ammonia oxidizing bacteria (AOB) and archaea (AOA), which catalyze 

the oxidation of ammonia to nitrite (NO2
-) (Figure 1.9). 

2) The so-called nitratation is the second phase of nitrification and is carried out by 

autotrophic nitrite oxidizing bacteria (NOB), which convert the nitrite produced by 

AOB and AOA to nitrate (NO3
-) (Figure 1.9.A). 
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3) Denitrification typically follows nitrification and is carried out by heterotrophic 

denitrifying bacteria (HDN), which reduce nitrate and nitrite to nitric oxide (NO), 

nitrous oxide (N2O) and finally nitrogen gas (N2) (Figure 1.9.A). 

Microbial anoxic ammonium oxidation (anammox) is carried out by autotrophic 

anoxic ammonia oxidizing bacteria (AnAOB). AnAOB catalyze the conversion of 

nitrite to nitric oxide (NO), which is subsequently combined with ammonium to 

generate hydrazine (N2H4). The hydrazine is finally oxidized to nitrogen gas 

(Figure 1.9.B). 

 

 

 

Figure 1.9. A. Nitrification followed by denitrification and B. Partial nitritation and Anammox. 

 

 

Nitrification/denitrification 

Two main configurations are possible for sludge nitrification/denitrification (N/DN). The 

first is the so-called post-anoxic denitrification, which is characterized by a first aerobic 

tank for nitrification followed by an anoxic tank (Tchobanoglous et al., 2003). This 

process is energy intensive due to the high aeration applied in the aerobic step to oxidize 

the incoming COD to CO2 and to the necessity of supplying an external carbon source 

(i.e. methanol, ethanol and acetic acid) for denitrification in the anoxic step (Lackner et 

al., 2014). The second possible configuration, known as the Modified Ludzak-Ettinger 

process or pre-anoxic denitrification, is the most common process used for BNR at 

WWTP level. This process consists of an anoxic tank followed by the aeration tank 

where nitrification occurs. The nitrate-rich effluent produced in the aerated tank is then 

recycled back to the anoxic tank for further denitrification. In this second configuration, 
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the inlet COD is used for denitrification in the anoxic phase and thus the process is less 

energy intensive compared to post-anoxic denitrification due to less aeration required for 

the mineralization of the COD in the aerobic phase (Tchobanoglous et al., 2003). In the 

systems described, anoxic/aerobic phases occur in two-stage system with two 

subsequent phases/tanks. Another possibility is the use of a sequential batch reactor 

(SBR), in which different phases occur sequentially in a one-stage process.  

According to denitrification stoichiometry, 2.86 grams of COD are required to denitrify 1 

gram of NO3
- - N, and considering that 20 % of the biodegradable COD (bCOD) is 

mineralized in the aerobic stage a bCOD/N ratio of 3.6 g g-1 is required for the N/DN to 

occur (4.4 g g-1 if cell growth is also considered) (Cao et al., 2017; Matějů et al., 1992). 

Thus, even in case of the pre-anoxic denitrification process, where addition of an 

external carbon source is minimized, if the bCOD/N ratio is lower than the one required 

for N/DN, the supply of an external carbon source is necessary. 

 

Partial nitritation/annamox systems 

Partial nitritation/annamox (PN/A) consists of two consecutive reactions where 

ammonium is partially oxidized to nitrite aerobically by AOB bacteria and the remainder 

is subsequently combined with nitrite to form nitrogen gas by AnAOB (Gao et al., 2014). 

Both microbial communities involved are autotrophic, thus no external COD supply is 

required. This is an advantage compared to N/DN system, particularly in case of 

streams, such as the effluent of the A-stage, that have low bCOD concentration (Wan et 

al., 2016). Other advantages, compared with N/DN are a 60 % lower oxygen demand for 

partial oxidation of ammonium to nitrite, 60 % reduction of the aereation consumption for 

nitrogen removal and 80 % reduction of the excess sludge (Cao et al., 2017; Morales et 

al., 2015; Siegrist et al., 2008).  

During PN/A, inhibition and suppression of NOB bacteria is necessary as these compete 

the AnAOB for nitrite. NOB require oxygen to convert nitrite to nitrate, thus application of 

intermittent aeration or oxygen-limiting conditions have been proven as an effective 

method to outcompete NOB (Cao et al., 2017; Wett et al., 2013). Under oxygen-limiting 

conditions NOB compete with AOB for oxygen, however AOB have a higher oxygen 

affinity compared to NOB resulting in their suppression (Vlaeminck et al., 2010). AOB are 

also more tolerant than NOB to free nitric acid (FNA), thus addition of FNA is also used 

as inhibition/suppression strategy to outcompete NOB (in sidestream PN/A (see Chapter 

6, section 6)) (Cao et al., 2017). 
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PN/A system can also be implemented in a two-stage (known as single reactor high 

activity ammonia removal over nitrite or SHARON® Process (Hellinga et al., 1998)) or 

one-stage systems (known as completely autotrophic nitrogen removal over nitrite 

process or CANON, oxygen-limited autotrophic nitrification/denitrifcation, aerobic/anoxic 

deammonifcation or OLAND, or combined nitritation–anammox (Helmer et al., 1999; 

Jetten et al., 2001; Vlaeminck et al., 2010). The two-stage system consists of two 

subsequent reactors, one for partial nitritation and one for anammox (Van Dongen et al., 

2001). Examples of two-stage PN/A processes include a suspended sludge process for 

PN and biofilm for anammox or biofilm for both PN and anammox (Cao et al., 2017). In 

one-stage systems partian nitritation and anammox take place in a single reactor. In this 

configuration granules, flocs or biofilms are used to allow growth of the AOB on the 

aerobic surface while the AnAOB grow in the anoxic inner side. Both systems have 

different advantages, in case of a two-stages system both stages can be optimized and 

the annamox stage can be maintained anoxic avoiding the competition for nitrite by 

NOBs. Alternatively, one-stage systems significantly reduce capital and operational costs 

as well as gas emissions, while nitrate is consumed from AnAOBs causing inhibition of 

the NOBs (Cao et al., 2017). There also exist hybrid systems were suspended cultures 

are combined with fixed biomass (biofilm) into a one-stage system called integrated 

fixed-film activated sludge (IFAS). In contrast to biofilm reactors, AOB and NOB are 

spatially distributed in the liquid phase while AnAOB grow mainly in the biofilm leading to 

higher nitrogen removal performances (Veuillet et al., 2014). The spatial distribution 

between different groups of microorganisms combines the advantages of both two-stage 

and one stage systems, allowing the application of different conditions in the liquid and 

biofilm phases (i.e. oxygen-limiting conditions in the liquid phase to suppress NOB and 

anoxic conditions in the biofilm), at lower costs associated with one-stage systems (Cao 

et al., 2017).  
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7 Objectives and outline of this research 

HRAS systems are typically operated at short SRT and HRT and at very high loadings 

resulting in the generation of highly-biodegradable sludge which is digested to CH4 with 

conversion efficiencies of 50 – 70 %. Due to the low economic value of CH4 and to the 

high biodegradability of A-sludge, this thesis proposes an alternative pipeline whereby 

the sludge organics are fermented to produce higher-value carboxylic acids (VFA).  

 

Limited studies are reported in literature about A-sludge fermentation, thus key 

parameters affecting fermentation of A-sludge, including pH, temperature, inoculum, 

sludge composition and iron content are investigated in Chapter 2. In addition, 

fermentation of A-sludge collected from four different existing HRAS treatment systems 

is performed to assess whether parameters such as the initial BOD of the sludge or the 

iron used for the coagulation can affect the VFA yields.  

 

Short SRTs combined with the high loadings applied to HRAS systems generate A-

sludge with poorly settling capability. Typically, iron salts are added to improve sludge 

settleability but the gravity separation is still underperforming and the sludge generated 

is highly diluted (< 5 – 15 g COD L-1). Gravity-thickening is thus required to increase 

sludge concentration prior to digestion or fermentation, which requires addition of  

polyelectrolytes to enhance sludge compaction and increases the total footprint of the 

wastewater treatment process. In Chapter 3, the use of forward osmosis (FO) as an 

alternative to gravitational thickening is investigated to avoid expenses due to 

polyelectrolytes dosage that is not necessary for dewatering using membrane 

technologies and to reduce the land footprint related to thickening. Fermentation of 

untreated A-sludge in comparison to sludge concentrated with gravity-thickening or FO is 

performed to assess the effect of these technologies on the VFA yields and speciation.  

 

In Chapter 4 HRAS sludge is fermented in a continuous system, alongside strategies to 

increase the hydrolytic and acidogenic rates, increase VFA yields, and inhibit the 

methanogenic activity. These strategies include application of short SRT (equal to HRT) 

of 4 days at thermophilic conditions or extending the SRT to 20 days to increase the 

sludge contact time with the hydrolytic-acidogenic community. During the latter, alkaline 

conditions and/or micro-aeration were applied to inhibit methanogenesis. Finally, 

application of in line recirculation to A-sludge was investigated to assess whether 

mechanical rupture of sludge flocs could further enhance sludge solubilization and 

hydrolysis and increase the VFA yields. 
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Several modifications of the HRAS systems are reported in literature, trying to ameliorate 

solid/liquid separation (HR-MBR), increase bioflocculation and adsorption (HiCS) and 

ultimately maximize the COD captured as sludge while minimizing organics 

mineralization. However, the sludge generated from a HRAS system or its variants is 

highly diluted, and still requires thickening to increase the sludge concentration. 

Downstream sludge gravity-thickening or FO-thickening, require several hours to reach 

concentrations of 40 – 50 g COD L-1, and during this time part of the sludge 

biodegradable organics that could potentially be upgraded to CH4 or VFA, are lost due to 

anaerobic activity and/or aerobic mineralization. In Chapter 5 a dissolved air flotation 

(DAF) unit is coupled to a HRAS system instead of a settler to improve solid/liquid 

separation and increase the solids content of the sludge generated, to the level that no 

downstream thickening is required prior to subsequent AD or fermentation, reducing the 

total footprint of the wastewater treatment process. 

 

A general discussion is provided in Chapter 6, together with suggestions for future 

research.
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Abstract 

The aim of this work was to study the key parameters affecting fermentation of high rate 

activated A-sludge to carboxylates, including pH, temperature, inoculum, sludge 

composition and iron content. The maximum volatile fatty acids production was 141 ± 15 

mg C VFA g-1 VSSfed, at pH 7. Subsequently the potential for carboxylate and methane 

production for A-sludge from four different plants at pH 7 and 35 ºC were compared. Initial 

BOD of the sludge appeared to be key determining carboxylate yield from A-sludge. 

Whereas methanogenesis could be correlated linearly to the quantity of ferric used for 

coagulation, fermentation did not show a dependency on iron presence. This difference 

may enable a strategy whereby A-stage sludge is separated to achieve fermentation, and 

iron dosing for phosphate removal is only implemented at the B-stage.  
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1 Introduction 

For domestic and industrial wastewater the focus for reuse has been on the water itself as 

well as the energy contained within the organics (Verstraete & Vlaeminck, 2011). The 

typical issue with domestic wastewater is its low organic concentration which impedes to 

obtain an economically feasible production process. 

Several concentration technologies allow recovery of the clean water and increase the 

amount of organic matter for further processing (Meerburg et al., 2015; Verstraete et al., 

2009). Best known is the AB process (Boehnke et al., 1997). A-sludge, generated from the 

first stage of the AB process, is highly biodegradable and easily digested to biogas 

(Boehnke et al., 1998).  

Thus far the sludge valorization has been investigated through AD either as a single 

substrate (Huoqing et al., 2013; Meerburg et al., 2015) or in co-digestion with other organic 

waste streams (De Vrieze et al., 2013; Verstraete & Vlaeminck, 2011). In recent years, 

another route has come to the fore, the carboxylate platform, whereby mixed populations 

are used to ferment organic matter and produce carboxylates that are the end product 

instead of biogas (Agler et al., 2011; Angenent et al., 2004). As past studies have shown 

that it is possible to ferment secondary sludge (WAS), although to a limited extent (Morgan-

Sagastume et al., 2011; Pratt et al., 2012), the highly degradable A-sludge could be a 

more suitable source. Fermentation can then be followed by AD, after VFA extraction, for 

removal of unfermented organics. The potential of the A-sludge for carboxylate production 

in terms of conversion efficiencies and product outcomes, and how this could relate to 

residual digestion has not been yet explored.  

Therefore, the goal of this study was to identify key parameters affecting fermentation of 

an A-sludge (here temperature and pH, inoculum addition and retention time) and 

subsequently assess the fermentation potential of A-sludge originating from different sites 

and to correlate this to different A-sludge characteristics. A prime example of a variable 

parameter is the iron content. Iron salts (FeSO4 or FeCl3) are added in in the A-stage to 

precipitate phosphates and to enhance A-sludge coagulation and sedimentation (Jiang & 

Graham, 1998). Iron is important as coenzyme or cofactor in several enzymes involved in 

the AD process (Zandvoort et al., 2006). Methanogens require iron for their metabolic 

activity, and their capability to continue producing methane is strictly dependent on its 

presence and availability (Demirel & Scherer, 2011). The presence of iron in the sludge 

flocs can have a key impact for the methanogenesis, as the process is limited at low iron 

concentrations (Schattauer et al., 2011; Zandvoort et al., 2006). It is as yet unknown how 

this would impact fermentation. Similarly, A-sludge will vary in their BOD content and 

BOD/COD ratio, due to day-by-day variances at WWTPs level and in dilution and content 
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of the domestic wastewater. Thus key characteristics of different A-sludge were measured 

and subjected them to fermentation and digestion. 

 

2 Materials and Methods 

2.1 A-sludge collection 

Auto-fermentation test without inoculum (see 2.2.1) were performed with A-sludge from 

Nieuwveer WWTP (Breda) in 11/2013 (COD 11.3 ± 0.5 g L-1, TSS 9.1 ± 0.4 g L-1, VSS 6.7 

± 0.3 g L-1). In 1/2014 new sludge was collected (COD 4.3 ± 0.4 g L-1, TSS 3.7 ± 0.5 g L-1, 

VSS 2.8 ± 0.4 g L-1) to ferment in the presence of an inoculum (2.2.2). To compare the 

fermentative capacity of different A-sludge (2.2.3), they were collected during two different 

time frames (2/2014 and 7/2014) from four WWTPs in the Netherlands: Nieuwveer WWTP 

(Breda), Dokhaven WWTP (Rotterdam), Utrecht WWTP (Utrecht) and Garmerwolde 

WWTP (Groningen). The characteristics of the A-sludge on those two sampling points are 

summarized in Table 2.1. To determine the effect of iron on the fermentation (2.2.4), A-

sludge was collected from Nieuwveer WWTP (Breda) in 10/2015 (COD 5.3 ± 0.5 g L-1, 

TSS 2.2 ± 0.3 g L-1, VSS 1.7 ± 0.0 g L-1, Fe 171 ± 2 mg L-1). For all the tests mentioned A-

sludge was collected from the return flow to the A-stage. Waste activated sludge (WAS) 

was collected from Dendermonde WWTP in 8/2015 (TS 58.7 ± 7.1 g L-1, VS 32.4 ± 7.3 g 

L-1, COD 45.1 ± 5.9 g L-1). 



 

 

Table 2.1. Characteristics of the A–sludge collected from the 4 WWTPs. All the analysis were carried out in triplicate. 

 
Utrecht Breda Rotterdam Groningen 

 February 
2014 

July 
2014 

February 
2014 

July 
2014 

February 
2014 

July 
2014 

February 
2014 

July 
2014 

pH 5.6 6 6.3 6.8 6.2 6.7 7 6.9 

Conductivity (mS cm-1) 2.02 0.84 1.11 0.79 1.39 1.02 1.65 0.72 

Chemical oxygen demand, COD (g L-1) 15.1 ± 0.4 2.7 ± 0.1 11.7 ± 0.2 3.5 ± 0.2 5.1 ± 0.1 3.4 ± 0.1 7.0 ± 0.2 1.7 ± 0.2 

Total solids, TS (g L-1) 14.6 ± 0.2 1.8 ± 0.0 10.9 ± 0.12 3.8 ± 0.1 4.6 ± 0.2 3.1 ± 0.0 8.2 ± 0.4 2.7 ± 0.0 

Volatile solids, VS (%) 73 66 79 74 75 77 79 74 

Total Kjeldahl nitrogen, TKN (mg N L-1) 204 ± 92 309 ± 16 120 ± 2 182 ± 7 440 ± 22 125 ± 21 321 ± 2 95 ± 40 

Total ammonia nitrogen, TAN (mg N L-1) 100 ± 3.28 3 ± 1 50 ± 3 19 ± 1 66 ± 3 24 ± 0 99 ± 7 28 ± 1 

COD:VS 1.4 ± 0.0 2.3 ± 0.1 1.4 ± 0.0 1.3 ± 0.1 1.5 ± 0.1 1.4 ± 0.1 1.2 ± 0.1 1.0 ± 0.1 

Fe (mg L-1) 822 ± 6 370 ± 234 357 ± 66 143 ± 29 98 ± 2 135 ± 3 316 ± 2 80 ± 4 

Mean particle size D [4,3] (µm) 270 86 80 161 88 59 125 153 
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2.2 Fermentation batch tests  

All tests were performed in triplicate in serum flasks (120 mL) sealed with a rubber stopper 

and aluminum sealer. Headspace was flushed with N2 at day 0 of all experiments which 

were kept temperature controlled and shaking at 120 rpm for a period of 7 or 14 days. 

Liquid and gas samples were taken periodically decreasing the frequency over the 

experiment. Biogas production was monitored for every sampling point. 

 

2.2.1 Determination of key parameters during auto-fermentation 

Eight conditions with combination of different pH (4.5, 5, 6, 7) and temperatures (35 ºC 

and 55 ºC) were carried with 80 mL A-sludge. Control tests without pH control were 

performed for each temperature tested for both A-sludge and WAS from Dendermonde 

WWTP (80 mL working volume). The pH was adjusted to the desired value by adding 1 M 

NaOH or 1 M HCl after each sampling time.  

 

2.2.2 Determination of the inoculum impact 

Mixed culture inoculum from a fermenter (CSTR) treating diluted molasses (HRT 5 days, 

pH 5.5, T 35 ºC, obtained after a stable working period of 110 days) was acclimated to A-

sludge as substrate at both mesophilic (35 ºC) and thermophilic (55 ºC) conditions for 7 

days, and was then used as inoculum for the fermentation batch tests. The tests were 

prepared by mixing 10 mL of inoculum, 30 mL of substrate and 40 mL of a pH buffer. 

Controls with only inoculum or only substrate by replacing either one of them with tap water 

were performed to normalize the final results (see section 2.5 for further information). 

Batch tests were run combining pH (6 or 7) and mesophilic (35 ºC) or thermophilic (55 ºC) 

temperatures. On day 0, the pH was adjusted to the desired value by adding 1 M NaOH 

or 1 M HCl, and was then controlled by means of a pH buffer (strength 200 mM H+), 

prepared in tap water (pH = 6: 24.3 mg NaH2PO4 . H2O L-1 and 6.4 mg Na2HPO4 . 7 H2O 

L-1; pH = 7: 11.7 mg NaH2PO4 . H2O L-1 and 30.9 mg Na2HPO4 . 7 H2O L-1).  

 

2.2.3 Comparison of different A-sludge fermentative capacity 

A-sludge from four different WWTP obtained either during the winter (February 2014) or 

the summer period (July 2014) were evaluated. The tests consisted of a mixture of 

substrate, inoculum and pH buffer as defined in section 2.2.2. Controls with only inoculum 

and only substrate were also included. The tests were run at 35 ºC and pH 7.  
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2.2.4 Determination of iron impact on A-sludge fermentation 

FeCl3 was added to A-sludge collected from Nieuwveer WWTP (Breda) in order to obtain 

iron concentrations of 2.5, 5, 10 and 20 mmol Fe L-1 (as in Hoban and Van Den Berg 

(1979)), and evaluated to determine the effect of increasing iron concentration on VFA and 

CH4 production during the fermentation. VFA production tests consisted of a mixture of 

substrate, inoculum and pH buffer as defined in section 2.2.2. Controls with only inoculum 

and A-sludge were no iron was added were also carried out. The tests were run at 35 ºC 

and pH 7. Methane production tests was evaluated by means of biochemical methane 

potential. 

 

2.3 Biochemical methane potential (BMP) test 

BMP tests were carried out to estimate the anaerobic biodegradability of the A-sludge from 

the four WWTPs (February and July 2014) and for iron impact evaluation (see 2.2.4). The 

test was performed in triplicate under mesophilic conditions (35 ºC) with a working volume 

of 80 mL. Inoculum or substrate were replaced by tap water in the control tests. The 

substrate to inoculum ratio was maintained at 0.3 g COD g-1 VS. The inoculum was 

obtained from a mesophilic full scale anaerobic digester treating WAS from Trevi (Belgium) 

and sieved at 2 mm to homogenize and remove solid materials. The inoculum biomass 

accounted for 5 g VS L-1. Flasks were sealed with a rubber stopper and aluminum sealer 

and then connected to glass columns, in which biogas production was measured by means 

of water displacement. Biogas composition was evaluated at the end of the experiment, 

after 35 days. Methane yield was expressed as the volume of methane per gram of volatile 

solids of substrate. Values are reported at standard temperature and pressure (STP) 

conditions. 

 

2.4 Analytical techniques 

Total solids (TS), volatile solids (VS), total ammonia nitrogen (TAN), total Kjeldahl nitrogen 

(TKN), total COD, total suspended solids (TSS) and volatile suspended solids (VSS) were 

performed according Standard Methods (Greenberg et al., 1992). VFA concentrations 

were measured using gas chromatography (GC-2014, Shimadzu®, The Netherlands) with 

a DB-FFAP 123-3232 column (30 m x 0.32 mm x 0.25 µm; Agilent, Belgium) and a flame 

ionization detector (FID). Liquid samples were conditioned with sulphuric acid and sodium 

chloride as described in detail in Andersen et al. (2014). 

Gas pressure was determined using a UMS-Tensiometer (Infield 7) device (UMS, 

Munchen, Germany). The biogas composition was analyzed with a Compact GC (Global 

Analyzer Solutions, Breda, The Netherlands), equipped with a Porabond pre-column and 
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Molsieve 5A column (CH4, O2, H2 and N2) and a pre-column (Rt-QS-bond) and column 

(Rt-Q-bond) (CO2, N2O and H2S). Concentrations of gases were determined by means of 

a thermal conductivity detector. 

For the determination of the total Fe, total P and total S content 10 mL of sample was kept 

overnight with 3 mL HNO3 (65 %) + 3 mL H2O2 (30 %), and then destructed in a CEM Mars 

5 Microwave Accelerated Reaction System (International Equipment Trading Ltd, Vernon 

Hills, IL, USA) prior to analysis (ISO15587-2:2002). Fe and S were analyzed by means of 

ICP-OES (Vista MPX / Varian) (ISO11885:2007, 2007). The P content was analyzed 

according to the colorimetric method of Scheel (Van Ranst et al., 1999). BOD5 was 

measured using the manometric respirometric BOD OxiTop® method. This test is based 

on the automatic measurement of the pressure depletion in a closed bottle at 20 ºC due 

to oxygen consumption by the microorganisms. 

Particle size distribution was measured using laser diffraction with a Mastersizer S long 

bench (Malvern, UK), lens 1000F to measure particle sizes in a range of 0.05 - 900 µm, 

with 10 000 sweeps and particle obscuration between 10 and 30 %. Results were fit to an 

optical model, code 3PHD and results expressed in an average volume weighed particle 

size ∅4,3, 10 % smallest particles d0.1 and 10 % largest particles d0.9. 

 

2.5 Calculations 

Volumetric biogas production was measured by pressure increase in the headspace and 

recalculated at STP (standard temperature and pressure, 101325 Pa and 273 K) 

conditions. 

VFA and CH4 results were recalculated to carbon mass base (mg C VFA L-1 and mg C 

CH4 L-1) by means of working volume, number of carbons per molecule and molecular 

weight of each chemical species. In case of inoculum addition, VFA and CH4 

concentrations (in carbon mass base) were normalized by subtracting the value obtained 

fermenting/digesting the control, where sludge was replaced with tap water (CI), to the 

experimental condition (EXP) (i.e. mg C VFAEXP L-1 – mg C VFACI L-1 ). Specific activities 

were obtained by dividing the normalized carbon production by the biomass in each tests 

at day 0 accounted by VSS. VFA and CH4 conversion efficiencies are expressed as                  

g COD-VFA g-1 CODfed x 100 converting VFA and CH4 produced to COD removed 

considering that 1.0 g of acetic acid, propionic acid, butyric acid, and valeric acid were 

equivalent to 1.07, 1.51, 1.82, and 2.04 g COD, respectively and 0.35 L of CH4 were 

equivalent to 1 g of COD removed.  
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2.6 Statistical analysis 

Correlations between CH4 or VFA production and BOD5, COD, VS, TKN, TAN, Fe and P 

content were determined using Pearson Product Moment Correlation for which the 

software SigmaPlot 13 (Systat Software, Inc., San Jose California USA, 

www.sigmaplot.com) was used. 

 

3 Results and Discussion 

3.1 Key parameters determining A-sludge auto-fermentation 

In a first phase, it was evaluated the impact of key parameters such as temperature, pH 

and retention time of the sludge towards auto-fermentation purpose (without inoculum) 

(Figure 2.1). 

 

3.1.1 Impact of retention time and temperature  

In all conditions investigated, except pH 4.5 and 55 ºC, fermentation of A-sludge resulted 

in higher maximum VFA yield than these obtained from the WAS at both 35 °C and 55 °C 

(respectively 6 ± 0 mg C VFA g-1 VSSfed at day 2 and 61 ± 1 mg C VFA g-1 VSSfed at day 

4). The highest value obtained, up to 141 ± 15 mg C VFA g-1 VSSfed, equivalent to 420 mg 

COD g-1 VSSfed, (30 % conversion of the COD supplied) was also higher than the greater 

values reported in literature for the fermentation of both primary and secondary WAS (298 

and 368 mg COD g-1 VSSfed at mesophilic and thermophilic conditions, respectively) (Lee 

et al., 2014; Zhang et al., 2009). VFA production from A-sludge was also higher than what 

reported from Ma et al. (2016) for WAS both untreated and heat-alkaline pretreated sludge. 

During fermentation of A-sludge, the highest VFA yields were observed on day 7 and 9 at 

all the pH values tested (Figure 2.1.A). Carboxylate yields subsequently decreased due to 

the conversion of VFA to CH4 (Figure 2.1.B). CH4 generation increased from day 7 with 

the highest concentrations obtained at pH 6 and 7. Therefore, to maximize the VFA 

production and accumulation, the retention time for the fermentation of A-sludge in batch 

mode was fixed at 7 days for all the following fermentation tests. 

Temperature and pH range were chosen in this study based on applicability at WWTP 

level. In particular, thermophilic temperature can in some cases enhance the hydrolysis 

leading to higher biogas production rates at lower SRT (Levén et al., 2007; Veeken & 

Hamelers, 1999). This fact was also verified for the WAS fermentation test carried out at 

mesophilic and thermophilic conditions. Even though both temperatures lead to similar 

CH4 productions, thermophilic conditions enhanced hydrolysis of the secondary sludge 

and thus, increased the VFA concentration in the fermentation broth. In a continuous 
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system, if thermophilic fermentation is performed, HRT should be kept low (e.g. 2 days) in 

order to avoid methane accumulation (Arslan et al., 2016; Lee et al., 2014). For the A-

sludge similar VFA yields were observed between mesophilic and thermophilic conditions, 

confirming earlier findings in A-sludge digestion (De Vrieze et al., 2013).   



 

 
 

 

Figure 2.1. A. VFA and B. CH4 yields at 55 ºC and 35 ºC and pH 4.5, 5, 6 and 7. In the Control, no pH adjustment was done. WAS represents the control 
were waste activated sludge was used. 
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3.1.2 Impact of pH  

Although several studies in literature show an increase in VFA production when the 

fermentation is carried out at alkaline pH (8 – 10) (Cysneiros et al., 2012), the use of such 

high pH involves high concentration of chemicals such as NaOH to raise the pH. Therefore, 

in this study the pH was varied between 4.5 and 7 (Figure 2.2). 

As previously mentioned, VFA production peaked between day 7 and 9 for all the 

conditions investigated and afterwards an increase of the CH4 production was observed. 

It was therefore assessed VFA yields in a pH range of 4.5 and 7 depending on pH and 

temperature only by values obtained after 7 days (Figure 2.2). An increase in pH led to an 

increase in VFA yield (Figure 2.2.A). However, at pH close to neutrality, CH4 production 

also increased (Figure 2.2.B). In several studies the inhibition of methanogens has been 

achieved controlling various parameters such as SRT, pH and loading rate. pH is 

considered to be the most useful parameter since most of the methanogens perform 

optimally in a narrow pH range of 6.8 – 7.5 (Appels et al., 2008; Gujer & Zehnder, 1983). 

Fermentative bacteria are generally less sensitive and function in a pH range between 4 

and 11 (Appels et al., 2008; Chen et al., 2007; Lee et al., 2014). However, at pH values 

close to the equilibrium constant of the carboxylates (pKa 4.8 – 4.9) also fermenters are 

impacted by product inhibition. 

 

 

 

Figure 2.2. A. VFA and B. CH4 yield at 55 ºC and 35 ºC and pH 4.5, 5, 6 and 7 on day 7. 
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Despite the fact that low pH is often used in fermentation processes to inhibit 

methanogenesis, auto-fermentation of A-sludge improved at pH closer to neutrality. At 55 

ºC the VFA yields almost doubled when the pH was increased from 5 to 7 (77 ± 5 mg C 

VFA g-1 VSSfed and 141 ± 15 mg C VFA g-1 VSSfed, respectively) (Figure 2.2.A). These 

results are in accordance with Cysneiros et al. (2012) that showed that increasing the pH 

up to 6.5 improved hydrolysis and increased VFA production by 50 % in leachate. Ma et 

al. (2016) also reported that neutral pH can favor the acidogenesis reactions improving 

VFA production. 

At 35 ºC the carboxylate production was higher than at 55 ºC at all the pH values 

considered, except at pH 7 (Figure 2.2.A). Conversion of VFA to CH4 was slightly higher 

at mesophilic conditions and was higher at pH closed to neutrality, at 8 ± 0 mg C VFA g-1 

VSSfed at pH 5 and at 18 ± 3 mg C CH4 g-1 VSSfed and 12 ± 1 mg C CH4 g-1 VSSfed at pH 6 

and 7, respectively.  

In addition, pH of 6 – 7 resulted in the highest total yields (considered as the sum of VFA 

and CH4 yields), at 146 and 96 mg C g-1 VSSfed for mesophilic tests and 113 and 147 mg 

C g-1 VSSfed for thermophilic tests, respectively. The total yields were thus similar within 

these conditions and they were chosen for further experiments in combination with a 

residence time of 7 days to reduce conversion of the VFA to CH4.  

Table 2.2 summarizes the VFA specificity obtained for each condition. For all the 

conditions tested during fermentation of A-sludge combining pH and temperature, acetate 

was the main product obtained, ranging from 56 % to 88 % on the 7th day of operation. At 

55 ºC, other VFA, from propionate to caproate, were also detected at all the pH values 

tested. Propionate fractions were about 10 % while butyrate decreased from 12 % to 6 % 

when the pH increased. Traces of caproate were found above pH 6, increasing to 3 % at 

day 7. At 35 ºC the fractions of acetate were higher, at 87 – 89 % while propionate was 

only detected at pH 4.5 and 5. Mesophilic conditions (35 ºC) thus increased the product 

specificity in the final mixture. 



 

 
 

 

Table 2.2. VFA composition in the auto-fermentation tests at different pH and temperatures measured at day 7. Standard deviations are for biological 

replicates. 

Temperature 55 °C 35 °C 

pH Control (6.5) 4.5 5 6 7 Control (6.5) 4.5 5 6 7 

VFA % % 

Acetate 64 ± 9   64 ± 12 66 ± 5 62 ± 3 72 ± 9 89 ± 7   56 ± 14   69 ± 10 87 ± 12 88 ± 5 

Propionate 11 ± 1 12 ± 3 11 ± 1 13 ± 2   8 ± 1   0 ± 0 18 ± 4 14 ± 2 0 ± 0   0 ± 0 

Isobutyrate   5 ± 1   3 ± 1   5 ± 1   5 ± 1   4 ± 0   3 ± 1   3 ± 1   2 ± 0 3 ± 1   4 ± 0 

Butyrate   7 ± 1 12 ± 3   7 ± 1   8 ± 1   6 ± 1   2 ± 0 10 ± 2   9 ± 1 3 ± 1   1 ± 0 

Isovalerate 10 ± 1   8 ± 2 10 ± 1 11 ± 1   6 ± 1   5 ± 1   6 ± 1   3 ± 0 4 ± 1   6 ± 0 

Valerate   1 ± 1   2 ± 1   2 ± 1   2 ± 0   1 ± 0   2 ± 0   6 ± 1   3 ± 0 2 ± 1   1 ± 0 

Caproate   2 ± 0   0 ± 0   0 ± 0   0 ± 0   3 ± 0   0 ± 0   0 ± 0   0 ± 0 0 ± 0   0 ± 0 
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3.2 Fermentation in the presence of an adapted inoculum  

The maximum carboxylate yield detected for A-sludge auto-fermentation was 141 mg C 

VFA g-1 VSSfed, equivalent to 30 % conversion efficiency. According to previous studies, 

the conversion efficiency during digestion of A-sludge to CH4 is around 50 – 70 % (De 

Graaff & Roest, 2012; De Vrieze et al., 2013) which suggest that the potential for VFA 

production should be higher. In the second experiment it was thus investigated the impact 

of an adapted fermentative inoculum acclimatized to A-sludge. Conditions with and without 

inoculum were tested both at 35 ºC and 55 ºC and at pH 6 and 7 (Figure 2.3).  

 

 

 

Figure 2.3. VFA yields at 55 ºC and 35 ºC and pH 6 and 7 after 7 days of fermentation. Light grey 
columns correspond to the test with only A-sludge (auto-fermentation) and dark gray columns 
correspond to the test with inoculum and A-sludge (fermentation). 

 

 

Inoculum presence enhanced VFA production at both temperatures. In all cases the VFA 

yields were higher at 35 ºC than at 55 ºC (Figure 2.3), in agreement with the auto-

fermentation tests. The highest VFA yield was achieved with inoculum at 35 ºC and pH 7.  

The total VFA yields obtained in this second tests (Figure 2.3) were lower than the auto-

fermentation tests (Figure 2.2). In this study, batch tests in which the buffer was replaced 

by tap water were carried out to test if phosphate buffer could affect the fermentation, yet 

no difference in VFA production was found (data not shown). Therefore, the difference in 

total carboxylate production was attributed to differences in A-sludge composition due to 

day-by-day changes in operational parameters at WWTP level in terms of HRT, SRT, F/M 

ratio, and/or day-by-day differences in wastewater concentration and composition.  
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Although during the auto-fermentation tests 35 ºC and pH 7 appeared the most 

advantageous conditions for methanogenesis to occur, no CH4 production was detected 

after 7 days of fermentation, thus confirming that a fermentative inoculum can direct the 

digestion specifically towards VFA production, when the residence time is kept low. 

 

3.3 Influence of A-sludge composition  

A-sludge samples from four different WWTPs in The Netherlands (Breda, Groningen, 

Rotterdam and Utrecht) were collected during winter and summer periods to evaluate their 

potential for production of carboxylates through fermentation at pH 7 and 35 ºC in 7-day 

batch tests. The main A-sludge composition varied from one substrate to the other within 

a range of 2 – 15 g COD L-1, 2 – 15 g TS L-1 and 95 – 440 mg N L-1, with winter values 

being higher than summer values (Table 2.1). Fermentation results are depicted in Figure 

2.4. 

 

 

 

Figure 2.4. VFA yields at day 7 for the A-sludge collected in February 2014 (Winter) and in July 
2014 (Summer) from four full-scale A-stage treatment systems (n = 3). 

 

 

The A-sludge collected from Utrecht and Breda WWTPs had a similar VFA yields for both 

winter and summer periods (116 ± 3 mg C g-1 VSSfed and 120 ± 12 mg C g-1 VSSfed, and 

92 ± 5 mg C g-1 VSSfed and 90 ± 2 mg C g-1 VSSfed, respectively), although summer 

organics content was lower than winter (Table 2.1). The VFA yields from Rotterdam and 

Groningen substrates were lower for the samples collected in summer. In particular, the 

VFA yields of the A-sludge collected in Rotterdam were 143 ± 5 mg C g-1 VSSfed in 

February 2014 and 88 ± 3 mg C g-1 VSSfed in July 2014. Groningen VFA yields values 

were 44 ± 1 mg C g-1 VSSfed and 8 ± 1 mg C g-1 VSSfed for the samples collected in February 
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and July 2014, respectively. The decrease in VFA production might be explained by the 

reduction of organic matter from 5.1 to 3.4 g COD L-1 and from 7.2 to 1.7 in the A-sludge 

from Rotterdam and Groningen, respectively (Table 2.1). This led to a decrease in VFA 

conversion efficiencies from 22 % to 16 % for the former and from 9 % to 2 % for the latter 

(g COD g-1 CODfed x 100).  

No CH4 production occurred during the fermentation of A-sludge collected from Utrecht, 

Rotterdam or Breda WWTPs in February 2014 while negligible production occurred with 

the sample collected from Groningen (1 ± 1 mg C CH4 g-1 VSSfed). Concerning the A-sludge 

collected in July 2014, 7 ± 1 mg C CH4 g-1 VSSfed and 4 ± 0 mg C CH4 g-1 VSSfed were 

produced with A-sludge from Breda and Rotterdam, respectively, while no CH4 production 

occurred for A-sludge collected from Utrecht and Groningen. If the total yield is considered 

as the sum of the VFA and CH4 yields, this accounts for 92 mg C g-1 VSSfed, for A-sludge 

collected in July 2014 in Rotterdam, which is 1.6 times lower than the total yield for A-

sludge collected in February 2014. CH4 produced thus does not explain the lower VFA 

yields.  

The VFA specificity was also evaluated for each substrate and period (Table 2.3). Utrecht 

and Breda samples, with similar VFA productions between seasons, also presented similar 

profiles for both winter and summer. In both cases the acetate proportion ranged between 

43 % and 58 % while propionate was detected in a range of 26 % and 33 %. This differed 

from the VFA specificity obtained during auto-fermentation of A-sludge with the same pH 

and temperature (Table 2.2), in which mainly acetate and residual other carboxylates were 

detected. No repeatability in the percentage of each VFA was found for samples collected 

during winter and summer from Rotterdam and Groningen, which also presented different 

VFA production values. VFA fractions were different for samples collected during winter 

and summer from Groningen. Variations in sludge composition might affect the 

carboxylate production as well as composition. A large nutrient variation was detected 

between each plant and between both periods tested, representing the major variability 

within a plant, from the parameters analyzed for each substrate (Table 2.1). Further 

investigation is required as no correlation between VFA yield and organics/nutrient ratios 

were found within the analyzed sites and seasonal points. In particular, more frequent 

sampling points (i.e. weekly) and information on the operational data of the WWTPs (in 

terms of wastewater composition, HRT, SRT, F/M applied, among others) might consent 

to identify a possible correlation between variability in the A-sludge composition and VFA 

yields.  



 

 

 
Table 2.3. VFA composition of the four A-sludge samples in winter (February 2014) and summer (July 2014) fermentation tests measured at day 7. 

 February 2014 

 

July 2014 

VFA Utrecht Breda Rotterdam Groningen Utrecht Breda Rotterdam Groningen 

 % % 

Acetate 54 ± 1 43 ± 8 39 ± 6 59 ± 3 58 ± 4 44 ± 1 57 ± 1 26 ± 0 

Propionate 26 ± 1 28 ± 4 32 ± 3 28 ± 1 28 ± 1 33 ± 0 29 ± 1 31 ± 2 

Iso-butyrate   3 ± 0   3 ± 0   5 ± 4   0 ± 0   0 ± 0   2 ± 2  0 ± 0   0 ± 0 

Butyrate   9 ± 0   19 ± 12   14 ± 12   0 ± 0   7 ± 1   9 ± 0  0 ± 0   0 ± 0 

Iso-valerate   8 ± 0   7 ± 1   9 ± 2  13 ± 1   7 ± 1 12 ±1 14 ± 0 42 ± 1 

Valerate   1 ± 1   0 ± 0   0 ± 0   0 ± 0   0 ± 0   0 ± 0   0 ± 0   0 ± 0 
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Rather than nutrient content, initial BOD5 of the A-sludge appeared to be the key 

discriminant for VFA production, being these two parameters the ones presenting a higher 

correlation (R2 = 0.83). Different BOD5 and BOD5/COD ratio were found for A-sludge 

collected from different WWTPs (Table 2.4). This high variability is consequent to day-by-

day variances in the WWTPs and in the domestic wastewater (in terms of dilution and 

organics and nutrients content) determining presence of more/less biodegradable 

COD/BOD that can be converted into carboxylates. The higher the BOD5 the higher the 

VFA yields (Table 2.4). Similar BOD5 concentrations between Rotterdam and Breda led to 

similar VFA yields. Therefore, in order to increase the yield of carboxylates, one should 

increase the biodegradable organic matter content. A-stage sludge will likely need a 

combination of sludge pretreatment (Chen et al., 2007) that can enhance the BOD5 by 

means of sludge hydrolysis and an enriched inoculum. 

Another approach to increase the VFA production could be the co-fermentation of the A-

sludge with other streams, such as other kinds of sludge (in the case of primary sludge, 

co-fermentation with WAS increased the VFA production by 40 %), starch rich industrial 

wastewater, kitchen waste (Lee et al., 2014) or food waste (De Vrieze et al., 2013). 

Increasing the BOD and/or the micro-nutrients and diluting possible inhibitors in the sludge 

by using a co-substrate might increase the hydrolytic capacity of the system helping to 

release biodegradable organic matter from the sludge itself. 

 

 

Table 2.4. BOD5, BOD5/COD ratio, VFA yield (mg COD g-1 CODfed) on day 7, and VFA/BODfed ratio 
(g COD-VFA g-1 BODfed x 100) for the A-sludge collected in summer (July 2014) from 4 WWTPs. 

 
BOD5 BOD5/COD VFA VFA/BODfed 

g L-1 % mg COD g-1 CODfed % 

Utrecht 1.9 ± 0.1 69 210 ± 2 31 

Breda 1.2 ± 0.1 35 157 ± 5 41 

Rotterdam 1.2 ± 0.0 34 146 ± 4 47 

Groningen 0.7 ± 0.1 42 19 ± 3 5 

 

 

3.4 Influence of iron concentration on carboxylate and methane 

production 

Considerable differences in iron concentration were found in the samples collected from 

the four WWTPs and within the same WWTP at different time points (Table 2.1). 

Methanogens require iron for their metabolic activity, and increasing the iron content in the 
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wastewater has been shown to boost CH4 production (Hoban & Van Den Berg, 1979; 

Ivanov et al., 2002; Lee & Shoda, 2008). However, it was not clear if iron content affected 

only the last step of methane production or the entire anaerobic treatment. Thus, the 

digestibility and fermentability of all A-sludge samples in relation to the iron content was 

explored, and results are depicted in Figure 2.5. 

Digestibility obtained from the BMP tests correlated with the iron content of each substrate 

(R2 = 0.75, p < 0.05) (Figure 2.5.A) as described in literature (Hoban & Van Den Berg, 

1979; Lee & Shoda, 2008). Fermentation on the contrary did not show any dependency 

on the iron in the A-sludge samples (Figure 2.5.B). Fermentation of A-sludge collected 

from Utrecht and Breda during different time points resulted in similar VFA yields, 

irrespective of the different iron concentration. A-sludge collected from Utrecht, Breda and 

Groningen had similar iron concentrations of around 300 mg Fe L-1, yet VFA yields were 

different. Finally, similar iron concentrations (Table 2.1) within the same installation 

(Rotterdam), presented different VFA production values. Therefore, other variations in 

sludge composition different than iron were hypothesized as responsible for VFA 

production differences. 

 

 

 

Figure 2.5. Dependency of iron content with CH4 production (a) and VFA production (b) for 
Rotterdam (□), Utrecht (Δ), Breda (○) and Groningen (◊). Filled symbols originate from the winter 
period (February 2014) and empty symbols represent the summer period (July 2014). 

 

 

3.5 Iron concentration influence on A-sludge fermentation  

In order to demonstrate the relationship of methanogenesis with the concentration of iron, 

14-days fermentation batch tests with the same A-sludge were performed with addition of 

iron from 2.5 to 20 mmol L-1. VFA yields ranged between 151 ± 8 and 171 ± 3 mg C VFA 

g-1 VSSfed in all the conditions tested, and were similar also at different sampling points. 
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An increase in the iron concentration increased the conversion of VFA into CH4. This could 

be already observed after 4 days of fermentation, becoming more noticeable after 7 days. 

The highest methane production was obtained with 20 mmol Fe L-1 (AS_20) on day 14, 

and this was 8 times higher than the control with no extra addition of iron (AS) (Figure 

2.6.B). Methane yields after 14 days was 46 ± 9 mg C CH4 g-1 VSSfed for the A-sludge 

where no extra iron was added (AS) and 51 ± 3, 67 ± 4, 74 ± 10 and 114 ± 12 mg C CH4 

g-1 VSSfed for the A-sludge with addition of 2.5, 5, 10 and 20 mmol Fe L-1, respectively, 

showing a linear correlation (R2 = 0.98) (Figure 2.6.D).  

Hoban and Van Den Berg (1979) demonstrated that addition of acetate and CO2 to sewage 

enhanced the conversion of acetate into methane increasing the iron concentration. 

Similarly, in our case, accumulation of VFA (acetate) produced from the A-sludge resulted 

in higher conversion of VFA into methane with higher concentration of iron. After 14 days 

the VFA concentration linearly decreased with higher concentration of iron (Figure 2.6.A 

and 2.6.B,) due to improved conversion of VFA into methane (Figure 2.6.C).  

Fractions of propionic, isobutyric and butyric and isovaleric and valeric acids were similar 

in all the condition tested (Figure 2.7). Acetic acid was produced and accumulated in the 

first 2 days of fermentation and then converted to CH4. Fractions of acetic acid, over the 

total VFA and CH4 produced, were 46 – 48 % in all the conditions tested.  

Increasing the iron content increased the conversion of VFA into CH4. The fraction of CH4 

(over total VFA and CH4 produced) was of up to 46 % (118 ± 12 mg C gVSSfed) after 14 

days of fermentation when 20 mmol Fe L-1 were added to the A-sludge. Acetate was the 

main VFA converted to CH4 while increasing the iron concentration (Figure 2.7), as 

indicated by Hoban and Van Den Berg (1979). Thus, iron is required for methanogenesis 

but again it does not seem to have an influence in the intermediate carboxylate production. 

This may relate to the low content of iron containing enzymes of many fermenters, and 

may be exploited as a strategy. If the A-stage separation can be performed at minimal or 

no Fe addition (replacing Fe with other coagulants), VFA production and accumulation 

from sludge will be less likely to suffer from parasitic methanogenesis. If phosphorus is 

removed replacing the iron with polyelectrolytes or via the B-stage sludge, and mixing of 

A- and B-sludge occurs post-fermentation, a full process removing C, N and P is still 

possible while maximizing both fermentation and subsequent AD. 



 

 
 

 

Figure 2.6. A.VFA and C. CH4 yields for A-sludge from Breda WWTP at different sampling days. Each bar represents iron concentrations of 2.5, 5, 10 
and 20 mmol Fe L-1 were added. AS represents the control where no iron was added. B. and C. represent respectively the dependency of the iron content 

with VFA and CH4 produced after 14 days of fermentation.
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Figure 2.7. VFA speciation  for the A-sludge from Breda with no extra addition of iron (AS) and for 
the A-sludge with 2.5, 5, 10 and 20 mmol Fe L-1 (AS_2.5, AS_5, AS_10 and AS_20 respectively). 
VFA speciation was calculated for each carboxylic acid as g C-VFAacid x (g-1C-VFAtotal + g-1C-CH4) 
x 100.  
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4. Conclusions 

Optimal pH, temperature and retention time for A-sludge fermentation to maximize VFA 

production and minimize methane generation was pH 7 and 35ºC for 7 days. Production 

enhanced in the presence of an inoculum. Fermentation of A-sludge from four different 

WWTPs was executed to study the effect of different organics, nutrients and iron content 

on the fermentation. Initial BOD of the sludge appeared to be key determining VFA yield 

from A-sludge. Iron content could be correlated with CH4 production but not with VFA 

production. This feature of iron limitation might be applied for further studies producing 

carboxylates to limit methane production. 
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Abstract 

Domestic wastewater represents a considerable feedstock for organics but the high 

dilution makes their recovery typically unsuccessful. This study investigated three routes 

to 10-fold concentrate the organics using forward osmosis (FO) (draw solution (DS) 2.2 M 

MgCl2): directly on domestic wastewater, A-sludge, or secondary sludge, with the end goal 

of increasing volatile fatty acid (VFA) yield from subsequent 9-day fermentation tests. 

Forward osmosis concentrated the total COD by a factor of 8.2 ± 1.2, 10.1 ± 2.4 and 4.8 ± 

0.2 with respect to the raw streams of wastewater, secondary sludge and A-sludge. The 

soluble fraction of the COD was concentrated up to 3.5 times in the A-sludge and 2.1 times 

in the secondary sludge; the result of a combined effect of the chemical action of Mg2+ 

(diffused from the DS) on sludge disaggregation and cell lysis, and the physical action of 

recirculation and air-scouring of the A-sludge in the FO-unit.  

The FO-concentrated A-sludge produced 445 ± 22 mg COD-VFA g-1 CODfed, which was 

4.4 times higher than for the untreated A-sludge. No VFA were produced from untreated 

secondary sludge, but after FO-concentration 71 ± 5 mg COD-VFA g-1 CODfed could be 

reached. Due to the low organics in wastewater even after FO-concentration (1.08 ± 0.08 

g COD L-1), no notable VFA production occurred. The effect of sludge concentration, Mg2+ 

addition, bubbling and a combination of these on the subsequent fermentation of A-sludge 

was investigated, yet their application did not improve the VFA yield at the level reached 

with A-sludge FO-concentration.  

The combination of A-stage technology and membrane technology for dewatering and 

COD concentration could be a key advancement to increase VFA production from 

domestic wastewater, whereby at least 45 % of the COD can be recovered as valuable 

VFA. 
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1 Introduction 

Significant research efforts are focused on the recovery of water and nutrients from 

wastewater (Verstraete et al., 2009) and particularly in the conversion of the organic 

fraction into energy as biogas or more interestingly as VFA. However, the generally low 

organic content of domestic wastewater (< 500 mg L-1) hampers efficient recovery, and is 

one of the main limitations in developing feasible bioproduction platforms (Lee et al., 

2014). 

An evident means to concentrate organics is to work via sludge, generated from the 

wastewater as substrate and separated via settling. CAS process is typically performed 

with high aeration energy, and at a SRT of 8 - 20 days, resulting in a very efficient organic 

carbon removal, but yielding sludge with poor digestion efficiency (Bolzonella et al., 2005; 

Von Sperling, 2007).  

An alternative approach is the AB process where the A-stage is typically operated at HRT 

of 15 - 30 min and SRT < 1.2 days (Boehnke et al., 1997). A-sludge, generated from the 

A-stage, is usually digested to biogas with digestion efficiency higher than that of CAS due 

to the remarkably low sludge age and high biodegradability (Boehnke et al., 1997; De 

Vrieze et al., 2013).  

However, due to the poor settling performance of the A-sludge, the COD content is still too 

diluted to ensure high VFA production (see Chapter 2) (Lee et al., 2014). Thus, a further 

concentration of both A-sludge and secondary sludge is needed to ensure sufficiently high 

VFA concentrations for extraction (> 5 g L-1) and further valorization into high value 

products (Agler et al., 2013; Andersen et al., 2014).  

Forward osmosis (FO) is a potentially energy-efficient and low-cost technique for 

concentration of challenging feed streams such as WAS (Cornelissen et al., 2008; Zhu et 

al., 2012) and domestic wastewater (Lutchmiah et al., 2011). FO is based on the 

spontaneous process of osmosis, in which water is transported through a semi-permeable 

membrane from a feed solution (FS) of relatively low solute concentration (low osmotic 

pressure) to a draw solution (DS) of relatively high solute concentration (high osmotic 

pressure). The membrane allows for water transport but displays a high rejection of solutes 

(Cath et al., 2006). Draw solutes, such as MgCl2, need to have a low molecular weight, a 

high diffusivity, produce high osmotic pressures, are well-retained by the FO membrane, 

are non-toxic and cheap (Achilli et al., 2010). Concentrating any stream using FO causes 

an increase in its dissolved solutes content, due to a build-up of rejected solutes from the 

feed itself as well as the diffusion of solutes from the draw solution into the feed. The latter 

is referred to as reverse salt diffusion (RSD).  
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In this work, FO was applied to concentrate the organics of domestic wastewater, high-

rate activated A-sludge and secondary sludge to undergo a subsequent fermentation for 

VFA production purposes. FO dewatering fluxes of the different streams were compared. 

MgCl2 was chosen as draw solute because of the high osmotic pressure generated by 

these solutions combined with the lower RSD compared to monovalent salts such as NaCl 

(Cath et al., 2006). VFA yields and speciation of the concentrated streams were measured 

and compared to the non-concentrated streams to assess the effect of concentration by 

FO. The effect of salt leakage during FO was investigated by carrying out fermentation 

experiments with and without addition of MgCl2. 

 

2 Materials and Methods 

2.1 Substrate collection 

A-sludge was collected from the return flux to the A-tank in Nieuwveer WWTP (Breda, The 

Netherlands). Secondary sludge and domestic wastewater were collected from 

Destelbergen WWTP (Destelbergen, Belgium). Characteristics of the substrates are 

summarized in Table 3.1. Mixed liquors as collected were used as FO feed. Part of a 

second batch of A-sludge (7.76 ± 0.16 g COD L-1, 1.47 ± 0.04 g sCOD L-1, 5.29 ± 0.13 g 

TSS L-1, 4.41 ± 0.14 g VSS L-1) was stored at 4 °C and gravity-concentrated (removing the 

liquid volume above the settled sludge – resulting in a concentration of 3.8 times) to carry 

out fermentation tests to study the effects of RSD. 



 

 

Table 3.1. Characteristics of the streams. Analysis were carried out in triplicate. 

 
 

Domestic wastewater Secondary sludge A-sludge 

pH 7.42 7.26 7.15 

Conductivity (mS cm-1) 1.4 1.3 1.8 

Total solids, TS (g L-1) 0.26 ± 0.04 4.89 ± 0.83 6.73 ± 0.59 

Volatile solids, VS (%) 38 58 78 

Total suspended solids, TSS (g L-1) <0.01 4.01 ± 0.04 5.43 ± 0.52 

Volatile suspended solids, VSS (%) - 63 78 

Kjeldahl nitrogen, TKN (mg N L-1) 9 ± 0 974 ± 15 476 ± 40 

Total ammonia nitrogen, TAN (mg N L-1) 7 ± 5 56 ± 7 577 ± 20 

Total chemical oxygen demand, tCOD (g L-1) 0.13 ± 0.02 4.48 ± 0.98 8.40 ± 0.36 

Soluble chemical oxygen demand, sCOD (%) 25 5 15 

Fe (mg L-1) 6 ± 0 141 ± 1 271 ± 7 

P (mg L-1) 46 ± 4 223 ± 1 200 ± 4 

Mg (mg L-1) 166 ± 24 37 ± 0 41 ± 1 
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2.2 Aerobic and Anaerobic Forward osmosis (FO) experiments 

A schematic overview of the setup is given in Figure 3.1. The FO membrane module (3) 

was composed of two Plexiglas frames used as feed and draw compartments with a 

membrane in between. The FO membranes used in this study, were commercial thin film 

composite (TFC) membranes produced by Hydration Technology Innovations (HTI) 

(Albany, Oregon, USA) (Ren & McCutcheon, 2014). The membrane orientation was AL-

FS (active layer facing the feed solution) and a new membrane coupon was used for each 

test. The membrane surface had an area of 56 cm2 (14 cm x 4 cm) and each compartment 

had a net volume of 33.6 cm3. Due to the viscosity of the sludge, flow channels of 6 mm 

deep were used. This implied a limited tangential flow rate, as the transectional area was 

large. During FO treatment, FS and DS (MgCl2 2.2 M) were recirculated at ambient 

temperature and at cross-velocity of 200 rpm. To increase scouring and mitigate 

membrane fouling and concentration polarization caused by low tangential flow rates, an 

air pump (air flux 0.6 L min-1, equaling 6.4 m3 m-2 h-1) (2) was included, pumping air directly 

into the feed side of the FO module.  

Water flux was measured by logging the weight of the feed solution using an Ohaus Scout 

Pro 4001 scale (1) (Ohaus,NJ, USA) and an in-house developed LabVIEW script (8) 

(National Instruments, TX, USA). The draw solution (DS) concentration was maintained at 

2.2 M MgCl2 by periodically passing DS over a bed of solid draw solute (7), after which a 

portion was dissolved and mixed in the DS reservoir (4). This process was based on 

conductivity measurements and controlled using another in-house LabVIEW script which 

controlled a three-way valve (6) through a microcontroller board (Arduino Uno, Arduino, 

Milan, Italy) equipped with a relay shield and supplied with DS conductivity data, measured 

by a Consort SK23T (Consort, Turnhout, Belgium).  

To limit the concentration factor of the feed to 10, the pump was shut down automatically 

once the weight of the FS reached 10 % of the original weight. The volume of FS in the 

tubing and membrane module was taken into account. To ensure that no osmosis could 

take place after reaching the weight target, the DS side of the FO module was emptied 

before the pump was shut down. This was accomplished by turning on a three-way valve 

(5), which caused air to be pumped into the draw solution side of the FO module. This 

shut-down operation was again controlled by LabVIEW and the microcontroller. 

An anaerobic FO set-up was built to investigate the potential effect of microbial respiration 

during FO treatment. In order to keep the feed compartment anaerobic and to mitigate 

concentration polarization and fouling, an N2/CO2 (9:1 ratio) gas mixture was recirculated 

in the feed compartment (0.6 L min-1).  
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Figure 3.1. Forward osmosis set-up. 

 

2.3 Fermentation experimental procedure 

Fermentation batch tests were performed in triplicate in serum flasks sealed with a rubber 

stopper and aluminum sealer. Total and working volumes were respectively 120 mL and 

80 mL. The tests were run at 35 ºC and pH 7, best conditions to achieve higher VFA yield 

during A-sludge fermentation as shown in Chapter 2. To prevent changes in pH, 1 mL of 

concentrated pH buffer (strength 200 mM H+) was added. For all tests, controls with only 

inoculum or only substrate were also performed, tap water was used to reach the working 

volume. Final results were normalized taking the controls activity into account. Mixed 

culture inoculum from a fermenter (CSTR) treating diluted molasses (HRT 5 days, pH 5.5, 

T 35 ºC, obtained after a stable working period of 110 days) for VFA production was 

previously acclimated respectively to A-sludge, domestic wastewater or domestic 

secondary sludge and used as inoculum for the fermentation of the streams. 

The headspace was flushed with N2 at day 0 of all experiments, which were kept 

temperature controlled and shaking at 120 rpm for a period of 9 days. Liquid and gas 

samples were taken periodically, decreasing the frequency over the experiment. Biogas 

production was monitored for every sampling point.  

The three feed substrates were fermented before and after FO-concentration. A-sludge 

was also fermented after anaerobic FO-concentration. To avoid overloading of the 

fermentation tests by organics, different substrate quantities were tested according each 

feed concentration as defined in Table 3.2. 
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To assess the reasons for changes in VFA production before and after FO-concentration, 

extra experiments were carried out: the effect of sludge concentration, aeration during FO-

concentration, RSD or a combination of these effects was evaluated towards changes in 

soluble COD in the substrate and VFA production. To this extent, the raw A-sludge and 

the gravity-concentrated A-sludge (obtained removing the liquid volume above the sludge 

settled over night at 4 °C) were subjected to three different types of treatments: 

i) Addition of 7.1 g L-1 of MgCl2 (same concentration as in the FO-concentrate A-sludge 

(Table 3.3)); 

ii) Addition of 28.4 g L-1 of MgCl2 (salt overdose to evaluate the effect of build-up salinity 

and conductivity in acidogenesis) 

iii) Air bubbling (flow 0.6 L min-1, the same used during the FO); 

iv) A combination of conditions i) or ii) with condition iii). 

All conditions were applied for 37.3 hours (same time needed to FO-concentrate the A-

sludge 10 times (Table 3.3)). Fermentation tests were performed in each of the pre-treated 

substrates as indicated in Table 3.2. The potential impact of RSD on cell lysis was 

determined by flow cytometry with live/dead staining as described in the next sections. 



High-rate activated A-sludge coupled with forward osmosis thickening  
to increase carboxylate production 

63 

 

Table 3.2. Proportion loads for the 9-days fermentation batch tests. Acronyms stand for raw A-
sludge (AS), secondary sludge (WAS), domestic wastewater (WW), FO-concentrated streams (FO-
AS, FO-WAS, FO-WW), anaerobically FO-concentrated A-sludge (AnaFO-AS ), gravity 
concentrated A-sludge (GC-AS), addition of 7.1 g L-1 of MgCl2 (ASML/ GC-ASML), addition of 28.4 
g L-1 of MgCl2 (ASMH/ GC-ASMH), aeration at 0.6 L min-1 (ASA/ GC-ASA) and a combination of 
salt addition (7.1 g L-1 or 28.4 g L-1 of MgCl2) and aeration (ASAML/ GC-ASAML and ASAMH/ GC-
ASAMH, respectively). 
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AS 10 30 40 

WAS 10 30 40 

WW 10 30 40 

FO-AS 10 10 60 

AnaFO-AS 10 10 60 

FO-WAS 10 10 60 

FO-WW(1) 10 10 60 

FO-WW(2) 10 60 10 
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AS 10 30 40 

ASML 10 30 40 

ASMH 10 30 40 

ASA 10 30 40 

ASAML 10 30 40 

ASAMH 10 30 40 

GC-AS 10 30 40 

GC-ASML 10 30 40 

GC-ASMH 10 30 40 

GC-ASA 10 30 40 

GC-ASAML 10 30 40 

 GC-ASAMH 10 30 40 
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2.4 Flow cytometry 

The intact cells present in the sludge samples were quantified as described by Van Nevel 

et al. (2013). First, samples were sonicated at 50/60 Hz for 3 minutes, filtered through 50 

µm to avoid clogging of the instrument and diluted 100x in sterile, 0.22 µm filtered Evian. 

Next, the bacterial cells were stained with a SYBR  Green I (10 000x in DMSO, SG, 

Invitrogen) and propidium iodide (PI, Invitrogen) staining solution. This staining resolved 

membrane-compromised from intact cells on two fluorescence detectors (527/32 nm and 

586/42 nm) when excited by a 488nm laser. The samples were stained up to a final 

concentration of 1x SYBR Green I and 2 µM PI, and incubated for 20 minutes in the dark 

at 37°C. Flow cytometric analysis of at least 3000 cells was then performed on a BD 

FACSVerse flow cytometer (BD Biosciences). Cell densities were extracted from the raw 

data by manual gating. The gates were for all samples and were validated by negative 

controls (0.20 µm filtered sample and a heat killed sample). The membrane-compromised 

fraction could not be determined for the FO-concentrated A-sludge and anaerobic FO-

concentrated A-sludge because the membrane-compromised cell population overlapped 

with the background noise. 

 

2.5 Analytical techniques 

Total solids (TS), volatile solids (VS), total ammonia nitrogen (TAN), total Kieldahl nitrogen 

(TKN), total chemical oxygen demand (COD), soluble chemical oxygen demand (sCOD) 

total suspended solids (TSS) and volatile suspended solids (VSS) were performed 

according to Standard Methods (Greenberg et al., 1992).  

For the determination of the total Fe, total P, total S, total K, total Na, total Ca and total Mg 

content 10 mL of sample was kept overnight with 3 mL HNO3 (65 %) + 3 mL H2O2 (30 %), 

and then destructed in a CEM Mars 5 Microwave Accelerated Reaction System 

(International Equipment Trading Ltd, Vernon Hills, IL, USA) prior to analysis (ISO15587-

2:2002). The destructed samples were subsequently analyzed by means of ICP-OES 

(Vista MPX / Varian) (ISO11885:2007, 2007). 

Mg2+ content in the FO-concentrated streams was determined on a 761 Compact Ion 

Chromatograph (Metrohm, Switzerland) equipped with a conductivity detector and a 

Metrosap C6 250/4.0 column. The eluent flow was fixed at 1.2 mL min-1 with a composition 

of 1.7 mM pyridine-2,6-dicarboxylic acid and 1.7 mM nitric acid.  

VFA concentrations were measured using gas chromatography (GC-2014, Shimadzu®, 

The Netherlands) with a DB-FFAP 123-3232 column (30 m x 0.32 mm x 0.25 µm; Agilent, 
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Belgium) and a flame ionization detector (FID). Liquid samples were conditioned with 

sulphuric acid and sodium chloride as described in detail in Andersen et al. (2014). 

Gas pressure was determined using a UMS-Tensiometer (Infield 7) device (UMS, 

Munchen, Germany). The biogas composition was analyzed with a Compact GC (Global 

Analyzer Solutions, Breda, The Netherlands), equipped with a Porabond pre-column and 

Molsieve 5A column (CH4, O2, H2 and N2) and a pre-column (Rt-QS-bond) and column (Rt-

Q-bond) (CO2, N2O and H2S). Concentrations of gases were determined by means of a 

thermal conductivity detector. 

 

2.6 Calculations 

Volumetric biogas production was measured by pressure increase in the headspace and 

recalculated at STP (standard temperature and pressure, 101325 Pa and 273 K) 

conditions. VFA and CH4 results were recalculated to COD removed considering that 1.0 

g of acetic acid, propionic acid, butyric acid, and valeric acid were equivalent to 1.07, 1.51, 

1.82, and 2.04 g COD, respectively and 0.35 L of CH4 was equivalent to 1 g COD removed. 

Those conversion factors were calculated considering the molecular weight of the molar 

oxygen per the number of molecules of oxygen needed to hydrolyze a certain VFA and 

the molecular weight of the VFA considered. VFA yields were obtained by dividing the 

COD production by the COD fed in each test. 
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3 Results and Discussion 

3.1 Concentration of sewage and sludge by FO 

3.1.1 Dewatering performance/flux behavior in FO  

The goal of the FO treatment was to concentrate the different substrates and produce a 

concentrate rich in organic carbon for fermentative VFA production. To this end, A-sludge, 

secondary waste activated sludge (WAS) and domestic wastewater were concentrated 

10-fold by FO in batch mode. During FO concentration, the water flux across the 

membrane decreases over time due to fouling and increased salinity build-up on the 

concentrate side. The flux profile obtained for the different feed solutions is shown in Figure 

3.2.  

 

 

 

Figure 3.2. FO dewatering flux in L m-2 h-1 for the domestic wastewater, secondary sludge or A-
sludge (feed solution) when in contact with a solution of MgCl2 2.2 M (draw solution) through a 
semipermeable TFC membrane. The streams were concentrated/dewatered with a factor 10. 

 

 

Despite the relatively similar conductivities of the different substrates, the initial fluxes, 

defined as the average flux during the first 2 hours of FO concentration, were 11.4 ± 0.2 

LMH (L m2 h-1) for secondary sludge, 8.0 ± 0.7 LMH for A-sludge and 9.6 ± 0.4 LMH for 

wastewater, respectively. It was hypothesized that the different initial fluxes between the 
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different streams can be explained by the feed characteristics in terms of different solids 

(TS, VS and suspended solids (SS)) and organic content (sCOD and tCOD) (Table 3.1). 

Secondary sludge yielded the highest initial flux, approaching the DI water baseline. This 

was consistent with an earlier study from Cornelissen et al. (2008) that found similar flux 

values for secondary activated sludge and DI water during 7 to 8 hour experiments (5.1 - 

6.2 LMH for the DI water and 5.8 LMH for the activated sludge, respectively by using a 

TFC FO-membrane and 0.5 M NaCl draw solution). Secondary sludge had a low content 

of soluble or colloidal VS (calculated as difference between VS and VSS) compared to A-

sludge. A-sludge contained the highest amounts of TS, VS and SS of all feeds. Moreover, 

the sCOD content of A-sludge, and the sCOD/tCOD ratio (1.25 ± 0.02 g L-1 and 15 %, 

respectively) were higher than that of secondary sludge (0.22 ± 0.01 g L-1 and 5 %, 

respectively) (Table 3.1). Thus, it was hypothesized that a combination of a fast formation 

of a dense fouling-layer on the membrane, combined with cake-enhanced concentration 

polarization caused the initial lower flux during A-sludge FO-dewatering. The latter is due 

to the dominance of small, soluble/colloidal organic compounds which potentially impart 

extra osmotic pressure in A-sludge, caused the initial lower flux of A-sludge during FO-

dewatering. In the case of secondary sludge, the sludge flocs could aid in scouring the 

membrane surface and in sequestering the soluble organics, thus leading to less fouling 

(or potentially a cake with less hydraulic resistance). Wastewater had the lowest VS/TS 

ratio (38 %) but the highest sCOD fraction of tCOD (25 %) (Table 3.1). Similar conditions 

were found by Lutchmiah et al. (2011) who reported a 20 % reduction of the initial 

dewatering flux from DI water to wastewater. It is likely that the dominance of small, soluble 

organic compounds in wastewater caused the rapid formation of a gel layer on the 

membrane and a higher osmotic pressure in the proximity of the membrane, resulting in a 

lower initial flux compared with that of secondary sludge.  

After the stabilization time (3.7 hours for the secondary sludge and 4.7 hours for A-sludge, 

respectively) due to membrane wetting and membrane salt uptake phenomena, for both 

A-sludge and secondary sludge (containing higher solids concentration), the initial flux 

declined linearly. Flux decline rate for the secondary sludge (0.302 ± 0.005 LMH h-1) was 

twice that of the A-sludge (0.114 ± 0.029 LMH h-1), which might be related to the higher 

initial flux of the secondary sludge. It was visually observed that the secondary sludge 

thickened to a highly viscous mixture by the end of the FO concentration. This caused the 

formation of a thick cake on the membrane, which inhibited further sludge dewatering 

depicted by a profound flux decline in Figure 3.2. The A-sludge did not become viscous 

and the final flux decline was less pronounced, but FO-dewatering lasted longer than that 

for the secondary sludge to reach the same 10-fold concentration (28.1, 29.7 and 37.3 

hours for secondary sludge, wastewater and A-sludge, respectively (Table 3.3)) due to the 
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lower average flux. For both secondary sludge and A-sludge, the flux decline was also 

likely caused by the EPS released from the sludge flocs, due to the aeration and the shear 

forces applied by the peristaltic pump and the air bubbling. EPS released during sludge 

dewatering have been reported to form a gel-layer on the membrane, promoting fouling 

(Cosenza et al. 2013; Ji & Zhou 2006).  

Consistently with what reported in literature (Lutchmiah et al., 2011), only limited flux 

decline occurred during wastewater concentration. Most likely, the relatively low fouling 

propensity of the wastewater was related to the low total concentration of organics in the 

wastewater (Table 3.1) and the low concentration of suspended solids. 



 

 
 

 

Table 3.3. Operational parameters changes during FO-concentration (FO) and anaerobic FO-concentration (AnaFO). to stands for initial values. 

 
Time FO 

Hrs 

Dewatering  

factor 

COD concentration 

factor 

Conductivity 

mS cm-1 

Mg2+ concentration 

g L-1 

 FO AnaFO FO AnaFO FO AnaFO to FO AnaFO FO AnaFO 

Domestic wastewater 28.1 - 10 - 8.2 ± 1.2 - 1.4 31.6 - 20.5 ± 0.6 - 

Secondary sludge 29.7 - 10 - 10.1 ± 2.4 - 1.3 18.2 - 11.7 ± 0.2 - 

A-sludge 37.3 95.4 10 4 4.8 ± 0.2 3.9 ± 0.1 1.8 29.6 41.7 7.1 ± 0.1 8.7 ± 0.3 
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3.1.2 Concentration of inorganic/organic compounds by FO 

The concentration ratio of the organics during FO was determined as FO-concentrated 

COD to feed COD. As a 10-fold volume reduction was reached, the same theoretical 

organics concentration ratio was expected, assuming that no organics are transported 

through or adsorbed onto the membrane, converted into biomass or mineralized. The COD 

concentration ratio was only 8.2 ± 1.2 for the domestic wastewater and 4.8 ± 0.2 for the A-

sludge, but 10.1 ± 2.4 for the secondary sludge. This indicates a COD loss of 18 % for the 

domestic wastewater, 52 % for the A-sludge and no loss for the secondary sludge. The 

high organic loss for the A-sludge might be due to biological degradation, given its high 

biodegradability, low sludge age and high initial organic content (Boehnke et al., 1997; De 

Graaff & Roest, 2012; Meerburg et al., 2015) and the constant aeration applied for 

membrane scouring. Its dewatering also took the longest, allowing more time for organic 

loss though biological activity. Tests to demonstrate this are reported in the next section. 

Secondary sludge contains less biodegradable organics as most of the SS and organics 

from sewages are removed during upstream primary treatment (Von Sperling, 2007) and 

due to the extent oxidation and high SRT (40 days (personal communication Destelbergen 

WWTP)) of the secondary treatment (CAS) itself. Hence, no detectable COD loss could 

be observed during secondary sludge FO concentration. Wastewater showed a modest 

COD loss. The organic matter in wastewater is considered relatively easy to degrade, as 

it is soluble and has not yet been incorporated in microbial biomass, however, wastewater 

typically does not contain an enriched population of organisms able to degrade organics, 

which are present in sludge (Boehnke et al., 1997; Tchobanoglous et al., 2003; Von 

Sperling, 2007). 

FO concentration in general caused an increase in the dissolved compounds content of 

the feed streams, which is caused both by concentrating the initial feed solutes in a smaller 

volume and by diffusion of draw solutes into the feed. This can be seen in Table 3.3, where 

both conductivity and Mg2+ content of the feed streams are shown. The conductivity of the 

feed streams increased from about 1.5 to about 30 mS cm-1 in the case of wastewater and 

A-sludge, and to about 20 mS cm-1 in the case of secondary sludge. The measured 

conductivity of the concentrates does not relate well to the MgCl2 concentration measured 

on filtered samples by ion chromatography (IC). The different types of flocs in the different 

types of sludge appeared to be specifically adsorbing (through ion bridging) different 

amounts of Mg2+. This became clear by freezing and thawing concentrated secondary 

sludge, which caused the conductivity to increase from 18.2 to 51.3 mS cm-1 after thawing, 

indicating that MgCl2 was sequestered by EPS or intracellular uptake, which was 
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subsequently released by lysis of the sludge structure when freezing-thawing. As a result, 

no clear correlations can be seen between flux decline and measured Mg2+ concentrations. 

 

3.2 Identifying organic losses during FO concentration 

During FO concentration of A-sludge, half of the incoming COD was lost, almost twice as 

much as in domestic wastewater. To elucidate if this loss was caused by bacterial 

respiration, 10-fold FO concentration under anaerobic conditions was targeted with the A-

sludge. Considerably lower FO flux in anaerobic conditions caused that the concentration 

factor of 10 was not reached. The initial flux was about 7.5 LMH (Figure 3.3), similar to the 

initial flux during aerobic A-sludge concentration (8.0 LMH (Figure 3.2)). Flux declined 

steadily down to 0.5 – 1 LMH (after 30 hours) and then remained constant for the rest of 

the FO treatment (Figure 3.3). After 95.4 hours, a concentration factor of only 3.9 was 

reached, and the test was aborted in order to limit the salinity build-up in the feed due to 

RSD. In contrast to aerobic FO experiments, the COD content increased from 5.5 ± 0.5 to 

21.4 ± 1.7 g L-1, equaling a 3.9 ± 0.1 -fold increase, equal to the concentration factor 

obtained. Chen et al. (2014) studied the treatment of low-strength wastewater using an 

anaerobic osmotic membrane bioreactor, reporting a flux decline to 3.5 LMH. The stable 

flux obtained during anaerobic FO concentration in this study is lower of that obtained in 

literature (Doğan & Demirer, 2009), due to a higher initial COD of the A-sludge (8.40 g 

COD L-1 and 0.46 g COD L-1, respectively). 

The large extent of flux decline, starting already after few hours of anaerobic FO-

concentration (Figure 3.3), was most likely due to a major formation of gel-like substances 

(and deposition of these substances on the membranes surface) by the high concentration 

of organics retained in the feed compartment, which prevented dewatering. For 

concentration of A-sludge, especially under anaerobic conditions, it is thus clear that a 

continuous scouring of the membrane, using alternative techniques in combination with 

N2:CO2 (9:1) gas bubbling, is needed to prevent flux decline. However, a continuous flow 

of oxygen free gases would increase the operational cost of the system, and just using air 

(as in the aerobic FO-dewatering) will result in COD-loss. Alternative scouring systems, 

such as (osmotic) backwashing, relaxation or periodic air bubbling should be considered. 
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Figure 3.3. Dewatering flux in L m-2 h-1 for A-sludge (feed solution) when in contact with a solution 
of MgCl2 2.2 M (draw solution) through a semipermeable TFC membrane in the FO set up with 
aerobic/anaerobic gas scouring. 

 

 

3.3 Effect of FO-concentration on fermentation  

3.3.1 Fermentation yields of the different streams 

High initial organic matter content is needed to obtain high VFA production (Lee et al., 

2014). Fermentation batch tests were performed on all the streams (domestic wastewater, 

secondary sludge and A-sludge) as well as their FO-concentrates to assess if the 

application of an FO system after a CAS, an A-stage or directly to the domestic wastewater 

could improve VFA production and yields. During fermentation tests, maximum VFA 

production was obtained between day 4 and 7 followed by a decrease in product 

concentrations due to conversion of VFA to methane.  

No notable VFA production occurred for domestic wastewater, either before or after the 

FO concentration. To maximize the available organics for VFA production from the 

domestic wastewater, the organic load during fermentation was increased by 6 times 

compared to the initial test (Table 3.2), but again no notable VFA production occurred 

(Figure 3.4). The tCOD after FO-concentration of the domestic wastewater was 1.08 ± 

0.08 g L-1 and the sCOD was 0.24 ± 0.01 g L-1. This concentration was insufficient to 
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sustain the growth of the microorganisms and, to a lesser extent, allow substantial 

production of VFA or CH4. Higher concentrations still might be needed in order to produce 

VFA from FO-concentrated domestic wastewater, however this would further increase 

contact time in the FO, leading to more draw solutes leaking and increased conductivity. 

Such highly conductive feedstocks could be used for VFA accumulation as conductivity 

above 30 mS cm-1 negatively affects methanogenesis while acetogenic bacteria still 

produce VFA at high salt concentrations (De Vrieze et al. 2016). However, an economic 

assessment would be required as draw solute leakage comes at a cost. It is unknown 

whether other factors, such as accumulation of toxic compounds, could also play a role in 

the observed lack of VFA production. 

Fermentation of the FO-concentrated secondary sludge led to a production of 71 ± 5 mg 

COD-VFA g-1 CODfed after 7 days, corresponding to 7 % of COD converted into VFA. No 

notable VFA production occurred for the untreated secondary sludge. The digestion 

efficiency of the secondary sludge and the VFA yields produced during fermentation are 

low compared to substrates typically used in fermentation. This is mainly due to the high 

sludge age and the extent of oxidation (Bolzonella et al., 2005; Lee et al., 2014) of the 

secondary sludge, even when the concentration is increased in the FO treatment. 

For the FO-concentrated A-sludge, a VFA production of 346 ± 30 mg COD-VFA g-1 CODfed 

was reached already after 1 day of fermentation, with a production up to 445 ± 22 mg 

COD-VFA g-1 CODfed after 4 days (Figure 3.4). For the untreated A-sludge, the VFA 

production after 4 days of fermentation was only 102 ± 3 mg COD-VFA g-1 CODfed, which 

is 4.4 times lower (p < 0.01) than that for the FO-concentrated A-sludge (Figure 3.4). This 

shows that FO-concentration increases fermentability of A-sludge as higher VFA is 

produced compared to the same quantity of organics fed. Fermentation was also 

performed with the anaerobic FO-concentrated A-sludge. VFA production already reached 

its maximum after 2 days of fermentation with 444 ± 8 mg COD-VFA g-1 CODfed (Figure 

3.4) (significantly higher than A-sludge itself with p < 0.01). This fast start-up of VFA 

formation might be attributed to hydrolysis of the sludge already starting during the 95.4 

hours of anaerobic FO treatment. 
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Figure 3.4. Specific VFA production for raw and FO-concentrated streams on their peak-production 
day. The test was carried out at 35 °C and pH 7 (n = 3). 
 

 

3.3.2 Factors affecting improvement in fermentation capacity 

FO-concentration of the two sludge types increased their overall COD as well as the sCOD 

concentration (Table 3.4). For secondary sludge the increase corresponded to 10.1 ± 1.0 

% sCOD/tCOD while for A-sludge, this rose up to 30.4 ± 1.9 % sCOD/tCOD. Because of 

this improvement on sCOD fraction and overall increased organics content, specific VFA 

production improves after FO-concentration of sludge. 

Two main reasons why FO-concentration increases the sCOD fraction might be the sort 

of physical pretreatment by the recirculation through the peristaltic pump (for 37.3 / 95.4 

hours), and by the shear force of the continuous bubbling in the feed compartment that 

result in floc rupture, in combination with the chemical pretreatment by the draw solute 

leaked in the FS. During FO, water molecules follow the osmotic gradient from the FS to 

the DS; likewise the ions contained in the DS can migrate to the FS. One of the hypotheses 

put forward in this manuscript is that the draw solute used for the dewatering might also 

have an impact on the sCOD through cell lysis. 

A high concentration of cations such as Mg2+ (Table 3.3) facilitates the formation of single-

cells which are more sensitive to lysis due to deflocculation (Schmidt & Ahring, 1993) 

(hypothesis further evaluated in the next sections). Furthermore, several ions can also 
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interact with the negative charges of the EPS surrounding the bacterial cells, breaking the 

bounds among these polymers and favoring cell lysis and release of organic matter, thus 

increasing the sCOD concentration (Chen et al., 2008).  

Finally, an increased concentration of the sludge can enhance the hydrolysis during 

fermentation due to overload shock (Doğan & Demirer, 2009). The increased organic 

loading can also lead to the accumulation of carboxylates, which are crucial in inhibiting 

methanogenesis, increasing the overall VFA accumulation (Siegert & Banks, 2005). 

 

 

Table 3.4: Total and soluble COD and its ratio (COD soluble/COD total) for inputs and outputs of 
the concentration tests. Acronyms stand for raw A-sludge (AS), secondary sludge (WAS), domestic 
wastewater (WW), FO-concentrated streams (FO-AS, FO-WAS, FO-WW), anaerobically FO-
concentrated A-sludge (AnaFO-AS ), gravity concentrated A-sludge (GC-AS), addition of 7.1 g L-1 
of MgCl2 (ASM/ GC-ASM), aeration at 0.6 L min-1 (ASA/ GC-ASA), a combination of salt addition 
and aeration (ASAM/ GC-ASAM) and the wastewater discharged after A-sludge gravity 
concentration (GC-WW). * estimated soluble COD according to typical COD ratios for A-sludge. 

 

 
 

COD total 
(g L-1) 

COD soluble 
(g L-1) 

COD ratio 
(%) 
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s
ts

 AS   8.40 ± 0.36   1.25 ± 0.02 14.9 

FO-AS 40.49 ± 1.09 12.30 ± 0.70 30.4 

AS   5.46 ± 0.53 0.81 *   14.9 * 

AnaFO-AS 21.40 ± 1.65 11.23 ± 0.23 52.5 

WAS   4.48 ± 0.98   0.22 ± 0.01  4.8 

FO-WAS 48.53 ± 0.27   4.92 ± 0.50 10.1 

WW   0.13 ± 0.02   0.03 ± 0.00 25.2 

FO-WW   1.08 ± 0.08   0.24 ± 0.01 21.7 

G
ra

v
it

y
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n
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e

n
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a
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o
n

 (
G

C
) 
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s

ts
 

AS   7.76 ± 0.16   1.47 ± 0.04 19.0 

ASML   7.65 ± 0.16   1.91 ± 0.00 25.0 

ASMH   7.78 ± 0.01   2.14 ± 0.07 27.5 

ASA   6.84 ± 0.31   1.12 ± 0.03 16.4 

ASAML   6.50 ± 0.20   1.24 ± 0.02 19.0 

ASAMH   7.05 ± 1.10   1.28 ± 0.06 18.1 

GC-AS 29.42 ± 0.19   3.84 ± 0.01 13.1 

GC-ASML 29.14 ± 0.67   4.69 ± 0.01 16.1 

GC-ASMH 28.14 ± 0.01   4.01 ± 0.01 14.2 

GC-ASA 28.12 ± 0.15   3.04 ± 0.04 10.8 

GC-ASAML 29.25 ± 0.49   3.68 ± 0.08 12.6 

GC-ASAMH 28.18 ± 0.72   2.93 ± 0.09 10.4 

GC-WW   3.24 ± 0.04   0.86 ± 0.01 26.7 
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3.3.3 Fermentation product speciation linked to stream composition 

A different VFA speciation was found for the different streams and also for the same 

stream before and after the FO-concentration (Figure 3.5). In case of the A-sludge before 

FO, acetate was the most abundant VFA formed after 4 days of fermentation (60 ± 3 %) 

besides 26 ± 3 % propionate and 9 ± 0 % isovalerate. In the FO-concentrated A-sludge, 

the proportion of acetate dropped to 24 ± 4 % after 4 days of fermentation, with propionate 

increasing to 43 ± 3 %. Moreover, a larger proportion of longer chain fatty acids was 

produced after 4 days of fermentation for the FO-concentrated A-sludge compared to the 

non-concentrated sludge, 4 ± 0 % isobutyrate, 7 ± 0 % butyrate, 8 ± 0 % isovalerate and 

8 ± 0 % valerate which shows an impact of higher loading. Similar VFA speciation was 

found for the anaerobically FO-concentrated A-sludge, with 31 ± 0 % acetate and 35 ± 0 

% propionate present after 2 days of fermentation. The proportion of longer chain fatty 

acids also increased with 6 ± 0 % isobutyrate, 10 ± 0 % butyrate, 11 ± 0 % isovalerate and 

5 ± 0 % valerate, for anaerobic FO-concentration of A-sludge, confirming again that the 

application of FO may lead to the accumulation of longer chain fatty acids again due to 

increased loading. For the FO-concentrated secondary sludge, acetate and propionate 

were the main VFA formed, at 46 ± 3 % and 18 ± 0 % respectively, which is similar to the 

raw A-sludge with approximate sCOD fractions of that of secondary sludge (14.9 ± 0.7 % 

and 10.1 ± 1.0 % sCOD/tCOD, respectively (Table 3.4)). FO-concentrated secondary 

sludge fermentation also led to the production of longer chain fatty acids, at 6 ± 0 % 

isobutyrate, 7 ± 0 % butyrate and 13 ± 0 % valerate after 4 days of fermentation (Figure 

3.5).Production of CH4 at day 4 was relatively low for the FO-concentrated streams with 7 

± 2 mg COD- CH4 g-1 CODfed (9 % initial COD) for secondary sludge and 29 ± 3 mg COD-

CH4 g-1 CODfed (5 % of initial COD) for the A-sludge, while 6 ± 1 mg COD-CH4 g-1 CODfed 

(6 % of initial COD) was obtained with the raw A-sludge (Figure 3.5). The use of an FO-

system to concentrate A-sludge and secondary sludge thus seems to promote the 

production of more VFA with a higher proportion of longer chain fatty acids (C4 - C5), but 

not improving the conversion of VFA into methane. The increased organic loading together 

with the increased conductivity reduces the acetoclastic activity of methanogens and thus 

leads to higher VFA production and accumulation (Chen et al., 2008; De Vrieze et al., 

2012; Siegert & Banks, 2005).  
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Figure 3.5. VFA speciation on the peak production day, calculated for each carboxylic acid as  
g COD-VFAacid x (g-1 COD-VFAtotal + g-1 COD-CH4) x 100. The test was carried out at 35 °C and pH 
7 (n = 3). 

 

 

3.4 Effect of FO operational conditions on fermentation 

FO-concentration of both secondary sludge and A-sludge increased VFA yields, from 0 to 

7 % and from 10 to 45 %, respectively. To understand whether the main reason for this 

was 1) the increased organics concentration due to dewatering, 2) the enhanced lysis of 

the organics by RSD, 3) enhanced breakdown of the cells due to the air scouring, or 4) 

any combination of these phenomena, 9-days fermentation batch tests were performed as 

described in section 3.3. The effect of the increase in organics concentration was 

investigated by gravity-concentrating the sludge; the potential enhanced lysis by RSD was 

investigated by adding a 7.1 g L-1 MgCl2 (same concentration in the A-sludge after aerobic 

FO-concentration) or 28.4 g L-1 MgCl2 (concentration needed in order to reach the same 

conductivity after anaerobic FO-concentration of the A-sludge); and the potential 

breakdown of cells due to air scouring was investigated by aerating at 0.6 L min-1. All 
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treatments were carried out for 37.3 hours, same time needed to reach a 10-fold by FO-

concentration of A-sludge. Results are depicted in Figure 3.6. 

 

 

 

Figure 3.6. Specific VFA production on the peak-production day for A-sludge and gravity 
concentrated A-sludge (GC-A-sludge) with different treatments and A-sludge concentrated 
aerobically or anaerobically with forward osmosis (FO-A-sludge). The fermentation was performed 
at 35 ºC and pH 7 (n = 3). 

 

 

For the non-concentrated A-sludge, addition of MgCl2 increased the sCOD/tCOD ratio from 

19.0 % to 25.0 % (with low salt) and to 27.5 % (with high salt), respectively (Table 3.4). 

However, production of VFA staid constant at 265 ± 3 mg COD-VFA g-1 CODfed with low 

salt addition and only 177 ± 5 mg COD-VFA g-1 CODfed were produced by increasing the 

MgCl2 up to 28.4 g L-1 (Figure 3.6). For all the other conditions tried VFA production was 

lower than that of untreated A-sludge. Thus, for the non-concentrated A-sludge, neither 

MgCl2 addition nor aeration nor the combination of these could explain the increased VFA 

production resulting from the FO-concentration.  

Gravity concentration of the A-sludge did not improve the VFA yield. Only 196 ± 13 mg 

COD-VFA g-1 CODfed (corresponding to 20 % yield) were produced by fermenting gravity-

concentrated (GC) A-sludge, significantly lower (p < 0.01) than the yield obtained from 

non-concentrated A-sludge (around 26 %). This might be caused as gravity-concentrating 

the A-sludge 3.8-fold was carried by removing the supernatant rich in sCOD after settling 

(Table 3.4), and consequently the sCOD/tCOD ratio of the sludge was reduced from 19.0 

to 13.1 % (Table 3.4). This is due to the fact that after gravity concentration the 

supernatant, rich in biodegradable organics (sCOD 0.86 g sCOD L-1; sCOD/tCOD 26.7 % 
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(Table 3.4)), was removed and only the sludge settled at the bottom, which is more difficult 

to hydrolyze, was used for the fermentation. Moreover, the sCOD value for the sludge 

might be overestimated, due to EPS released from the sludge flocs, which are not retained 

from the 0.45 µ filter typically used for sCOD measurement. EPS are mainly proteins and 

carbohydrates (colloidal COD) which require further hydrolysis prior to fermentation. 

Characterization of sCOD, colloidal COD and suspended COD fractions in A-sludge, both 

untreated and after each treatment (salt, aeration, concentration and their combination), 

would likely provide more information on the way different treatments affect the substrate’s 

constituents and thus the VFA production (Meerburg et al. 2015).  

Adding MgCl2 to the GC-A-sludge increased the sCOD/tCOD ratio from 13.1 % to 16.1 % 

(Table 3.4) resulting in a VFA yield of 248 ± 7 mg COD -VFA g-1 CODfed (25 %), significantly 

higher (p < 0.01) than that of GC-A-sludge (20 %) (Figure 3.6). This indicates that bringing 

the concentrated sludge in contact with a relatively high concentration of salt (7.1 g L-1) 

causes some disaggregation of the sludge flocs and enhances the lysis of the cells as 

reported by Chen et al. (2008). Again, although raising the MgCl2 up to 28.4 g L-1 increased 

the sCOD/tCOD ratio from 13.1 % to 14.2 %, only 158 ± 1 mg COD -VFA g-1 CODfed were 

produced (significantly lower than that of GC-A-sludge with p < 0.01). High conductivity (> 

40 mS cm-1 (Table A.3.1)) might be affecting the batch fermentation.  

Aerating the GC-A-sludge for 37.3 hours decreased the sCOD/tCOD ratio (from 13.1 % to 

10.8 %) due to COD uptake for biomass growth. Combination of aeration and salt addition 

(7.1 g L-1 MgCl2) resulted in increased sCOD/tCOD ratio to 12.6 %. Combining GC-A-

sludge with aeration produced 197 ± 2 mg COD -VFA g CODfed, and with aeration and 7.1 

g L-1 MgCl2 production was 210 ± 1 mg COD -VFA g-1 CODfed (Figure 3.6). Further increase 

of the MgCl2 concentration, yet again, resulted in a significantly lower (p < 0.01) VFA 

production (132 ± 8 mg COD -VFA g-1 CODfed).  

In all conditions tested, VFA production yield from GC-A-sludge was lower than for the FO-

concentrated A-sludge (between 16 and 25 %) (Figure 3.6), suggesting that none of these 

treatments nor the combination of them – alone – could explain the increased VFA 

production obtained after FO-concentration. The sCOD/tCOD ratio of the different 

treatments on GC-A-sludge varied between 10.4 % and 16.1%, while recirculating A-

sludge throughout the FO unit increased the ratio up to 30.4 % for the aerated system and 

52.5 % for the anaerobic system (Table 3.4) (experiments run for 37.3 and 95.4 hours, 

respectively (Table 3.3)). Therefore, although the combination of sludge concentration, 

aeration and salts leakage to the FS increased sCOD/tCOD, the main cause of VFA 

production enhancement was probably due to the physical action of the peristaltic pump 

and the scouring of the bubbles that enter the feed compartment. This leads to 
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disaggregation of the sludge flocs promoting cell lysis. This hypothesis was further 

investigated in the next section. 

 

3.5 Effect of FO-concentration on cell lysis 

The number of intact planktonic cells and permeabilized cells, thus damaged by lysis, in 

the GC-A-sludge and the FO-concentrated A-sludge was determined with a live/dead 

staining coupled to flow-cytometry. These measurements were performed to confirm the 

hypothesis that FO facilitated breakage of sludge flocs and cells (Figure 3.7) leading to 

enhanced fermentability.  

 

 

 

Figure 3.7. Total intact cells/ permiabilized cells ratio (%) for A-sludge and gravity concentrated A-
sludge (GC-A-sludge) with different treatments and A-sludge concentrated aerobically or 
anaerobically with forward osmosis (FO-A-sludge) (n = 3). 

 

 

Intact and permeabilized cells are defined as bacterial cells with a cellular membrane that 

is either impenetrable (intact) or penetrable (permeabilized) by the nucleic acid binding 

compound propidium iodide (PI) (Van Nevel et al., 2013). Although by gravity 

concentrating the A-sludge a 3.8-fold concentration could be reached, the concentration 

of total intact cells only increased (significantly) from 4.11 x 10+9 ± 2.12 x 10+7 to 9.41 x 

10+9 ± 5.66 x 10+7 cells mL-1, corresponding to a 2.3-fold increase. Consequently, the intact 
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cells/total cells ratio significantly decreased from 68.2 ± 0.4 % to 56.1 ± 2.2 % (Figure 3.7) 

after gravity concentration indicating that part of the intact cells (both sludge flocs and 

single cells) were present in the discarded supernatant. The changes in intact cells/ total 

cells ratio followed the same behavior for both A-sludge and GC-A-sludge under different 

treatments (Figure 3.7). Addition of 7.1 g L-1 MgCl2 resulted in a significant decrease of the 

number of intact cells/ total cells ratio to 54.0 ± 3.7 % for the A-sludge and down to 29.5 ± 

0.8 % for the GC-A-sludge, respectively. 

These differences confirmed that Mg2+ and Cl- ions have a lytic effect on the sludge flocs 

and cells, which simultaneously disaggregates the flocs and releases sCOD (Table 3.4). 

This was even more pronounced upon adding higher concentration of MgCl2 (28.4 g L-1), 

the intact cells/ total cells ratio significantly decreased to 29.5 ± 0.8 % for the A-sludge and 

down to 15.9 ± 0.4 % for the GC-A-sludge. Aeration resulted in an increase of the intact 

cells/ total cells ratio up to 69.0 ± 1.2 % for the A-sludge and up to 61.8 ± 1.4 % for the 

GC-A-sludge (Figure 3.7). This was most likely due to biomass respiration and thus 

growth, with consequent removal of sCOD. Combining aeration and salt addition              

(7.1 g L-1) the intact cells/ total cells ratio significantly increased up to 75.7 ± 2.9 % for the 

A-sludge and to 65.9 ± 5.6 % for the GC-A-sludge when compared to the mere aeration. 

In contrast, by increasing the concentration of the MgCl2 to 28.4 g L-1 with active aeration, 

the intact cells/ total cells ratio significantly decreased to 51.6 ± 1.9 % for the A-sludge and 

down to 35.2 ± 0.8 % for the GC-A-sludge. This supports the initial hypothesis that the lytic 

action of MgCl2 ions increased the sCOD which was taken up to enhance biomass growth 

when aerating, only when conductivity values (at low salt addition) did not affect the 

microbial performance. The intact cells/total cells ratio for the aerobically FO-concentrated 

A-sludge was rather high (68.2 ± 11.9 %). For the membrane-compromised fraction of FO-

concentrated A-sludge (both anaerobically and aerobically concentrated), permeabilised 

cell population overlapped with the background noise and was therefore questionable. 

Thus the absolute value of intact cells has to be considered over the intact cells/total cells 

ratio. 10-fold and a 3.4-fold concentrations could be reached by FO-concentrating the A-

sludge aerobic and anaerobically, respectively, while GC-concentration resulted in a 3.8-

fold concentration of the A-sludge. Nonetheless, FO concentration resulted in an 

significantly lower (p < 0.01) intact cells content of 3.18 x 10+9 ± 8.39 x 10+7, compared to 

that of GC-A-sludge and GC-A-sludge treated with a combination of salt addition and 

aeration (8.86 x 10+9 ± 9.53 x 10+8 and 6.96 x 10+9 ± 3.76 x 10+8, respectively).  

These findings are thus consistent with the hypothesis set above, that FO-concentration 

leads to a combined effect of the chemical action of the salt on the sludge flocs and cells, 

and the physical action of the recirculation and the scouring by bubbles of the A-sludge in 

the FO-cell. The more the A-sludge was recirculated throughout the FO unit the more the 
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flocs were broken down and their constituent cells lysed (Figure 3.7). The number of intact 

cells found in the anaerobically FO-concentrated A-sludge was 2.13 x 10+8 ± 2.74 x 10+7. 

This was significantly lower than all of the values reported for the gravity concentrated 

sludge and the aerobically FO-concentrated sludge, confirming the effect of the 

mechanical shear and the lytic effect of the ions on the sludge flocs rupture and cells 

permeabilization, which ultimately resulted in increased sCOD and increased VFA yield. 

 

3.6 Economic assessment 

Replacing thickening with a more compact FO-concentration will lead to higher VFA 

conversion efficiency (from 20 % to 45 %) but also to additional cost. To assess the 

economic viability of the proposed technology, two scenarios were considered, comparing 

the use of either 2.2 M MgCl2 or sea-water (0.5 M NaCl) as DS. These cases were 

compared to a scenario, typical for current WWTPs using the AB-system, where settling 

(thickening) was used to concentrate the A-sludge. The costs for technologies and their 

references are listed in Table 3.5. Currently economical evaluation both on capital 

expenses (CAPEX) and operational expenses (OPEX) of FO are limited in literature, 

therefore assumptions on CAPEX were made based on Blandin et al. (2015) (Table 3.5). 

When 2.2 M of MgCl2 was used as DS, the CAPEX for the reverse osmosis (RO) system 

used to reconcentrate the salt, was 0.26 € m-3 and the CAPEX for FO was calculated as 

twice the one for RO (Blandin et al., 2015). For the scenario where sea-water (NaCl 0.5 

M) was used as DS, the CAPEX for the FO was considered twice as the one calculated 

for the previous case (Table 3.5). This was based on the different osmotic pressure 

between the salts and the lower concentration of NaCl in sea-water compared with that of 

MgCl2 used in this study (Cath et al., 2006). Indeed, low salt concentrations result in a 

lower dewatering flux (LMH) and require a longer time to reach the same concentration, 

which results in the need for a larger membrane area (i.e. higher investment costs). 

Regarding the OPEX, this normally includes pumping costs, aeration and the specific 

energy consumption (SEC) needed for the RO reconcentration. The value for pumping 

cost was assumed to be constant for RO and FO at about 0.02 € m-3 (Blandin et al., 2015) 

and was therefore neglected in this study. Also, in the current economical evaluation, 

aeration was not considered for any of the scenario studied. Aeration would increase the 

total cost and, as reported in section 3.3.2, different strategies to scour the fouling layer 

on the membrane should be applied as aeration leads to respiration and thus consumption 

of the COD (up to 52 % for the A-sludge). The energy consumption (SEC) needed for RO-

reconcentration of the DS with 74 % recovery (as the initial volume of the DS was 0.5 L 

and the final one, after FS 10-fold dewatering, was 1.94 L) was calculates as the product 



High-rate activated A-sludge coupled with forward osmosis thickening  
to increase carboxylate production 

83 

of the recovery and the osmotic pressure than should be applied for the reconcentration 

(Δπ = 159 atm) and amounted to 0.67 € m-3. No DS reconcentration was considered for 

sea-water and therefore the OPEX is reported only for the case where MgCl2 was used 

(Table 3.6). Therefore, the total costs (OPEX + CAPEX) accounted for 1.46 € m-3 and 1.06 

€ m-3 by using 2.2 M MgCl2 or sea-water as DS, respectively. The CAPEX for the thickener 

was calculated at 0.08 € m-3, assuming an investment cost of 870000 € for a thickener of 

94 m3 h-1 capacity, interest rate of 3 % and depreciation time of 20 years (Table 3.5). The 

depreciation time assumed for this assessment (personal communication Niewveer 

WWTP, Breda) is in the high-range for this equipment, if lower values are assumed the 

CAPEX of the thickener would further increase (i.e. at 0.14 € m-3 and at 0.24 € m-3 if the 

depreciation time is assumed to be 10 years or 5 years, respectively). The OPEX for the 

thickener includes electricity costs and costs associated with the polymer dosing (Table 

3.5), and were calculated at 0.06 € m-3. 

For both concentration technologies, the OPEX and CAPEX related to A-sludge 

fermentation and VFA extraction are not considered in the economic assessment. In all 

scenarios, VFA production is simplified to only acetic acid, and the market price considered 

is at 700 € kg-1 of pure acetic acid. Costs related to the treatment of the residual sludge 

after concentration (both for FO and GC), fermentation and VFA extraction of the product 

are not included in the calculations of the OPEX.  

Profits obtained from the VFA production of FO-concentrated A-sludge (for both DS 

considered) and the GC-A-sludge, were calculated considering a 45 % and 20 % 

conversion efficiency, respectively (sections 3.3.3.1 and 3.3.4) and amounted to 2.36 € m-

3 and 1.05 € m-3, respectively. In section 3.1.2, 52 % of the A-sludge COD was lost during 

FO-concentration. This was however not taken into account in the current economic 

evaluation, as the application of a scouring technique different from aeration could 

reduce/avoid COD losses (as shown in section 3.2). Therefore, total profits were 

comparable for the GC-A-sludge and for the FO-concentrated A-sludge when 2.2 M MgCl2 

was used as DS, at 1.05 € m-3 and 0.90 € m-3, respectively (Table 3.6). However, these 

calculations are based on current generation of FO membranes in the market. 

Considerable research is currently aiming at manufacturing novel FO-membranes with 

increased dewatering flux (LMH) during FO, reducing the CAPEX, OPEX and the 

membrane surface required, thus increasing the total profit. In fact, several of these 

membranes are already close to commercialization (Blandin et. al 2015). In addition, it has 

to be stated that the use of FO system over conventional thickening for the sludge 

concentration has the advantage of a smaller footprint at WWTP level. 

When sea-water is used as DS, the total profit amounts to 1.30 € m-3, higher than that of 

the other scenarios considered but still underestimated. For this scenario the same 
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conversion efficiency obtained for 2.2 M MgCl2 was considered (45 %), but as in sea-water 

the concentration of NaCl is 4.4 times lower, longer time would be needed to arrive to the 

same 10-fold concentration. This would result in higher sCOD/tCOD of the FS compared 

to that reached with 2.2 M MgCl2 and therefore it would allow higher VFA production. On 

the other hand, the effect of Na+ on cell lysis and sCOD increase and its effect on the 

subsequent fermentation should be further investigated.



 

 

 

Table 3.5. Costs and constants used in economical assessment. Investment costs for the thickener includes belt-thickener, buffer tanks, screening installation 
and PE-installation. Acronyms stand for capital expenses (CAPEX), operational expenses (OPEX), forward osmosis (FO), reverse osmosis (RO) and 
polyelectrolyte (Pe). 

Parameter Unit Costs Reference 

Energy € kWh-1 0.1 Average in Flanders 

Aeration € KgO2
-1 0.06 Average in Flanders 

Population equivalents PE 300000 Nieuwveer WWTP 

Market price VFA (acetate) € Kg-1 700  

CAPEX (draw solution = 2.2 M MgCl2)   

ROMgCl₂ € m-3 0.26 Blandin et al. (2015) 

FOMgCl₂ = 2 ROMgCl₂ € m-3 0.53 Blandin et al. (2015) 

OPEX (draw solution = 2.2 M MgCl2)   

Recovery (Qp/Qo) % 74 This study 

CAPEX (draw solution = sea-water (0.5 M NaCl))   

FOsea-water = 2 FOMgCl₂ € m-3 1.32 
Estimation based on the different osmotic pressure between MgCl₂ 
and NaCl and the different concentration present in the DS 

CAPEX (thickener)   

Investment cost € 870000 Nieuwveer WWTP 

Capacity m3 h-1 94 Nieuwveer WWTP 

Depreciation time Years 20 Nieuwveer WWTP 

Interest % 3 Nieuwveer WWTP 

OPEX (thickener)    

Pe € year-1 33000 Nieuwveer WWTP 

Electricity € year-1 18000 Nieuwveer WWTP 



 

 
 
 

Table 3.6. Cost analysis for the Forward Osmosis (FO) concentration and of A-sludge (average concentration of 7.5 g COD L-1) by using either 2.2 M MgCl2 or 
sea-water (NaCl 0.5 M) as draw solution. For the former Reverse Osmosis (RO) was considered for the reconcentration of the DS and relative costs were 
included. Profit gained for the VFA production of either FO-concentrated or A-sludge concentrated by thickening are calculated considering a conversion 
efficiency (mg COD-VFA g-1 CODfed) of 45 % for the FO-concentrated A-sludge and of 20 % for the thickened A-sludge. Costs and profits are reported as ratio 
of € for m3 or kg of raw A-sludge (CAPEX capital expenses, OPEX operational expenses, SEC Specific Energy Consumption). Total profits (balance) are 
calculated as difference between the net for the VFA for the technology and the total costs (OPEX+CAPEX) of that technology. 

  Forward Osmosis Thickening 

  2.2 M MgCl2 Sea-water (0.5 M NaCl)  

  FO RO Total FO RO Total   

CAPEX € m-3 0.53 0.26 0.79 1.06 - 1.06 0.08 

OPEX         

SEC € m-3 - 0.67 0.67 - - - - 

Pe + Electricity € m-3 - - - - - - 0.06 

Total costs             
(OPEX+CAPEX) 

€ m-3 

 
€ kg-1  

0.53 
 

0.07 

0.93 
 

0.12 

1.46 
 

0.19 

1.06 
 

0.14 

- 
 
- 

1.06 
 

0.14 

0.14 
 

0.02 

VFA net 
€ m-3 
 

€ kg-1  

2.36 
 

0.32 

2.36 
 

0.32 

1.05 
 

0.14 

Balance 
€ m-3 
 
€ kg-1  

0.90 
 

0.12 

1.30 
 

0.17 

0.91 
 

0.12 
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4 Conclusions 

Forward Osmosis enabled 10-fold dewatering of domestic wastewater, secondary 

activated sludge and high-rate activated A-sludge, yet 18% and 52% of the COD were lost 

for the domestic wastewater and A-sludge, respectively. Aeration, used to scour the fouling 

layer on the membrane, promoted COD consumption, therefore other techniques to 

mitigate membrane fouling need to be investigated. Forward osmosis increased the 

soluble COD (sCOD) fraction in the sludge enhancing VFA production by 7 % for 

secondary sludge and by 35 % for A-sludge (from 10 % to 45 %) but did not enable VFA 

production for the domestic wastewater due to the limited sCOD. This proves the 

importance of an intermediate step to convert the sCOD into A-sludge before the FO-

concentration. Increased VFA production for FO-concentrated streams is due to both 

chemical action of the ions leaking from the draw solution and the physical effect caused 

by recirculation of the stream and air scouring. Both effects together result in 

disaggregation of the sludge flocs and lysis of the cells, increasing sCOD and VFA 

production. With the current state-of-the-art FO-membranes, profits achievable with FO-

concentration instead of thickening are yet marginal (at 0.90 and 0.91 € m-3, respectively). 

Considerable research is however currently focused on manufacturing novel FO-

membranes with increased dewatering flux (LMH) during FO, reducing the CAPEX, OPEX 

and the membrane surface required, thus increasing the total profit achievable from the 

subsequent VFA fermentation.  
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Abstract  

Sewage sludge is typically converted to biogas. Alternatively, it can first be fermented to 

produce VFA, after which the remainder goes to anaerobic digestion. Here we investigated 

strategies to increase the hydrolytic and acidogenic rates, increase VFA yields, and inhibit 

the methanogenic activity during fermentation of A-sludge. These include hydraulic 

retention time (HRT) of 4 days at thermophilic conditions or extending the HRT to 20 days 

to increase the sludge contact time with the hydrolytic-acidogenic community. During the 

latter, alkaline pH and/or micro-aeration were applied to inhibit methanogenesis. This led 

to negligible methane production and to an increase of the VFA from 116 ± 10 mg COD-

VFA g-1 CODfed up to 206 ± 33 mg COD-VFA g-1 CODfed. Solubilization of the tCOD was 

also increased to 36 - 42 % during alkaline fermentation and micro-aerobic fermentation 

but this did not translate into the same conversion efficiency to VFA ( 20 %). For the 

alkaline fermentation carried out at pH 10 this was likely due to the inhibition of 

acidogenesis and biotic hydrolysis at high pH. A-sludge fermentation at pH 8 or 10 (HRT 

18 days) resulted in significantly similar VFA conversion efficiencies (26 %) while less 

NaOH was dosed to maintain the pH at 8. Finally, application of an in-line mechanical 

treatment (circulation of sludge through a peristaltic pump) to the alkaline fermentation (pH 

8) of A-sludge also significantly increased conversion efficiencies of 1.4-fold. Optimization 

of these strategies and their combination could likely further increase sludge hydrolysis 

and conversion of the substrate to VFA. 

 

 

 

  

 



Strategies to increase the production of VFA from A-sludge  
through anaerobic fermentation 

 91 

1 Introduction  

The carboxylate platform employs microbial communities to produce carboxylic acids and 

their derivatives from waste through anaerobic fermentation. The key products studied 

thus far were volatile fatty acids (VFA, C2 - C5) and mid-chain fatty acids (MCFA, C6 - 

C12). These products have a wide range of applications, as a bulk chemical or upgraded 

within the production of biopolymers, alcohols, esters and energy-dense biofuels, among 

others (Agler et al., 2011; Albuquerque et al., 2011; Andersen et al., 2014; Ge et al., 2010; 

Lee et al., 2014). 

Sewage sludge is typically digested to biogas but can also be converted into VFA by 

means of mixed culture anaerobic fermentation. A-sludge, is highly biodegradable, with a 

biogas digestion efficiency of up to 70 % (De Graaff & Roest, 2012; De Vrieze et al., 2013).  

VFA fermentation from A-sludge can be considered an interesting alternative to methane 

production, but it has not yet been widely studied in literature. In Chapter 2, the COD 

conversion to VFA were between 2 and 30 % by fermenting A-sludge in batch conditions. 

These were low in comparison to conversion yields to methane, suggesting that the 

fermentation conditions need to be optimized to significantly enhance the VFA production.  

Several methodologies are reported in literature to enhance hydrolysis and, in principle, 

increase VFA production from sludge (mostly applied to waste activated sludge (WAS) 

and primary sludge). These include chemical and physical pretreatments, such as acid 

and alkali pretreatment (Carrère et al., 2010; Devlin et al., 2011) and thermal pretreatment 

(Lee et al., 2014). The use of pretreatments increases capital costs as they are carried 

separately from the microbial fermentation, as well as operational costs due to additional 

energy and/or chemicals (Lim & Wang, 2013). As a techno-economic compromise, 

thermophilic fermentation, typically carried out at 55 °C, has been demonstrated to 

accelerate the hydrolysis and acidification rates, and increase the VFA production 

(Mengmeng et al., 2009).  

Relative to anaerobic digestion (AD), acidogenic fermentations are usually operated at 

short hydraulic retention times (HRTs of 20 days and 2 – 8 days, respectively). Extending 

the HRT of the A-sludge fermentation could potentially improve VFA yields by increasing 

the contact time between the hydrolytic and acidogenic community and the complex 

organic compounds in the sludge (Arslan et al., 2016; Lee et al., 2014; Miron et al., 2000). 

However, this strategy brings an additional challenge in the inhibition of methanogens, as 

they are favored at HRTs longer than 2 - 8 days (Arslan et al., 2016; Miron et al., 2000). 

Alkaline fermentation is a promising technique to increase VFA production from sludge 

(Lee et al., 2014) and effectively inhibit methanogenic activity (Chen et al., 2007; Yuan et 

al., 2006). Alkaline fermentation of sludge takes place at pH of 8 - 11, lower than for the 
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alkaline pretreatment (pH 12 - 14), and the elevated pH is maintained during the 

fermentation (Lee et al., 2014). Alkaline conditions can increase both hydrolysis and 

acidification rates, and lead to higher solubilization of carbohydrates and proteins, which 

are the main components of the sludge, potentially resulting in an increased VFA 

production (Lee et al., 2014; Mengmeng et al., 2009). The abundance and activity of 

methanogenic archaea at alkaline pH tends to be much lower than that at neutral pH 

condition, thereby resulting in higher VFA accumulation (Mengmeng et al., 2009) and 

lower biogas production (Appels et al., 2008; Chen et al., 2007). 

An alternative strategy is the application of micro-aerobic conditions by introducing a 

controlled and limited flow of air, which can function as a treatment to increase the 

hydrolysis rate by promoting the activity of hydrolytic exo-enzymes, leading to higher solids 

conversion during fermentation (Jagadabhi et al., 2010; Lim & Wang, 2013; Xu et al., 

2014). Micro-aeration can also be used as a strategy to inhibit methanogenic archaea that 

are strictly anaerobic and therefore sensitive to oxygen (Xu et al., 2014). 

The aim of this work was to investigate the effectiveness of several strategies to enhance 

hydrolysis rate and VFA production from A-sludge, while inhibiting methanogenesis. We 

initially investigated the fermentation of A-sludge at a HRT of 4 days, both at thermophilic 

(55°C) and mesophilic (35°C) conditions. Subsequently, the HRT was increased to 20 

days, a typical value for sludge digestion, to explore whether increasing the contact time 

between the hydrolytic biomass and the organics could increase the conversion to VFA in 

comparison with the first stage. Thereafter, additional strategies were investigated to 

inhibit methanogenesis at long HRT (i.e. 18 – 20 days) including alkaline pH (pH 8 or 10), 

micro-aeration, or a combination of micro-aeration and alkaline fermentation. Finally, an 

in-line mechanical treatment (circulation of sludge through a peristaltic pump) was applied 

during alkaline fermentation at pH 8 to rupture the sludge-flocs and to increase the 

concentration of easily hydrolysable organics and increase VFA yields. 
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2 Materials & Methods 

2.1 Substrate  

The A-sludge used in this study for experiment 1 and 2 was collected from the return line 

to the A-stage in Utrecht WWTP (Utrecht, The Netherlands), gravity-concentrated 

(removing the liquid volume above the settled sludge), and stored at 4 °C throughout the 

experiment. The characteristics of the A-sludge used for the two experiments (section 2.2) 

are summarized in Table 4.1. 

 

Table 4.1: Characteristics of the A-sludge feedstock during experiment 1 and 2. Standard 
deviations are for samples over time. 

 
A-sludge 

experiment 1 

A-sludge 

experiment 2 

Chemical oxygen demand, COD (g L-1) 23.8 ± 4.1 20.6 ± 2.2 

Total suspended solids, TSS (g L-1) 21.2 ± 4.8 18.3 ± 2.4 

Volatile suspended solids, VSS (%) 71 74 

Total Kjeldahl nitrogen, TKN (g L-1) 0.89 ± 0.06 0.61 ± 0.04 

Total ammonia nitrogen, TAN (g N L-1) 0.17 ± 0.02 0.07 ± 0.00 

 

The A-sludge fed to the reactors during experiment 3 and 4 was generated from an A-

stage where dissolved air flotation (DAF) was used for solid/liquid separation in place of a 

settler. In particular, during experiment 3 the A-stage was in HRAS-DAF configuration 

while during experiment 4 the A-stage was in HiCS-DAF configuration (Chapter 5, section 

2.2 and 3.2). This was collected from the return line to the A-stage in the Aquafin WWTP 

(Aartselaar, Belgium). The characteristics of the A-sludge used in the first phase of 

experiment 3 (day 1 – 105) and in experiment 4 (section 2.2) are summarized in Table 4.2. 

During the second phase of experiment 3 (day 105 – 160), A-sludge feedstock was stored 

at 4 °C for 1.5 months and had a COD over time of 19.8 ± 4.9 g COD L-1. 
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Table 4.2: Characteristics of the A-sludge feedstock during the first phase of experiment 3 (from 
day 1 to day 105) and during experiment 4. Standard deviations are for samples over time. 

` 

A-sludge 

experiment 3 (day 1 -105) 

A-sludge 

experiment 4 

Chemical oxygen demand, COD (g L-1) 47.1 ± 9.3 23.6 ± 6.0 

Total suspended solids, TSS (g L-1) 37.8 ± 7.8 24.4 ± 6.9 

Volatile suspended solids, VSS (%) 69 61 

Total Kjeldahl nitrogen, TKN (g L-1) 1.69 ± 0.42 1.36 ± 0.44 

Total ammonia nitrogen, TAN (g N L-1) 0.10 ± 0.06 0.06 ± 0.02 

 

2.2 Experimental set-up and design experiment 1, 2 and 3 

Four identical 2 L glass lab-scale jacketed reactors were used in this study (Figure 4.1). 

They were operated independently as continuous stirred tank reactors (CSTR) with a total 

volume of 2 L and a working volume of 1 L. They consisted of a glass vessel with a water 

jacket and a lid. The temperature was regulated by means of a water bath connected with 

tubing to the water jacket of the reactors. The lid had 5 different openings, and was sealed 

to the vessel by means of an iron belt with a silicone O-ring in between the reactor and the 

lid to keep the reactor airtight. The influent was pumped in the reactor at the bottom, while 

the effluent was pumped out from the top. The gas production was measured by means 

of an in-house gas-column, connected to a water-lock (to prevent the liquid inside the gas-

column to move back into the reactor) which was connected to one of the openings on the 

reactor lid. The gas-column was placed in a vessel with tap water, methyl-orange and HCl. 

The HCl was added to maintain the pH in the water below 4.3 to avoid CO2 from dissolving 

in the water. The indicator was used to ensure acidity in the water column (red, acidic – 

yellow, alkaline). The pH was monitored continuously by means of a pH probe, and 

controlled by adjusting the lower level (minimum pH) with a 2 M NaOH solution by means 

of a pH controller (Dulcometer® D1Cb/D1Cc, ProMinent). The pH was controlled by 

adjusting the lower level (minimum pH) by addition of 2 M NaOH (Sigma Aldrich, Belgium).  

Biogas production and composition, VFA concentrations, and total and soluble COD were 

analyzed three times per week. In parallel, influent samples were taken one time per week 

for VFA, and total and soluble COD analysis. Gas production was monitored by means of 

in-house constructed gas-columns, and reported at standard temperature (273 K) and 

pressure (101,325 Pa) (STP) conditions. Biogas production and composition, VFA 

concentrations, and total and soluble COD were analyzed three times per week. In parallel, 

influent samples were taken one time per week for VFA, and total and soluble COD 
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analysis. Gas production was monitored by means of in-house constructed gas-columns, 

and reported at standard temperature (273 K) and pressure (101,325 Pa) (STP) 

conditions. 

 

 
Figure 4.1. Reactors set-up. 

 

 

2.2.1 Experiment 1: Effect of temperature on A-sludge fermentation 

Two CSTRs (MESO_1 and MESO_2) were operated independently as replicates at a 

temperature of 35 ± 1 °C, and two other CSTRs (THERMO_1 and THERMO_2) at 55 ± 1 

°C, for a period of 45 days. The pH was set at 7, according to findings of Chapter 2. The 

reactors were mixed at 150 rpm by using an axial flow impeller connected to an overhead 

stirrer. All four reactors were operated at a HRT of 4 days and an organic loading rate 

(OLR) of 6 g COD L-1 d-1 (see Table A.4.1 in Appendix II for further details). Gravity-

concentrated A-sludge was fed every 1.2 hours, pumped at the bottom of the reactors at 

a flow rate of 2.1 mL min-1 for 5 minutes. Concomitantly, the same amount of mixed liquor 

was pumped out from the top at the same flow rate. 

 

 



 
Chapter 4 

96 

2.2.2 Experiment 2: effect of long HRT coupled with alkaline pH and/or micro-

aeration on A-sludge fermentation and methanogenic inhibition 

Four CSTRs were operated for a period of 80 days to investigate the effect of longer HRT 

on VFA production at mesophilic conditions (35 °C). All reactors were inoculated using 

combined effluent from reactors MESO_1 and MESO_2, stored at 4 °C, using a 9/1 ratio 

inoculum/feed. The reactors were mixed at 150 rpm by using an axial flow impeller 

connected to an overhead stirrer.  

One of the reactors served as a control, and was operated as an anaerobic digester at pH 

7 (DIG_7), whereas different strategies to inhibit methanogenesis were tested in the 

remaining three: i) alkaline fermentation at pH 10 (ALKA_10); ii) micro-aerobic conditions 

at pH 7 (MC-AERO_7); and iii) alkaline fermentation at pH 10 under micro-aerobic 

conditions (MC-AERO_10). Micro-aeration was applied by sparging at the bottom of the 

reactor 0.2 L min-1 of air for 15 minutes, every 3 hours (24 Lair L-1reactor d-1). All four 

reactors were operated at a HRT of 20 days and an OLR of 1 g COD L-1 d-1 (see Table 

A.4.2 for further details). Gravity-concentrated A-sludge was fed once a day, pumped to 

the bottom of the reactor at a flow rate of 10 mL min-1 for 5 minutes. Concomitantly, the 

same amount of mixed liquor was pumped out from the top at the same flow rate. 

 

2.2.3 Experiment 3: effect of different alkaline pH on A-sludge fermentation 

Two CSTRs were operated for a period of 105 days at pH 10 and 35 °C to investigate the 

effect of strongly-alkaline pH on VFA production from A-sludge generated with a A-stage 

coupled with a DAF instead of a settler. The reactors were inoculated with digestate 

collected from full-scale anaerobic digesters in Leuven wastewater treatment plant (13 g 

VS L-1), using a 9/1 ratio inoculum/feed. The reactors were operated at a HRT of 18 days 

and an OLR of 2.62 ± 0.52 g COD L-1 d-1 (see Table A.4.3 for further details). On day 106, 

the reactor broth of these reactors was mixed to ensure that the replicates contained 

exactly the same microbial community and the same content in terms of broth 

concentration. Subsequently, the pH of one of the reactors at pH 10 was switched to pH 8 

dosing HCl 2M while the other reactor remained at pH 10. In addition, two more CSTSs 

were set-up at pH 8 and served as a control. These two reactors were inoculated with 

digestate collected from full-scale anaerobic digesters in Leuven wastewater treatment 

plant (27 g VS L-1), using a 9/1 ratio inoculum/feed. HRT was 18 days and OLR was 1.10 

± 0.27 g COD L-1 d-1. A-sludge generated from an A-stage-DAF pilot-scale system was fed 

three times per week, manually injected with a syringe connected with one of the openings 

on the reactor lead. Firstly reactor broth was removed from the reactor (110 mL on Monday 
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and Wednesday and 110 mL on Friday) and secondly the same amount of A-sludge was 

fed in the reactor. All reactors were mixed at 350 rpm by using an axial flow impeller 

connected to an overhead stirrer.  

 

2.3 Experimental set-up and design experiment 4 

Two CSTRs were operated independently for a period of 80 days as described in section 

2.2. The total volume was 2 L and the working volume was 1.5 L. The reactors were 

inoculated with a mixture of the reactor broths from three reactors operated at pH 8 using 

a 9/1 ratio inoculum/feed. Fermentation was carried out at 35 °C and at pH 8. The HRT 

was 18 days and the OLR 1.31 ± 0.33 g COD L-1 d-1. After 27 days one of the reactors was 

connected with a 1-chambered cell (200 mm x 50 mm x 20 mm), composed of one Perspex 

frame bolted between two Perspex plates. The total volume in the cell was 200 mL. The 

reactor broth was recirculated through the 1-chambered cell at 250 rpm in-line with 

fermentation. This served as mechanical treatment to increase the sCOD fraction in the 

sludge with the aim of enhancing VFA production, as reported earlier in Chapter 3. The 

second fermenter served as a control. The reactors were mixed at 350 rpm by using an 

axial flow impeller connected to an overhead stirrer.  

 

2.4 Analytical techniques 

Total chemical oxygen demand (COD), soluble chemical oxygen demand (sCOD), TSS, 

VSS, and TKN were measured according to Standard Methods (Greenberg et al., 1992). 

VFA concentrations were measured by gas chromatography (GC-2014, Shimadzu®, The 

Netherlands) equipped with a DB-FFAP 123-3232 column (30 m x 0.32 mm x 0.25 µm; 

Agilent, Belgium) and a flame ionization detector (FID). Liquid samples were conditioned 

with sulfuric acid and sodium chloride as described earlier (Andersen et al., 2014).  

The biogas composition was analyzed with a Compact GC (Global Analyzer Solutions, 

Breda, The Netherlands), equipped with a Porabond pre-column and a Molsieve 5A 

column (CH4, O2, H2 and N2), and a pre-column (Rt-QS-bond) and column (Rt-Q-bond) 

(CO2, N2O and H2S). Volumetric percentages of gases were determined by means of a 

thermal conductivity detector. 

The VFA and CH4 were expressed as COD and removals and conversion yields (mg COD 

g-1 CODfed) were calculated as described in section 1.2 of SI. Total proteins in A-sludge 
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and in the effluent from the reactors were estimated as described in section A.4.1.1 of 

Appendix II. 

 

2.5 Statistical analysis 

Statistical analysis of the operational data was carried out using the software SigmaPlot 

13 (Systat Software, Inc., San Jose California USA, www.sigmaplot.com). The normality 

and equal variances (homoscedasticity) were evaluated by means of the Shapiro-Wilk and 

Brown- Forsythe tests, respectively. A parametric t-test was used to compare the reactors 

when normality and homoscedasticity could be confirmed, otherwise a non-parametric 

Mann-Whitney U Test was used. 

 

 

3 Results and Discussion 

3.1 Effect of temperature on A-sludge fermentation 

Short HRTs are typically used for fermentation, as this targets the rapid conversion of 

sugars into product. In a mixed culture anaerobic fermentation, the short HRT can prevent 

later stages occurring in AD such as acetogenesis and methanogenesis (Monti et al., 

2015). Short HRT however also decreases the contact time between the hydrolytic and 

fermentative bacteria with the organics in the feedstock (Arslan et al., 2016; Lee et al., 

2014; Miron et al., 2000), limiting solubilization of complex substrates, particularly of lipids 

and proteins (Miron et al., 2000; Monti et al., 2015). As a relatively slow process, a longer 

HRT tends to be used to achieve adequate hydrolysis Here we experimented different 

approaches to maintain limited HRT and still achieve hydrolysis.  

In experiment 1 we fermented A-sludge at HRT of 4 days at mesophilic and thermophilic 

temperatures (35 ± 1 °C and 55 ± 1 °C, respectively), the latter to improve solubilization of 

organics and thus potentially increase the VFA production. During the first 17 days of 

operation, the reactors reached the steady state with an average VFA production yield of 

116 ± 10 mg COD-VFA g-1 CODfed for the mesophilic and 111 ± 18 mg COD-VFA g-1 

CODfed for the thermophilic conditions, respectively (Figure 4.2). 
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Figure 4.2. VFA yields in the mesophilic (MESO) and thermophilic (THERMO) reactors in 
experiment 1. Error bars represent standard deviations of the biological replicates (n = 2). 

 

 

The difference in VFA production was neither significant between the mesophilic and 

thermophilic process (2783 ± 235 and 2728 ± 256 mg COD-VFA L-1, respectively, Figure 

A.4.1, p = 0.719) nor among the replicates themselves (p = 0.538 for the mesophilic 

reactors and p = 0.690 for the thermophilic reactors) (Figure 4.2 and Figure A.4.1). A-

sludge contains methanogens, which developed over time in all reactors (section A.4). 

Indeed, methane was detected from day 33 until the end of the test, with an average 

production of 25 ± 6 mg COD-CH4 g-1 CODfed and 24 ± 16 mg COD-CH4 g-1 CODfed for the 

mesophilic and thermophilic reactors, respectively (section A.4). Fermentation of A-sludge 

at a HRT of 4 days at either mesophilic or thermophilic temperature resulted in a lower but 

persistent abundance of methanogenic archaea than the A-sludge (10-fold reduction) 

(section A.4; Figure A.4.4.). The short HRT was enough to inhibit methanogenic activity 

but not its presence due to continuous inoculation through substrate, as previously 

reported in literature (De Vrieze et al., 2015). This was in accordance with findings of 

Chapter 2 for batch fermentation and De Vrieze et al. (2013) for AD, were no significant 

differences were detected between mesophilic or thermophilic conditions.  

The low conversion of the COD into VFA that resulted from the fermentation of A-sludge 

at HRT of 4 days (12 % and 11 % conversion at mesophilic and thermophilic conditions, 

respectively) was most likely due to the limited protein hydrolysis. The protein in A-sludge 
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amounted to 52.5 ± 1.6 % of the COD (Figure 4.3), and it was only reduced about 10 % 

after treatment (Figure 4.4) similar to the 10 % increase within the soluble COD fraction 

from A-sludge to effluent during mesophilic and thermophilic fermentation (Figure 4.5). 

Chen et al. (2007) showed that at neutral pH at least 14 days were needed to increase 

protein hydrolysis with a factor two. Also, Monti et al. (2015) investigated the fermentation 

of olive mill wastewater, and showed that 80 % of the carbohydrates could be fermented 

within a day but much longer fermentation times (up to 6 days) were needed for digestion 

of lipids and proteins. Hence, a HRT of 4 days was probably insufficient to allow the 

hydrolysis of proteins, accounting for half of the substrate COD, under both mesophilic 

and thermophilic conditions. 

 

Figure 4.3. Protein content in A-sludge and in the mixed liquor of the mesophilic (MESO) and 
thermophilic (THERMO) reactor after 20 and 45 days of fermentation. Error bars represent standard 
deviations of the biological replicates. 

 

 

Figure 4.4 The soluble to total COD ratio in A-sludge and in the mixed liquor of the mesophilic 
(MESO) and thermophilic (THERMO) reactors after 20 and 45 days of fermentation. Error bars 
represent standard deviations of the biological replicates. 
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3.2 Effect of long HRT coupled with alkaline pH and/or micro-aeration on 

A-sludge fermentation and methanogenic inhibition 

One of the key differences between AD and fermentation is the HRT, which is in the order 

of 20 days or longer for AD, and rarely longer than 4 days in fermentation (Arslan et al., 

2016; Gerardi, 2003; Lee et al., 2014). This second experiment investigated the 

fermentation of A-sludge at a HRT of 20 days to allow higher hydrolysis of the organics, 

particularly of lipids and proteins. Alkaline and micro-aerobic conditions inhibit 

methanogenic growth and activity (Jagadabhi et al., 2010; Lee et al., 2014; Mengmeng et 

al., 2009; Xu et al., 2014) and simultaneously increase hydrolytic and acidogenic rates 

(Chen et al., 2007; Lee et al., 2014; Lim & Wang, 2013; Mengmeng et al., 2009; Xu et al., 

2014; Yuan et al., 2006), and were tested here. Three reactors were set up with alkaline 

pH (pH 10), micro-aeration or a combination thereof applied to A-sludge fermentation. A 

digester was also operated at pH 7 as control for the highest (in principle) conversion 

efficiency achievable at HRT of 20 days. Due to the non-significant difference that resulted 

by fermenting A-sludge at mesophilic and thermophilic temperatures in experiment 1, all 

reactors were operated at mesophilic conditions.



 

 

 

Figure 4.5. Overview of A. the VFA and B. CH4 yields in the four reactors under alkaline conditions (ALKA_10), micro-aerobic condition (MC-AERO_7) and a 
combination of these (MC-AERO-10) and for the digested A-sludge (DIG_7) in experiment 2. 
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The anaerobic digester showed a high COD conversion throughout the entire experiment. 

After the start-up phase (first 20 days) the conversion to CH4 was 528 ± 182 mg COD-CH4 

g-1 CODfed, and increased to 650 ± 99 mg COD-CH4 g-1 CODfed (corresponding to 65 % 

conversion efficiency) in the last 20 days (Figure 4.5.B). Almost no VFA accumulated in 

the anaerobic digester after 41 days of acclimatization, as indicated by the low VFA 

production yield (12 ± 13 mg COD-VFA g-1 CODfed) (Figure 4.5.A). This finding shows that 

the sludge can effectively be hydrolyzed within a 20-day HRT, and that no notable 

inhibition of microbial activity occurs in our set-up. 

Alkaline fermentation (ALKA_10) resulted in a stable VFA yield of 203 ± 21 mg COD-VFA 

g-1 CODfed throughout the entire experiment (Figure 4.5.A) (VFA concentration was 4190 

± 426 mg COD-VFA L-1). Although such a high HRT is typical of sludge digestion, a 

negligible CH4 production (7 ± 13 mg COD- CH4 g-1 CODfed) was observed (Figure 4.5.B).  

The micro-aerobic reactor at pH 7 (MC-AERO_7) had a VFA yield of 154 ± 35 mg COD-

VFA g-1 CODfed during the first 34 days, which raised to 206 ± 33 mg COD-VFA g-1 CODfed 

in the following 26 days of operation (Figure 4.5.A). This reactor had an average VFA 

concentration of 4281 ± 733 mg COD-VFA L-1. On day 60, an issue with the pH control 

unit led to a decrease in the VFA production. Finally, the combination of alkaline and micro-

aerobic conditions (MC-AERO_10) resulted in a lower production than those of the 

individual conditions. The VFA yield was 102 ± 26 mg COD-VFA g-1 CODfed during the first 

60 days and up to 140 ± 7 mg COD-VFA g-1 CODfed (3629 ± 188 mg COD-VFA L-1) in the 

last 20 days (Figure 4.5.A). For both the micro-aerobic conditions no notable production 

of CH4 occurred. 

Both alkaline and micro-aerobic treatments appeared to inhibit methanogenesis, as 

negligible CH4 was detected in the headspace (Figure 4.5.A). Indeed, the total 

methanogenic community was remarkably lower in the fermenters compared with that of 

the digester, although the total bacteria abundance was similar among these and with the 

A-sludge and the inoculum (Section A.4; Figure A.4.6).  

The VFA yield obtained by these two strategies at a HRT of 20 days were higher than 

those obtained at HRT 4 days and pH 7 (20 – 21 % vs 12 %, corresponding to a 1.8-fold 

increase). As the increase on HRT was linked to an OLR reduction (from 6 g COD L-1 d-1 

to 1 g COD L-1 d-1), batch test were carried out (as explained in section A.1.2) at various 

loadings and pH 10 to determine the concentration effect on the yields. Different loadings 

(express as g CODfed g-1 VSinoculum) did not have an effect of the VFA yields as the 

conversion efficiency was 17 – 18 %  for all the conditions (Figure A.4.3). 
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Several studies have assessed the impact of high pH to improve WAS fermentation in 

batch configuration between 20 and 35 °C, showing that alkaline pH leads to sludge 

deflocculation, increasing the rate of hydrolysis and increasing VFA production relatively 

to neutral or acidic pH (Chen et al., 2007; Feng et al., 2009; Yuan et al., 2006; Lee at al., 

2014). The results of the present study are comparable with the findings of Zhang et al. 

(2009) that carried out WAS fermentation at pH 10 and 35 °C obtaining a 2.11-fold increase 

compared to that obtained at pH 7 (Table 4.3).  

Concerning micro-aerobic fermentation, to the best of our knowledge, this is the first study 

reporting micro-aerobic fermentation of sludge (Table 4.3). Our observations are, however, 

in-line with positive effects of micro-aerobic conditions on the fermentation of grass stillage 

or synthetic food waste. The yields increase are higher in literature, likely due to either the 

pretreatment effect of the stillage (4-fold increase) or the high carbohydrate concentration 

of food waste (up to 4.4-fold increase) used in those studies (Jagadabhi et al., 2010; Xu 

et al., 2014). 



 

 

Table 4.3: Literature overview of alkaline pH or micro-aeration effect on VFA production. The fold increase is calculated as the increase from pH 7 to pH 10 or 
before and after micro-aeration. WAS: waste activated sludge, PS: primary sludge, LBR: leachate bed reactor, CSTR: continuous stirred tank reactor. 

 Stream 
Reactor 

scale 
Reactor 
volume pH 

Temperatu
re 

Aeration 
intensity VFA VFA yield 

Fold 
increase Reference 

   L  °C L O2 Lreactor
-1 

gCOD 
L-1 

g COD g-1 

CODfed   

A
lk

a
li

n
it

y
 

WAS Batch 1.5 10 21 - 4.1 0.30 3.0 Chen et al. (2007) 

WAS Batch 5.0 10 35 - 4.1 0.22 2.1 Zhang et al. (2009) 

WAS Batch 1.5 10 20-22 - 2.8 0.21 3.3 Yuan et al. (2006) 

WAS Batch 4.0 10 21 - 4.6 0.17 4.1 Feng et al. (2009) 

PS Batch 3.0 10 25 - 3.5 0.17 1.1 Wu et al. (2009) 

PS + WAS 
Semi-

continuous 0.9 10 35 - 6.3 0.42 b* 1.5 

Maspolim et al. 
(2015) 

A-sludge CSTR 1.0 10 35 - 4.2 0.21 1.8 This study 

M
ic

ro
-a

e
ra

ti
o

n
 

Grass-silage Batch, LBR 1.0 
Uncontroll

ed 35 
0.5 (single 

event) 11.5 0.33 b 4.0 

Jagadabhi et al. 
(2010) 

Synthetic food 
waste LBR 4.6 6 35 2.2 97.2 0.26 b 2.9 Xu et al. (2014) 

Synthetic food 
waste LBR 4.6 6 35 4.4 149.6 0.40 b 4.4 Xu et al. (2014) 

Synthetic food 
waste LBR 4.6 6 35 6.6 67.3 0.18 b 2.0 Xu et al. (2014) 

A-sludge CSTR 1.0 7 35 5.0 4.3 0.21 1.8 This study 

A-sludge CSTR 1.0 10 35 5.0 3.6 0.14 1.2 This study 
a Yield reported over VSfed (*VSSfed) instead of CODfed 
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The fact remains that the overall conversion efficiency (VFA + CH4) of the AD was much 

higher (65 %) than that of the fermentation (up to 21 %) indicating that none of the 

conditions applied allowed to convert the COD of the feedstock into VFA at the level 

achieved when those VFA are removed by methanogenesis (Figure 4.6). 

 

 

 

Figure 4.6. Average fraction of the soluble COD (sCOD), VFA and CH4 of the total COD for the A-
sludge feedstock and the four reactors under alkaline conditions (ALKA_10), micro-aerobic 
condition (MC-AERO_7) and a combination of these (MC-AERO-10) and for the digested A-sludge 
(DIG_7) in experiment 2. Error bars represent standard deviations over time. 

 

 

Application of alkaline and micro-aerobic conditions or a combination of these to A-sludge 

fermentation, resulted in an increase of the soluble to total COD (sCOD/tCOD) of 1.7-fold, 

2.1-fold and 1.3-fold, respectively, compared with that of the A-sludge (about 20 %) (Figure 

4.6). The combination of a HRT of 20 days with alkaline pH and/or micro-aeration was not 

sufficient to hydrolyze, (and convert to VFA) as much COD as in the digester (about 74 %) 

(Figure 4.6). The initial protein content of A-sludge corresponded to 37.1 ± 2.8 % of the 

total COD (Figure 4.7) and could be reduced down to 14 – 17 % during alkaline 

fermentation, comparable with the protein levels of the digester (14 - 17 %) (Figure 4.7). 
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This is in-line with earlier studies (Chen et al., 2007; Miron et al., 2000; Monti et al., 2015), 

where it was observed that the application of longer HRT (i.e. > 6 – 8 days) coupled to 

high pH could improve the hydrolysis of proteins. On the contrary, micro-aeration had a 

more limited effect on protein hydrolysis whether or not in combination with high pH at a 

HRT of 20 days during A-sludge fermentation as the effluent still contained a large protein 

fraction (23 – 30 % and 26 – 36 %) (Figure 4.7). 

 

 

 

Figure 4.7. Average protein content in the A-sludge feedstock and in the liquid fraction of the 
reactors under alkaline conditions (ALKA_10), micro-aerobic condition (MC-AERO_7) and a 
combination of these (MC-AERO-10) and for the digested A-sludge (DIG_7). Error bars represent 
the standard deviations over time.  

 

 

3.3 Gap between COD solubilization and VFA production during alkaline 

and/or micro-aerobic fermentation 

In each fermenter the total COD present as soluble COD increased, but this did not 

translate into a corresponding increase in VFA production (Figure 4.6). Anaerobic 

hydrolysis is carried out by microorganisms that colonize the substrate surface and then 

secrete hydrolytic exo-enzymes that solubilize complex organic matter into monomers 

(Batstone et al., 2000; Song et al., 2005; Vavilin et al., 1996), these microorganisms are 

anaerobic hydrolytic-acidogenic bacteria (Gallert & Winter, 1999). These monomers can 

then enter the acidogenic cell membrane to be subsequently converted mainly into 

products such as VFA, alcohols, CO2 and H2, and gain energy (Insam et al., 2010). 
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Maspolim et al. (2015) reported that a pH higher than 8 had a detrimental effect on the 

activity of amylases and proteases, decreasing hydrolysis, but also inhibited acidogenic 

biomass as, regardless the amount of total COD solubilized (up to 25.9 % at pH 11), only 

12 % of the COD was converted into VFA at pH 9 and 10. The increased solubilization 

observed during alkaline fermentation, compared to that at neutral pH, has been attributed 

mainly to abiotic conversions as a result of both the high pH and the increased salinity 

(due mainly to the addition of NaOH) (Maspolim et al., 2015; Yu et al., 2008; Zhang et al., 

2009). Thus, the increased sCOD/tCOD ratio observed in this study during alkaline 

fermentation was probably due to abiotic solubilization.  

Regardless of the quantity of COD that was hydrolyzed, only a certain amount of sCOD 

was converted into VFA. This could be due to an incomplete abiotic solubilization of the 

organics in the sludge. If these organics are not converted into the monomers that can be 

used for later stages of fermentation, then the acidogenic bacteria may not be capable to 

further hydrolyze the substrates and use them to gain energy. This is supported by the 

poor protein degradation, and the fact that acidogenic bacteria’s activity can be partially 

inhibited by the high pH. Therefore the substrates would not be converted into VFA, but 

would remain as sCOD and thus increase the sCOD/tCOD ratio.  

Providing a limited amount of air during anaerobic processes (micro-aeration) has been 

reported to increase the hydrolysis of complex substrates and inhibit strictly anaerobic 

organisms such as methanogens and acetogens. A large proportion of the hydrolytic-

acidogenic biomass is considered to be composed of facultative bacteria (Botheju & 

Bakke, 2011). In the presence of oxygen these bacteria can rapidly switch their 

metabolism from anaerobic fermentation to aerobic respiration, using soluble and easily 

accessible substrates and the VFA produced in the anoxic phase, to gain energy and 

produce new biomass (Botheju & Bakke, 2011; Jagadabhi et al., 2010). Micro-aeration 

can therefore increase the hydrolysis of the complex organics and potentially the 

conversion into VFA (fermentation), but its optimization (in terms of aeration intensity and 

frequency, as well as on the site of air injection) is needed to minimize oxidation and 

consumption of the produced VFA (Jagadabhi et al., 2010; Johansen & Bakke, 2006). To 

our knowledge, such an optimization is absent in literature and should be thus further 

investigated. 

In this study, high pH and/or micro-aeration effectively suppressed methanogenesis, but 

were suboptimal to VFA fermentation. This was probably due to decreased activity of the 

hydrolytic-acidogenic biomass at alkaline pH, and to the consumption of the VFA produced 

during micro-aeration. The tCOD that could be converted into sCOD during fermentation 
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was lower than that converted during digestion (maximum 43 % and 74 %, respectively) 

(Figure 4.6), although the same HRT was applied. The acidogenic activity was affected as 

the acidogenic bacteria could not convert all the soluble organics into carboxylic acids 

(Figure 4.6). This was confirmed by applying a combination of two different suboptimal 

conditions, micro-aeration and alkaline pH, which resulted in a lower conversion of tCOD 

into sCOD (26 ± 7 % for MC-AERO_10, compared with 35 ± 2 % for ALKA_10 and 43 ± 4 

% for MC-AERO_7, respectively) and less conversion of COD into VFA (14 ± 7 % for MC-

AERO_10, compared with 20 ± 2 % for ALKA_10 and 21 ± 3 % for MC-AERO_7, 

respectively) compared to those values obtained by applying the two conditions separately 

(Figure 4.5 and Figure 4.6). 

 

3.4 Effect of different alkaline pHs during fermentation at long HRT 

Performing fermentation at HRTs typical of AD increases the contact time between the 

hydrolytic- acidogenic biomass and the sludge organics allowing higher hydrolysis, but in 

this case strategies to inhibit methanogens (i.e. alkaline pH, micro-aeration) are 

necessary. Fermentation at pH 10 suppressed methanogenic activity and also enhanced 

solubilization of the tCOD of A-sludge, but this did not translate into the same conversion 

efficiency to carboxylic acids (Figure 4.6). It is hypothesized that the enhancement of 

hydrolysis was mostly abiotic, and such high pH inhibited acidogenesis (Maspolim et al., 

2015; Yu et al., 2008). Fermenting sludge at a milder alkaline pH, such as pH 8, could be 

a strategy to preserve hydrolytic-acidogenic activity while still inhibit methanogens, whose 

optimal activity is between pH 6.8 and 7.5 (Appels et al., 2008; Maspolim et al., 2015).  

Experiment 3 investigates the effect of alkaline pH on fermentation of A-sludge generated 

from an A-stage-DAF pilot-scale system, where DAF was used for the solid/liquid 

separation in place of a settler, was carried out at a HRT of 18 days. Reactors were initially 

operated for a period of 105 days during which methanogenesis was suppressed. After an 

acclimatization of 40 days, VFA yields were significantly similar throughout the first phase 

of the experiment (p = 0.47) for the two replicates at pH 10, at 125 ± 16 mg COD-VFA g-1 

CODfed and 113 ± 18 mg COD-VFA g-1 CODfed (VFA concentrations were 4924 ± 1310 mg 

COD-VFA L-1 and 4434 ± 1044 mg COD-VFA L-1, respectively). This corresponded to an 

average conversion efficiency of 12 % which was lower compared with that of gravity-

thickened sludge (20 %). This was likely due to the different concentration of the A-sludge 

feedstock used in the two experiments (Tables 4.1 and 4.2) and to their different storage. 

A-sludge used during experiment 2 was collected from the return flow of a full scale A-

stage coupled to a settler. This was gravity-thickened to achieve sludge concentration of 
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20.6 g COD L-1, similar to these obtained in gravitational thickeners prior to AD at WWTP 

level, and stored at 4 °C throughout the whole experiment. During storage, hydrolytic-

acidogenic bacteria can start hydrolyzing sludge organics so that less contact time is 

required for hydrolysis and VFA production and this could potentially result in higher VFA 

yields. In experiment 3, fresh sludge collected from an A-stage coupled with a DAF was 

used as feedstock. DAF acts as a combination of gravitational settling and thickening and 

therefore no further thickening was required prior to fermentation. Concentration of A-

sludge generated from an A-stage-DAF system was more than double (47.1 g COD L-1) 

than that of gravity-thickened A-sludge and the sludge was added fresh. Thus, possibly 

only part of the COD could be solubilized during fermentation.  

On day 106, the pH of one of the reactors was changed to pH 8 to assess whether a less 

alkaline pH could deliver similar methane inhibition at higher VFA productions. To avoid 

biases linked to differences in the initial microbial community, the reactor broth of the two 

reactors at pH 10 was mixed and re-inoculated in the reactors prior to the change. No CH4 

production was detected in any of the two reactors, indicating that pH 8 was sufficient to 

inhibit methanogenic activity. After 36 days of acclimatization (day 142), VFA yield was 

257 ± 13 mg COD-VFA g-1 CODfed for the reactor operated at pH 8 (Figure 4.8), which was 

higher than the yield obtained during alkaline fermentation in the previous phase. 

However, VFA yields for the fermentation carried out at pH 10 were also higher in this 

phase, at 260 ± 20 mg COD-VFA g-1 CODfed (Figure 4.8), and statistically similar to those 

of the reactor at pH 8 (p = 0.29) (VFA concentrations were 5455 ± 338 mg COD-VFA L-1 

and 5383 ± 77 mg COD-VFA L-1, respectively). Such an increase in yields in this second 

phase could be explained by a change in the feedstock. From day 106 reactors were fed 

with sludge stored at 4 °C prior to use. It is possible that storage impacted cells decay and 

sludge deflocculation into compounds easier to hydrolyze during fermentation, however 

this could not be quantified as the sCOD/tCOD ratio did not change between fresh and 

stored A-sludge (1 – 2 %). 

 



 

 

 

 

Figure 4.8. Overview of the total VFA yields in two reactors operated at pH 10 till day 105, and operated one at pH 10 and one at pH 8 afterwards. Error bars 

represent standard deviations for biological replicates (n = 2). 
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When comparing the COD solubilization at pH 10 and 8 it can be seen that the tCOD 

hydrolyzed to sCOD was 1.6 times higher when fermentation was performed at pH 10 

(Figure 4.9). This did not translate into higher VFA yields (in both cases around 26 %). 

Fractions of unconverted sCOD (over tCOD) were 20 ± 3 % at pH 10 and 3 ± 0 at pH 8, 

respectively (Figure 4.9). These results are in accordance with Maspolim et al. (2015) that 

reported that abiotic solubilization had a lower impact on total hydrolysis at pH 8 and 

inhibition of hydrolytic-acidogenic biomass was less pronounced, thus most of the sCOD 

fraction could be converted to VFA. Finally, if we consider that base addition is significantly 

lower to maintain the pH of a fermenter at 8 compared with that of pH 10, while VFA yield 

is similar, performing the fermentation at lower pH would reduce operational costs. 

 

 

Figure 4.9. Average fraction of the soluble COD (sCOD), VFA and CH4 of the total COD for the A-
sludge feedstock and the four reactors at pH 10, pH 10 lowered to pH 8 and two reactors at pH 8 
during the second phase of experiment 3. Error bars represent standard deviations over time. 
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3.5 Effect of mechanical flocs rupture on the fermentation of A-sludge 

The combination of long HRT and alkaline fermentation increased the VFA yields 

compared with neutral pH and shorter HRT. At a more alkaline pH (pH 10), sCOD fraction 

was greatly increased (36 – 46 %) due to abiotic solubilization, but only part of the sCOD 

could be converted to VFA (20 – 26 %) likely due to inhibition of the acidogenic biomass 

(Figure 4.6 and Figure 4.10) (Maspolim et al., 2015). Contrarily, when fermentation of A-

sludge was carried out at pH 8  90 % of the sCOD could be converted to VFA but the 

sCOD fraction was lower (Figure 4.9). In Chapter 3 it was shown that pretreatment of 

sludge, achieved by recirculating A-sludge through a forward osmosis (FO) 2-chambered 

cell, could greatly increase the sCOD fraction (from 15 to 30 %). This also resulted in a 

4.4-fold increase in VFA conversion efficiencies in respect to the baseline fermentation 

(from 10 % to 45 %). During experiment 4, two fermenters were operated as replicates for 

27 days and afterwards a mechanical treatment similar to that of Chapter 3, circulation 

through a peristaltic pump, was applied to one of the fermenters to increase COD 

solubilization by recirculating the reactor broth in-line with VFA production. The second 

fermenter served as a control. Fermentation was carried out at pH 8 and at HRT of 18 

days.  

Immediately after application of the new condition, sCOD fraction increased for the 

experimental reactor, at 406 ± 22 mg sCOD g-1 CODfed after 14 days of acclimatization 

(day 42) (Figure 4.10.A). Consequently, VFA yield increased after 6 days from the 

application of the in-line mechanical treatment (day 33) and was stable at 264 ± 24 mg 

COD-VFA g-1 CODfed after day 42. The interval between the increased sCOD fraction (day 

28) and the increased VFA yield (day 33), was likely due to the acclimatization of the 

acidogenic community to the increased sCOD loading, and/or to EPS and soluble organics 

released during sludge deflocculation that could be detected as sCOD but could not be 

directly used for fermentation. Contrarily in the control both the sCOD fraction and the VFA 

yield remained stable throughout the whole experiment, at 299 ± 35 mg sCOD g-1 CODfed 

and 183 ± 23 mg COD-VFA g-1 CODfed, respectively (Figure 4.10.A and Figure 4.10.B). 

VFA concentrations were 5226 ± 457 mg COD-VFA L-1 when recirculation was applied 

and 3620 ± 238 mg COD-VFA L-1 for the control after 42 days of operation (p = < 0.001).  
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Figure 4.10. Overview of A. the sCOD fraction and B. the total VFA yields in two reactors operated 
at pH 8 and HRT of 18 days. On day 27, one of the reactors (In-line mechanical treatment) was 
coupled with a 1-chambered cell and the rector broth was recirculated through the cell in-line with 
the production. No recirculation was applied to the second reactor as this served as a control. 

 

 

Fractions of unconverted sCOD were 14 – 15 % for both conditions in the current 

experiment (Figure 4.10.A and Figure 4.11), while it was previously shown (Figure 4.9) 

that fermentation of A-sludge at pH 8 and HRT of 18 days resulted in the conversion of 90 

% of the solubilized COD into VFA. This could possibly be due to difference in the A-sludge 

feedstock used in the two experiments. In this case, fermenters were fed with A-sludge 

generated from an A-stage-DAF in high-rate contact stabilization (HiCS) configuration. 

This differs from a conventional A-stage, where aeration is performed at the level of the 

contact tank, in HiCS a feast and feamine regime is created by aerating the return sludge 

while the contact tank is not aerated. This feast and famine regime is thought to increase 
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sludge capture mainly through bioflocculation but also through production of fat-storage 

polymers which are less bioavailable to microorganisms (Meerburg et al., 2016). It is thus 

possible that cells lysis resulted in the release of poorly bioavailable complex-lipids that 

could be detected as sCOD but could not be completely used for fermentation (Sousa et 

al., 2007). In this light, a direct comparison between the two experiments cannot be made 

as different feedstocks were used. 

Although sludge disruption by in-line recirculation resulted in significantly higher VFA 

conversion efficiencies compared with the control, at 26 % and 18 %, respectively, 

fractions of tCOD hydrolyzed to sCOD were only 1.3 times higher (41 % and 32 %, 

respectively) (Figure 4.11). Application of an in-line disruption treatment likely enhanced 

sludge deflocculation but not at the level of complete solubilization of the sludge organics. 

This treatment possibly facilitated the action of hydrolytic-acidogenic bacteria to hydrolyze 

complex organics into monomers and convert them into VFA. However, this was not 

sufficient to promote further increase of the sCOD fraction and thus further increase VFA 

production. A combination of different pretreatments such as mechanical (i.e. recirculation) 

and chemical pretreatment (i.e. high salts concentration) was shown to synergically 

rupture sludge-flocs and lyse cells and resulted in a greater sCOD fraction than that of the 

exclusive application of a chemical pretreatment, as shown in Chapter 3. Thus, a more 

aggressive strategy to rupture sludge-flocs (e.g. steam explosion or high-pressure thermal 

hydrolysis (HPTH)) in combination with other treatments could increase the convertible 

sCOD fraction, and potentially increase VFA yields. 
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Figure 4.11. Average fraction of the soluble COD (sCOD), VFA and CH4 of the total COD for the 
A-sludge feedstock, the reactor where mechanical pretreatment was applied and the control during 
the last HRT of experiment 3. Fermentation was performed at pH 8 and at a HRT of 18 days.  

 

 

4 Conclusion 

Different strategies were applied during fermentation of A-sludge to increase the hydrolytic 

rate and VFA production, and to inhibit methanogenesis. The VFA yields were similar at 

HRT of 4 days at mesophilic or thermophilic conditions (11 – 12 %). Application of HRT of 

20 days combined with strongly-alkaline pH (10) and/or micro-aeration resulted in 

negligible methane production and enhanced solubilization of the tCOD, but did not 

translate into the same conversion efficiency to carboxylic acids. For the alkaline 

fermentation carried out at pH 10 this was likely due to the inhibition of acidogenesis and 

biotic hydrolysis at high pH. The application of pH 8 during sludge fermentation appears 

to be a good compromise between abiotic solubilization caused by NaOH addition, 

preservation of the hydrolytic-acidogenic activity for VFA production and inhibition of 

methanogenic activity. In addition, VFA yields were significantly similar when fermentation 

was carried out at pH 8 or pH 10, and, in both cases methanogenesis was inhibited while 

less base addition to control the fermentation pH. Application of a mechanical disruption 
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of the sludge significantly increased VFA yields, indicating that physical disruption could 

be key to increase conversion to VFA.  
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Abstract 

High-rate activated sludge (HRAS) systems aim at maximal conversion of the sewage 

organics into biodegradable A-sludge. The high loading rates and short sludge retention 

times lead to the formation of A-sludge with poor settling characteristics and thus rather 

diluted (< 5 – 15 COD L-1). Further thickening is required prior to anaerobic digestion, 

necessitating the addition of polyelectrolytes. In this study, a dissolved air flotation (DAF) 

unit was coupled to a HRAS in place of a settler at pilot-scale level to improve the removal 

of suspended solids and increase sludge concentration. The HRAS-DAF system allowed 

removal of up to 78 % of the influent TSS, which was higher than typical values obtained 

with a conventional HRAS-settler system (48 – 68 % TSS). The concentrated A-sludge 

had a concentration of up to 47 g COD L-1, suppressing the need of further thickening 

before anaerobic digestion. DAF separation in combination with a HRAS system, could 

increase organics removal, increase sludge concentration, and contribute to an energy-

positive wastewater treatment system.
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1. Introduction 

The large flow of domestic wastewater produced globally makes this stream an attractive 

source for recovery of water, energy and also organics and nutrients (Verstraete et al., 

2009; Verstraete & Vlaeminck, 2011). Domestic wastewater is typically treated in a CAS 

system, aiming at removing organic carbon and minerals, such as nitrogen and 

phosphorus. The key objective in CAS is to create clean water for discharge, via 

mineralization of the organics with minimal sludge formation. To improve the recovery of 

organics from wastewater, a two stage AB process can be implemented, instead of a CAS 

(Boehnke et al., 1998; Constantine et al., 2012). The AB process starts with an aerobic A-

stage that operates as a HRAS process with sludge-specific loading rates between 2 and 

10 kg bCOD kg-1 VSS d-1 for partial carbon removal. This is followed by a low-loaded B-

stage to ensure nitrogen removal and final polishing (Boehnke et al., 1997; De Graaff & 

Roest, 2012). HRAS processes are operated at a short hydraulic retention time (HRT, 

30 – 60 min) and solids retention time (SRT, < 1.2 days), targeting a low degree of 

organics mineralization. The HRAS process offers the advantage that it can remove large 

fractions of soluble and colloidal organic matter (45 – 68 % TSS, 50 – 60 % COD), mainly 

via biological flocculation, sorption and storage mechanisms (Boehnke et al., 1997; De 

Graaff & Roest, 2012; Jimenez et al., 2007; Meerburg et al., 2015). The produced A-sludge 

is easily digestible, and has a conversion efficiency to CH4 of 50 – 70 % during AD (De 

Graaff & Roest, 2012; De Vrieze et al., 2013), theoretically enabling energy neutral 

wastewater treatment through the AB-process combined with AD for the A-stage sludge 

(Constantine et al., 2012). 

Despite the high degradability and conversion efficiency, sludge produced under high 

loading rates and short SRTs has poor settling characteristics (Modin et al., 2014; 

Ramalho, 2012). Typically, FeCl3 is added to improve sludge settleability, and achieve 

phosphorus removal at the same time (De Graaff & Roest, 2012). Still, even with addition 

of FeCl3, A-stages currently only recover between 26 – 52 % of the organic carbon in 

sewage (De Graaff & Roest, 2012). Due to low compaction in the settling process, the 

concentration of A-sludge is often limited to up to 0.5 – 1.5 % solids (see Chapter 2), and 

further thickening is required prior to AD, necessitating the addition of polyelectrolytes.  

To advance towards an energy-neutral or even energy-positive wastewater treatment, it is 

necessary to maximize recovery of sewage organics. For this purpose, Meerburg et al. 

(2015) proposed the use of a HiCS system as an improvement of the HRAS process. This 

system created a feast-famine regime in the A-stage, which was shown to improve bio-

flocculation, bio-sorption and storage of the organics, increasing the overall recovery of 

organics into sludge (Meerburg et al., 2015). It was also possible to retain and concentrate 
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A-sludge via the use of a membrane bioreactor type HRAS (HR-MBR), producing a solids-

free effluent (Akanyeti et al., 2010; Faust et al., 2014). Similar to other HRAS sludge types, 

thickening of the HiCS sludge and HR-MBR sludge is however still required before AD.  

As seen in the Chapter 3, FO can be used to concentrate sludge. This work, however, 

proposes to improve the separation of A-stage sludge and increase its solids concentration 

by means of dissolved air flotation (DAF). The DAF process relies on flotation of (sludge) 

particles via hydrophobic interactions with micro-bubbles of compressed gas, typically air. 

The micro-bubbles are generated in the DAF system by pressurizing (part of) the effluent 

at 4 – 5 bar, saturating this with air, and releasing it at atmospheric pressure in the bottom 

of the DAF. The bubbles that are formed in this manner, attach to sludge particles and 

increase their buoyancy (Haarhoff, 2008; Wang et al., 2005). To achieve efficient 

solid/liquid separation in a DAF unit, dosage of coagulants (FeCl3, AlCl3 or 

polyelectrolytes) and in some cases also flocculants is necessary to effectively neutralize 

negative charges on the sludge particles, so they can form sludge aggregates (Liu & Fang, 

2003). Polymers used to assist flocculation prior to DAF separation are typically positively 

or negatively charged polyacrylamides (PAM) (Bolto & Gregory, 2007; Broeders et al., 

2014). Cationic polymers interact electrostatically with negative sites on the sludge flocs, 

while anionic polymers adsorb on negatively-charged surfaces through ion bridging, 

interacting with cations (e.g., from the coagulation phase) that function as bridges between 

the polymer and the sludge flocs surface (Bolto & Gregory, 2007; Bratby & Marais, 1976).  

Treatment of municipal wastewater with DAF used in combination with an aerated contact 

tank has already been tried in limited cases. This system could remove up to 81 % of the 

influent TSS and 67 % of the COD, using WAS generated in the downstream secondary 

treatment as inoculum for the contact tank (Ding et al., 2015). DAF has also been used to 

thicken CAS sludge, and offers several benefits compared to a settler: lower hydraulic 

retention times, lower volumetric requirements, better solids separation, and increased 

thickening of the sludge up to 7 % solids (Bolto & Gregory, 2007; Bratby & Marais, 1976; 

Broeders et al., 2014; Wang et al., 2005). Because of the high solids concentration in the 

sludge, a DAF system may suppress the need of a sludge thickening step prior to AD and 

may thus replace the combination of settler and thickener, leading to economic 

advantages (Ding et al., 2015; Wang et al., 2005).  

In this work, it was hypothesized that HRAS systems can be successfully used in 

combination with DAF with the aim to (1) improve operation of the HRAS and achieve 

better solid/liquid separation, (2) increase the sludge concentration to a level competitive 

to the combination of gravity settling and thickening (3) and subsequently convert the 

sludge organics to CH4 to investigate if such a system is energy-neutral. First, batch tests 

were performed with a lab-scale HRAS-DAF treating synthetic wastewater, as a proof of 
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concept that this technology can be used to separate A-sludge, and to increase its 

concentration compared with conventional HRAS systems. Secondly, in a pilot-scale 

reactor setup, HRAS and HiCS systems were both coupled to a DAF unit and compared 

to HRAS-settler-thickener combinations for the treatment of real domestic wastewater. 

 

2. Materials and Methods 

2.1 Lab-scale HRAS-DAF set-up 

The lab-scale HRAS-DAF consisted of a contact tank and a DAF unit. The contact tank 

had a total volume of 2 L and a working volume of 1 L, and served as both biological and 

flotation unit. The DAF unit consisted of a stainless steel pressure vessel (Prosep 

Zaventem-Belgium) filled with plastic carriers to enhance contact between the water in the 

vessel and the compressed air. This vessel had three openings: two on the top, to fill tap 

water in the vessel and pressurize the water with compressed air, and one at the bottom 

to release pressurized white water in the mixed liquor (ML). Experiments were performed 

in a temperature-controlled room at 20 °C. 

 

 

Figure 5.1. (A) Lab-scale HRAS-DAF cycle (adapted from Meerburg (2016)). (B) Standard DAF 
apparatus for batch test solid/liquid separation and sludge thickening (Shammas et al., 2010). 

 

 

The HRAS-DAF was operated in batch mode with four consecutive phases: (i) contact, (ii) 

coagulation and flocculation, (iii) flotation and (iv) effluent removal (Figure 5.1.A). The 
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influent consisted of synthetic wastewater (0.87 ± 0.08 g total COD (tCOD) L-1; 0.32 ± 0.01 

g soluble COD (sCOD) L-1; 0.36 ± 0.01 g TSS L-1; 0.35 ± 0.00 g VSS L-1), prepared as 

described by Aiyuk and Verstraete (2004). The contact tank was inoculated with 250 mL 

of gravity-concentrated A-sludge (20.61 ± 2.23 g COD L-1; 18.27 ± 2.40 g TSS L-1; g 13.45 

± 1.90 VSS L-1) from the full-scale wastewater treatment installation of Nieuwveer (Breda, 

NL) prior to the four phases, to simulate the sludge return flow in a conventional HRAS 

system. During the contact phase, the contact tank was filled with 750 mL of synthetic 

wastewater added over 20 minutes (37.5 mL min-1) to ensure sufficient contact time 

between the microorganisms in the sludge with the wastewater organics. Mechanic 

overhead mixing and aeration were applied during the contact phase. In the second phase, 

a coagulant and/or a cationic flocculant (C492 Kemira Superfloc) were added (Table 5.1). 

Chemical dosage was followed by a rapid mixing phase (300 rpm) of 1 minute to evenly 

distribute coagulant and flocculant in the ML. Next, 20 mL of pressurized white water was 

released in the reactor followed by a gentle mixing (50 rpm) for 15 minutes to allow 

formation of floc-aggregates and improve floc buoyancy. Next, 100 mL of white water, 

pressurized in the DAF vessel at 4 – 5 bar, was released at atmospheric pressure in the 

contact tank. In the flotation phase (5 min), the air microbubbles attached onto the floc-

aggregates, allowing them to float. Finally, clear effluent was pumped out and the sludge 

was collected at the bottom of the contact tank. Samples of influent, ML, sludge and 

effluent were collected after each test, and analyzed for tCOD, volatile suspended solids 

(VSS) and TSS. 

Different batch tests were performed using either inorganic coagulants (FeCl3 x 6H2O or 

AlCl3 x 6H2O), or an organic polymer Zetag 7651 (very high charge density and very high 

molecular weight (MW) >106 (Bolto & Gregory, 2007; Saveyn et al., 2005)) for the 

coagulation (Table 5.1). When inorganic coagulants were used, addition of a low-medium 

MW cationic organic polymer (C492 Kemira Superfloc,) at 3 mg L-1 was necessary to assist 

flocculation. The Zetag 7651 is also a cationic organic polymer, but with very high MW, 

and acts both as coagulant and flocculant (Saveyn et al., 2005). The different 

coagulant/flocculant concentrations tested are reported in Table 5.1. 
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Table 5.1 Tested concentrations of inorganic coagulant (FeCl3 x 6H2O and AlCl3 x 6H2O) or organic 
polyelectrolyte (Zetag 7651) used in lab-scale HRAS-DAF batch tests. In case of chemical 
coagulants, a cationic flocculant C492 was dosed to assist flocculation. 

FeCl3 x 6H2O 

(mg L-1) 

C492  

(mg L-1) 

AlCl3 x 6H2O 

(mg L-1) 

C492  

(mg L-1) 

Zetag 7651 

(mg L-1) 

30 3 30 3 5 

50 3 50 3 7.5 

75 3 75 3 10 

 

 

2.2 Pilot-scale HRAS -DAF set-up 

The pilot-scale HRAS-DAF (Figure 5.2) consisted of a cylindrical contact tank with a 

diameter of 1.6 m and a working volume of 2 m3 connected to a 2 m3 DAF unit (Nijhuis 

Water and Technology, The Netherlands). Domestic wastewater (Table 5.2) was collected 

from the wastewater treatment plant (WWTP) of Aartselaar (Belgium), after grit removal 

and sand trap. It was filtered in a drum filter to remove large particles (1 mm pore size), 

and fed to the contact tank at a flow rate of 2 m3 h-1. The contact tank was continuously 

mixed and aerated by means of fine-bubble aeration at a dissolved oxygen setpoint 

between 1.5 and 2.5 mg L-1. The ML was transferred to the DAF unit with a cavity pump. 

The coagulant was dosed in the ML right before the cavity pump, and the polymer(s) 

was/were added in the loop of the flocculator pipes that connected the contact tank to the 

DAF (see section 2.2.1, for further details). Pressurized air (7 bar) was added at a flowrate 

of 0.6 L min-1 to a pressurized internal recycle stream of the DAF effluent (4 – 5 bar). This 

so-called “white water” was injected at atmospheric pressure into the feed pipe of the DAF 

unit at various points in the piping system (see below). The floating sludge was removed 

from the DAF unit with a skimmer, and collected in a non-aerated mixed return tank with 

a retention time of 3.5 hours. Part of this sludge was recirculated to the contact tank with 

a recycle ratio of 0.021 – 0.027 to achieve a concentration of TSS in the contact tank 

around 1 g L-1 (see Table 5.2 for further details). Sludge recirculation was automatically 

stopped when the volume in the return tank dropped below 250 L, as the production of 

return sludge was dependent on the performance of the DAF unit and on daily fluctuation 

of the wastewater composition. Wasting of sludge was performed when the volume in the 

return tank rose above 300 L, and was stopped below 280 L. These settings were chosen 

to approach a SRT of 1 day (Table 5.2). 
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Before each treatment and on day 65 of treatment 1, the contact tank was inoculated with 

secondary WAS (8.46 ± 1.46 g TSS L-1), from the Aartselaar WWTP. The WAS was 

pumped in the contact tank until the ML reached a concentration of 1 g TSS L-1.  

Liquid samples of domestic wastewater, ML, effluent and sludge were collected 3 times 

per week and analysed for tCOD, sCOD, TSS and VSS. Total ammonia nitrogen (TAN) 

and total kjeldahl nitrogen (TKN) were analysed every two weeks. 

 

2.2 1. Treatment 1: impact of mixing regime and a single polymer dosage 

During treatment 1, FeCl3 was added at a dosage of 50 mg L-1 to assist coagulation of the 

sludge, and an anionic polymer (A130HP, Kemira) was added at a dosage of 3 mg L-1 to 

assist flocculation. The polymer was added from a 0.1 % stock solution that was replaced 

every 1 to 3 days. The test period lasted 104 days, and can be divided in two different 

phases, based on different strategies used for the injection of pressurized white water and 

polymer dosage. During the first 64 days, the ML was dosed with the coagulant and 

pumped through a 5.0 m of pipe (inner diameter 44.0 mm) before polymer addition (Figure 

5.2). This was needed to ensure sufficient mixing of the coagulant with the ML and to 

coagulate the biomass into small flocs. After polymer addition, the ML was pumped 

through a 1.5 m pipe (inner diameter 44.0 mm), before entering the DAF unit. The 

pressurized white water was injected into the DAF at the point of entry of the ML. On day 

65, in order to improve the sludge flocculation, the configuration was changed (Figure 5.2). 

After dosing the coagulant in the ML, the ML was pumped through a pipe length of 4.5 m, 

after which roughly half of the pressurized white water was injected in the pipe to increase 

flocs buoyancy. Subsequently, the ML was pumped through a 17.5 m plug-flow flocculator 

(PFF, a serpentine of pipes with different inner diameters to apply further turbulence and 

mixing: diameters were 44.0 mm and 31.6 mm with Reynolds number of 16000 and 27000, 

respectively) before entering the DAF unit. The anionic polymer was added directly in the 

PFF after 0.5 m. The remaining white water was added to the DAF unit at the point of entry 

of the ML. 

 

2.2.2 Treatment 2: Impact of a dual polymer system  

Treatment 2 lasted for 65 days. The coagulant addition (at FeCl3 50 mg L-1) and 

pressurized white water injection occurred as in the second phase of treatment 1. The 

addition of two polymers occurred directly in the PFF, with a cationic polymer (C492, 

Kemira) dosed at 2 mg L-1, 0.5 m after white water injection, and an anionic polymer 

(A135.HP, Kemira) dosed at 0.5 mg L-1, 0.5 m further (Figure 5.2). The remaining 



Development and optimization of an A-stage coupled with dissolved air 
flotation for highly-concentrated sludge production 

127 

pressurized white water was injected at the entry point of the DAF unit. Both polymers 

were added from 0.1 % stock solutions that were replaced every 1 to 3 days. 

 

2.3 Pilot-scale HiCS-DAF set-up 

The same pilot scale described in section 2.2 was used for 46 days in HiCS-DAF 

configuration. In this configuration, the contact tank was not aerated, while the sludge 

return tank was aerated by means of fine-bubble aeration at a dissolved oxygen set point 

between 2.0 and 3.0 mg L-1 (Figure 5.2). On the first day of the HiCS-DAF treatment, the 

return tank was inoculated with 300 L of secondary WAS (8.46 ± 1.46 g TSS L-1), from the 

Aartselaar WWTP. Before entering the DAF unit, the ML was dosed with coagulant and 

flocculants using the same approach as in treatment 2 of the HRAS-DAF configuration. 

However, the dosages were lower: FeCl3 was dosed at 30 mg L-1 to apply a similar 

Fe/CODinfluent ratio as in treatment 1 (Table 5.2), cationic polymer was dosed at 1.5 mg L-

1, and anionic polymer at 0.5 mg L-1. 

 



 

 

Table 5.2. Characteristics of domestic wastewater and mixed liquor. Standard deviations are calculated over time during the different treatments. 

 

 

HRAS – DAF 

Treatment 1 

HRAS – DAF 

Treatment 2 

HiCS – DAF 

 

Dosage coagulant / polymer(s)    

FeCl3 50 mg L-1 (5 %; 2 L h-1) 50 mg L-1 (5 %; 2 L h-1) 30 mg L-1 (3 %; 2 L h-1) 

Cationic polymer (C492, Kemira) - 2 mg L-1 (0.1 %; 4 L h-1) 1.5 mg L-1 (0.1 %; 3 L h-1) 

Anionic polymer (A130.HP, Kemira) 3 mg L-1 (0.1 %; 6 L h-1) 0.5 mg L-1 (0.1 %; 1 L h-1) 0.5 mg L-1 (0.1 %; 1 L h-1) 

Domestic wastewater (influent)    

Total suspended solids, TSS (g L-1) 0.19 ± 0.09 0.08 ± 0.02 0.09 ± 0.03 

Volatile suspended solids, VSS (%) 79 85 86 

Total chemical oxygen demand, tCOD (g L-1) 0.38 ± 0.11 0.16 ± 0.04 0.19 ± 0.05 

Soluble chemical oxygen demand, sCOD (%) 26 31 31 

Total Kjeldahl nitrogen, TKN (mgN L-1) 52 ± 11 37 ± 11 33 ± 9 

Total ammonia nitrogen, TAN (mgN L-1) 32 ± 10 16 ± 4 21 ± 3 

Phosphate, P (mg L-1) 1.9 ± 0.5 1.3 ± 0.7 1.3 ± 0.5 

Mixed Liquor    

Total suspended solids, TSS (g L-1) 1.14 ± 0.40 0.73 ± 0.25 1.02 ± 0.46 

Volatile suspended solids, VSS (%) 58 60 48 

Food to Microorganisms ratio, F/M (kg COD kg-1 MLVSS d-1) 14.1 ± 5.9 9.0 ± 4.1 9.0 ± 4.31 

Fe: COD influent (g Fe g -1 COD) 0.04 ± 0.01 0.10 ± 0.03 0.06 ± 0.02 
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Figure 5.2. Pilot-scale A-stage-DAF setup in HRAS-DAF and in HiCS-DAF configurations.  
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2.4 Biomethane potential (BMP) tests 

The BMP tests were carried out to estimate the anaerobic biodegradability of the A-sludge 

obtained from the lab-scale HRAS -DAF system and the pilot-scale HRAS-DAF and HiCS-

DAF systems. The tests were performed in triplicate under mesophilic conditions (35 ºC) 

in serum flasks with a working volume of 80 mL. Inoculum or substrate was replaced 

alternatingly by tap water in the control tests. The substrate to inoculum ratio was 

maintained at 0.5 g COD g-1 VS. For the lab-scale HRAS-DAF, the inoculum used was 

obtained from a lab-scale anaerobic digester treating WAS (16 g VS L-1). For the pilot-

scale HRAS-DAF, two BMP tests were performed during treatment 1, with sludge 

generated after 14 days, and 76 days of operation. The inoculum was obtained from a full-

scale anaerobic digester treating municipal wastewater sludge (Aquafin, Leuven (Belgium) 

(13 g VS L-1). During treatment 2, one BMP test was carried out, with sludge generated 

after 53 days from the start of the treatment. The inoculum was obtained from a full-scale 

anaerobic digester treating municipal wastewater sludge (Aquafin, Leuven (Belgium) (27 

g VS L-1). Finally, for the HiCS-DAF, two BMP tests were performed with sludge generated 

after 22 and 38 days of operation. The inoculum used was obtained from a full-scale 

anaerobic digester treating municipal wastewater sludge (Aquafin, Leuven (Belgium) (24 

g VS L-1).  

Flasks were sealed with a rubber stopper and aluminum sealer, and then connected to 

glass columns in which biogas production was measured by means of water displacement. 

Biogas volumetric production was checked every two days during the first week and every 

two weeks after. Biogas composition was evaluated at the end of the experiment, once the 

biogas production reached the steady state and was constant for three sampling points. 

Methane yield was expressed as the COD of methane (CH4) produced per gram of COD 

of substrate. Values are reported at standard temperature (237 K) and pressure (101325 

Pa) (STP) conditions. 

 

2.5 Analytical techniques 

The tCOD, sCOD, TSS, VSS, TAN and TKN analyses were performed according to 

Standard Methods (Greenberg et al., 1992).  
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2.6 Statistical analysis 

Statistical analysis of the operational data was carried out using the software SigmaPlot 

13 (Systat Software, Inc., San Jose California USA, www.sigmaplot.com). The normality 

and equal variances (homoscedasticity) were evaluated by means of the Shapiro-Wilk and 

Brown- Forsythe tests, respectively. A parametric t-test was used to compare the reactors 

when normality and homoscedasticity could be confirmed, otherwise a non-parametric 

Mann-Whitney U Test was used. 

 

2.7 Economic analysis 

For the operational expenditures (OPEX) calculations, energy costs for aeration, 

solid/liquid separation, pumping costs (settling and thickening, or DAF) and chemicals 

dosage, in terms of coagulants and polymers, were considered. The costs and constants 

used for the economical assessment are reported in Table 5.3. Aeration requirements 

were calculated from the stoichiometric oxygen demand at 1 g and 3.43 O2 per gram of 

catabolic oxidation of COD and NO2
--N reduced to N2, respectively. The energy 

consumption due to aeration was assumed at 3.05 kg O2 kWh-1 (Meerburg 2016) (Table 

5.3). Pumping energy for the conventional HRAS was assumed at 0.02 kWh Population 

Equivalents (PE)-1 d-1 with PE calculated as (CODinfluent d-1 + 4.57 Ninfluent d-1) x (150 g TOD 

PE-1 d-1)-1 (Siegrist et al., 2008). Pumping costs for the systems coupled with DAF included 

costs for the DAF feed pump, recirculation pump, sludge pump, polymer dosing pump, 

and amounted to 0.10 kWh m-3. The energy demand for the scraper unit was calculated at 

0.001 kWh m-3 (personal communication Nijhuis Water Technology). The energy demand 

for gravity settling in conventional HRAS was calculated as at 2.7 x 10-3 kWh m-3, which is 

half of the estimated energy demand for combined primary and secondary settling 

(Meerburg, 2016). For the conventional HRAS with settler system, iron dosage, COD 

removal efficiency, COD mineralized and COD captured as sludge were calculated as an 

average of values reported for four conventional HRAS systems by De Graaff and Roest 

(2012) (Table 5.3). The concentration of the A-sludge generated from a conventional 

HRAS + settler was assumed at 10 g COD L-1 (Chapter 2). For the HRAS/HiCS-DAF 

scenarios, COD removal efficiencies and sludge concentration were based on data 

obtained in the current study (Table 5.3) while COD captured as sludge and COD 

mineralized were calculated from the mass balances. During the first treatment of the 

HRAS-DAF, 84 % of the COD removed was captured as sludge and 16 % was mineralized 

while for the following treatment COD captured and mineralized were 65 % and 35 % of 

the COD removed, respectively, for HRAS-DAF treatment 2 and 72 % and 28 % of the 
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COD removed for the HiCS-DAF (Table 5.3). For all the scenarios, with DAF or gravity 

settling separation, the COD concentration of the influent during treatment 1 was 

considered for the calculations (i.e. 385 mg L-1 (Table 5.2).  

Total energy use was calculated as the sum of the energy consumption in the A-stage and 

in the following B-stage, where further carbon polishing occurs. Energy consumption of 

the A-stage comprises the aeration energy for the fraction of COD oxidized, energy for 

solid/liquid separation (settling or DAF), and pumping costs (Table 5.3). In case of sludge 

generated from a HRAS + settler system, thickening energy as well as polymers needed 

during the thickening were considered (Table 5.3). For the scenarios where DAF was used 

for the solids/liquid separation, no gravity-thickening was considered for the assessment. 

The energy consumption of the B-stage was calculated as the sum of the energy demand 

of the aeration necessary for nitrogen removal and energy required to oxidize the COD not 

removed in the first stage and not captured in the sludge generated in the B-stage, down 

to a final effluent concentration of 37 mg L-1 (non-biodegradable COD (Table 5.3)). In all 

the scenarios considered, the wastewater nitrogen concentration (TKN) during treatment 

1 was considered for the calculations (i.e. TKN 52 mg N L-1 (Table 5.2). The sludge 

nitrogen (N) concentration was calculated as a ratio between the influent COD captured 

as sludge (gCOD d-1) and the fix ratio 23.3 g CODsludge g-1 Nsludge, calculated from the 

average COD/N value for the HRAS/HiCS-DAF systems. The N concentration in the 

effluent was calculated as the difference between the daily wastewater nitrogen flow and 

the daily sludge nitrogen flow (g Nwastewater d-1 - g Nsludge d-1). The effluent bCOD was 

calculated as the difference between the A-stage effluent COD and the non-biodegradable 

COD (Table 5.3). bCOD/N ratio in the effluent of the A-stage were calculated at 2.6 for the 

HRAS + settler, 2.4 and 2.7 for the HRAS-DAF during treatments 1 and 2, respectively, 

and at 2.9 for the HiCS-DAF (Table 5.3). These ratios are below the 4.4 g bCOD g-1 N ratio 

required for nitrification/denitrification (N/DN) and thus partial nitritation and anammox 

(PN/A) was chosen as nitrogen removal technology for this economic assessment. In the 

B-stage, the COD captured as sludge (Table 5.3) and the sludge generated from 

autotrophic growth during PN/A were calculated from the observed biomass yield x 100 

(Yobs x 100) with Yobs = Ymax x (1 + fd x bT x SRT) x (1 + bT x SRT) (Tchobanoglous et al., 

2003). To determine heterotrophic B-sludge formation, a value of 0.63 g CODbiomass g-1 

CODrem was assumed for the maximum yield (Ymax) while in case of the autotrophic sludge 

formation Ymax was 0.19 (Tchobanoglous et al., 2003). The assumed SRT for the B-stage 

was 20 days. The endogenous fraction fd was assumed to be 0.2, and the temperature (T) 

at 15 °C. bT was calculated as b20 x 1.04(T-20), were b20 was assumed to be 0.24 d-1 for the 

heterotrophic growth. The b20 for the autotrophic growth was calculated at 0.03844 d-1, 
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assuming that the AnAOB biomass accounted for 39% in the mixture of AnAOB + AOB 

and that the b20 was 0.06 d-1 for AOB and 0.005 d-1 for AnAOB, respectively (van Haandel 

& van der Lubbe, 2007).  

The total energy produced was calculated as the sum of the energy produced from the 

combustion of CH4 generated during AD of A-stage and B-stage sludge (assuming a 

caloric value of 9.96 kWh m-3 for combustion of CH4 (Table 5.3)). The CH4 to heat 

conversion efficiency of a combustion engine is reported at 90 % and was thus considered 

negligible in this study (De Vrieze et al., 2016). In case of the HRAS/HiCS-DAF scenarios, 

conversion efficiencies to CH4 were based on data obtained in the current study (Table 

5.3). For the sludge produced in the B-stage, conversion efficiency to CH4 (Table 5.3) was 

calculated as (a x (0.67 x T + 36) + (1 – a) x (0.19 x T + 10)) were the active fraction (a) 

was assumed to be 0.375 assuming a SRT of 20 days for the digestion and T of 35 °C 

(van Haandel & van der Lubbe, 2007). The volumes of CH4 produced were recalculated 

from the conversion efficiencies, considering that 0.35 L of CH4 corresponds with 1 g of 

COD converted (Table 5.3). 

 

2.8 Sensitivity analysis 

Sensitivity analyses were performed in Microsoft Excel 2016. Parameters such as 

wastewater COD concentration, COD removal efficiency, recovery efficiency (influent 

COD removed as sludge), anaerobic digestion conversion efficiency, iron and polymer 

dosage, were investigated and variated to determine their relative importance on the 

economic analysis. In case of the wastewater, concentrations ranging between 0 and 800 

mg COD L-1 were applied. COD removal efficiency was varied between 0 and 100 % of 

influent COD removed. Recovery efficiency applied ranged between 0 and 100 % of the 

COD recovered. Conversion efficiency of the sludge COD to CH4 were varied between 0 

and 100 %. Polymer concentration was assumed at 0.1 % and the dosage was varied at 

0, 1, 2, 4, 6, 8, 10 and 20 L h-1, corresponding to 0, 0.0005, 0.001, 0.002, 0.003, 0.004, 

0.005 and 0.01 kgPAM m-3, respectively. The effect of iron dosage was tested at 0, 0.005, 

0.01, 0.03, 0.05 and 0.1 kgFe m-3. Each parameter was changed singularly while the others 

were maintained as in Table 5.3. 

 



 

 

Table 5.3. Costs and constants used in economical assessment and their references. Acronyms stand for high-rate activated sludge (HRAS), high-rate contact 
stabilization (HiCS), dissolved air flotation (DAF), chemical oxygen demand (COD). 

Parameter  Unit Reference 

Electricity cost 0.12 € kWh-1 Eurostat 2016 

FeCl3 cost (dry) 200 € tonne-1 Aquafin 

CH4 production 0.35 L CH4 g-1 CODrem Tchobanoglous et al. 2003 

Caloric value CH4 9.96 kWh m-3 Tchobanoglous et al. 2003 

Aeration required for mineralization 1.00 g O2 g-1 COD  

Aeration requirement for PN/A 3.43 g O2 g-1 NH4
+  

Aeration energy consumption 3.05 kg O2 kWh-1 Meerburg 2016 

Polymer cost (anionic or cationic) 2.75 € kg-1 Nijhuis Water Technology 

Population Equivalents (PETOD150) 199  Calculated 

Wastewater concentration 385 mg COD L-1 This study 

Wastewater nitrogen concentration 52 mg N L-1  

Wastewater non-biodegradable COD 37 mg COD L-1 Aquafin 

 

HRAS + settler 

Energy demand HRAS settling 0.03 kWh m-3 Meerburg 2016 

Pumping energy 0.02 kWh PE-1 d-1 Siegrist et al. 2010 

Iron dosage 6.65 kg m-3 De Graaff and Roest 2012 

COD removal efficiency 60 % De Graaff and Roest 2012 

COD effluent 40 % De Graaff and Roest 2012 

COD captured as sludge 40 % De Graaff and Roest 2012 

COD oxidized 20 % De Graaff and Roest 2012 

Gravitational thickener energy use 0.6 kWh m-3 Aquafin 



 

 

Thickener outgoing sludge concentration 34 g TSS L-1 Aquafin 

Polymer usage thickener 1.8 x 10-5 kWh m-3 Nieuwveer WWTP 

COD outgoing sludge 10 g COD L-1 Chapter 2 

Conversion efficiency to CH4 of the outgoing sludge 60 % De Graaff and Roest 2012; 

 

DAF 

Feed pump 0.03 kWh m-3 Nijhuis Water Technology 

Recirculation pump 0.06 kWh m-3 Nijhuis Water Technology 

Polymer concentrate pump 0.002 kWh m-3 Nijhuis Water Technology 

Dosing polymer pump 0.004 kWh m-3 Nijhuis Water Technology 

Sludge pump 0.004 kWh m-3 Nijhuis Water Technology 

Energy use scraper 0.001 kWh m-3 Nijhuis Water Technology 

Total Energy demand DAF 0.10 kWh m-3 Nijhuis Water Technology 

    

HRAS-DAF Treatment 1    

COD removal efficiency 63 % This study 

COD effluent 37 % This study 

COD captured as sludge 53 % This study 

COD oxidized 10 % This study 

Conversion efficiency to CH4 of the outgoing sludge 63 % This study 

    

HRAS-DAF Treatment 2    

COD removal efficiency 57 % This study 

COD effluent 43 % This study 

COD captured as sludge 37 % This study 

COD oxidized 20 % This study 



 

 

Conversion efficiency to CH4 of the outgoing sludge 40 % This study 

    

HiCS-DAF    

COD removal efficiency 56 % This study 

COD effluent 44 % This study 

COD captured as sludge 40 % This study 

COD oxidized 16 % This study 

Conversion efficiency to CH4 of the outgoing sludge 42 % This study 

    

B-stage    

bCOD/N effluent HRAS + settler 2.6 g bCOD N-1  

bCOD/N effluent HRAS - DAF treatment 1 2.4 g bCOD N-1  

bCOD/N effluent HRAS - DAF treatment 2 2.7 g bCOD N-1  

bCOD/N effluent HiCS – DAF 2.9 g bCOD N-1  

COD captured as sludge 23 % Calculated 

COD oxidized 77 % Calculated 

COD from autotrophic sludge generation 0.13 g COD Nrem
-1  

Conversion efficiency to CH4 of the outgoing sludge 33 % Calculated 
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3. Results and discussion 

In this work, a HRAS system (or HiCS system) coupled with a DAF, was compared to a 

HRAS-settler combination. The main goals were to (1) increase removal efficiency of the 

organics in domestic wastewater, (2) increase sludge concentration so that gravity-

thickening is no longer required, while (3) trying to reach an energy neutral or even energy 

positive wastewater treatment. 

 

3.1 Lab-scale HRAS-DAF 

Lab-scale batch tests were set up aiming at simulating a HRAS system where a DAF unit 

is used for solid/liquid separation instead of a settler. The first trials were intended as a 

proof of concept that A-sludge could be separated from the effluent by DAF flotation.  

The removal efficiencies of TSS and VSS from the influent after DAF were compared for 

the different coagulants. The highest removal efficiencies were seen for the runs with 50 

mg L-1 of AlCl3, 75 mg L-1 of FeCl3 or 10 mg L-1 of Zetag 7651. In particular, 62 ± 0 % of 

the TSS and 65 ± 1 % of VSS were removed from the influent when AlCl3 was used as a 

coagulant. Lower removal efficiencies were achieved when using FeCl3, at 54 ± 13 % of 

the TSS and 52 ± 1 % of the VSS, or Zetag 7651, at 57 ± 7 % of the TSS and 66 ± 1 % of 

the VSS, respectively. These removal efficiencies are similar to those obtained in a 

conventional HRAS + settler (45 – 68 % TSS) (De Graaff & Roest, 2012). Higher removal 

efficiencies are difficult to obtain at smaller scale, particularly in case of batch setups that 

are used only to test the floatability of a certain stream. This can be associated with wall 

effects and sub-optimal mixing conditions. The A-sludge separated with the DAF system 

had a concentration of up to 23.8 ± 2.6 g COD L-1 (Table 5.2), much higher than reported 

earlier for A-sludge generated with conventional HRAS systems (< 5 – 15 g COD L-1) (see 

Chapter 2 and Chapter 3). DAF is already applied at WWTP level instead of thickening 

(gravitational and/or belt press), where it can increase sludge concentration up to 7 % 

solids (Wang et al., 2005). In our experiments, only a concentration of up to 2 % could be 

achieved with a HRAS-DAF batch system (Table 5.4). Optimization of the technology in a 

continuous system and in terms of coagulant and polymer(s) dosage and type, together 

with optimization of mixing to increase floc-aggregation, could further increase sludge 

concentration, maybe up to the level of a combination of settling and gravity thickening.  

 



 
Chapter 5 

138 

Table 5.4. Characteristics of A-sludge separated from the MLSS with a lab-scale HRAS-DAF. 
Standard deviations are calculated as an average of three batch tests. 

 AlCl3 

(50 mg L-1) 

FeCl3 

(75 mg L-1) 

Zetag 7651 

(10 mg L-1) 

Total chemical oxygen demand, tCOD (g L-1) 16.9 ± 0.4 23.8 ± 2.6 21.6 ± 1.6 

Soluble chemical oxygen demand, sCOD (g L-1) 1.3 ± 0.0 1.3 ± 0.1 1.4 ± 0.2 

Total suspended solids, TSS (g L-1) 16.8 ± 2.2 16.3 ± 1.3 19.3 ± 5.8 

Volatile suspended solids, VSS (g L-1) 13.8 ± 1.8 13.6 ± 1.6 15.7 ± 4.7 

 

 

The COD conversion efficiencies to CH4 for AD of the sludge generated with the lab-scale 

HRAS-DAF were between 75 and 88 % (Figure 5.3), higher than the conversion 

efficiencies reported for A-sludge generated from a conventional HRAS + settler (50 – 70 

%), likely due to the high-biodegradable synthetic stream used in this stage (Aiyuk & 

Verstraete, 2004; De Graaff & Roest, 2012; De Vrieze et al., 2013). Thus, the lab-scale 

technology demonstrated the feasibility of DAF separation of A-sludge with a HRAS-DAF 

system, and higher sludge concentrations and higher conversion efficiencies to CH4 could 

be achieved compared with a conventional HRAS + settler. Due to anticipated better 

results at a larger scale in a continuous process, this offers perspectives for domestic 

wastewater treatment in a HRAS-DAF or a HiCS-DAF system, which were therefore 

investigated at pilot-scale level.  

 

 

Figure 5.3. Anaerobic digestion conversion efficiencies for BMP tests carried out with sludge 
generated with a Lab-scale batch HRAS-DAF setup (n = 3). 
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3.2 Organics removal efficiency in HRAS/HiCS-DAF pilot  

3.2.1 HRAS-DAF: impact of mixing regime 

During treatment 1, FeCl3 and an anionic polymer were used to coagulate and flocculate 

the HRAS sludge flocs into floc-aggregates. In the first 64 days of operation, coagulant 

and polymer were added directly in the pipes used to transfer the ML from the contact tank 

to the DAF unit, using the turbulence created from the flow in the pipes to allow mixing of 

the chemicals and form floc-aggregates. Whereas the FeCl3 was dosed in the inlet of the 

“coagulation pipe”, the anionic polymer was dosed 1.5 m before entering in the DAF unit. 

In this configuration, only 51 ± 17 % of the TSS, 53 ± 20 % of the VSS and 50 ± 13 % of 

the tCOD in the influent could be removed (Figure 5.2), and the rest ended up in the DAF 

effluent. These removal efficiencies are comparable to removal efficiencies typically 

obtained in HRAS + settler systems (De Graaff & Roest, 2012), indeed leaving a 

substantial fraction of organics in the effluent.  

An optimal mixing regime is essential to uniformly distribute coagulant and flocculant in 

solution, and to create shear-induced collisions between polymer molecules and particles 

to form floc-aggregates suitable to DAF separation (Bolto & Gregory, 2007; Wang et al., 

2005). It was hypothesized that the short distance between the polymer addition and the 

DAF unit did not allow sufficient mixing in the pipes, and thus resulted in insufficient 

adsorption of the polymer onto the flocs and floc-aggregating action of the polymer, 

resulting in the formation of small and unstable floc-aggregates with poor floatability. From 

day 65, the addition of the PFF unit, together with the addition of roughly half of the 

pressurized white-water directly in the PFF (before addition of the polymer) improved floc 

formation. Part of the pressurized white-water was added to the PFF before polymer 

dosage to increase the degree of turbulence of the flow in the PFF, allowing better mixing 

and more collision of flocs. In addition, as the PFF diameter becomes smaller with 

increasing distance, the flow becomes more turbulent, allowing floc growth. The addition 

of white-water in the PFF also allowed the formation of floc-aggregates with enmeshed 

microbubbles, which most likely enhanced flotation capacity. As a result, the organics 

removal efficiency in the last 40 days of treatment 1 was increased to 78 ± 12 % of the 

TSS, 82 ± 10 % of the VSS and 63 ± 14 % of the total COD (Figure 5.4), larger than values 

typically obtained for conventional HRAS + settler systems (De Graaff & Roest, 2012). 

Replacing gravity-settling with DAF separation in HRAS systems thus has the potential to 

increase the removal of organics from domestic wastewater. The effect on sludge 

concentration will be dealt with in section 3.3.



 

 

 

Figure 5.4. Removal efficiency of TSS, VSS and total COD (tCOD) over the three treatments. Removal efficiency of each parameter (Pr) was calculated as (1 
- Preffluent/Prinfluent) x 100. 
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3.2.2 HRAS-DAF: Impact of a dual polymer system 

As the solid/liquid separation in DAF systems occurs by means of hydrophobic interactions 

between floc-aggregates and air microbubbles, increasing aggregation and adhesion is 

the key for an effective solids separation and to increase organics removal efficiency (Bolto 

& Gregory, 2007). In the second treatment of the HRAS-DAF tests, optimization of 

hydrophobic interactions between microbubbles and floc-aggregates was investigated 

with the so-called dual polymer system, where a combination of a highly-charged, low to 

medium MW cationic polymer and a high MW anionic polymer are used to enhance 

flocculation (Bolto & Gregory, 2007; Fan et al., 2000; Petzold et al., 2003). These polymers 

adsorb on the sludge flocs with different mechanisms: cationic polymers interact 

electrostatically with negative sites on the sludge flocs while anionic polymers adsorb on 

negatively-charged surfaces through ion bridging, interacting with cations that function as 

bridges between the polymer and the sludge flocs surface (Bolto & Gregory, 2007). The 

dual polymer system thus combines electrostatic patch (formation of positive and negative 

charge patches (short-chain cationic polymer)) and the ion bridging (high MW anionic 

polymer) enhancing charge neutralization (Bolto & Gregory, 2007; Petzold et al., 2003). 

Removal efficiencies during this second treatment were 70 ± 12 % for the TSS, 71 ± 11 % 

for the VSS and 57 ± 10 % for the total COD (Figure 5.4). The removal efficiency appeared 

to be lower compared to the first treatment (although the difference was not significant with 

95% confidence p = 0.303 for the TSS; p = 0.065 for the VSS; p = 0.128 for the COD) but 

still the removal efficiencies were higher than for a conventional HRAS system with settler 

(De Graaff & Roest, 2012). The influent COD as well as ML concentration were 2.25 times 

and 1.44 times lower during this stage of the experiments compared with the previous runs 

due to seasonal variation of the wastewater (Table 5.2). The effluent of the HRAS-DAF 

had a similar organics concentration during treatment 1 and treatment 2, of 

0.04 ± 0.02 g TSS L-1, 0.02 ± 0.01 g VSS L-1 and 0.12 ± 0.07 g COD L-1 in treatment 1, 

and 0.03 ± 0.01 g  TSS L-1, 0.02 ± 0.01 g VSS L-1, 0.07 ± 0.02 g COD L-1 in treatment 2 

(Figure 5.5) (p = 0.422 for the TSS; p = 0.462 for the VSS; p = 0.063 for the COD;). Hence, 

irrespective of the initial concentration of the wastewater, the effluent of both treatments 

reached a similar quality, and the HRAS-DAF system would likely have difficulty reaching 

a better effluent quality in its current state of operation. Given the near-constant effluent 

quality, the system would achieve higher removal efficiencies when treating medium- or 

high-strength wastewater, as opposed to the low-strength wastewater in this study. 
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Figure 5.5. TSS, VSS and total COD (tCOD) concentrations for influent and effluent during different 
treatments. Removal efficiency of each parameter (Pr) was calculated as (1 - Preffluent/Prinfluent) x 100. 

 

 

Anionic polymers (high MW) used solely to assist flocculation, as in treatment 1, lead to 

the generation of sludge flocs more susceptible to daily variations in wastewater 

concentration as lower influent suspended solids can easily lead to polymer overdosing 

and thus to the formation of heavy flocs not suitable for flotation. The improved charge 

neutralization resulting from the addition of two oppositely charged polymers in sequence, 

can potentially ensure a higher stability of the flocs formed, irrespective of the daily 

variations of the wastewater, and enhance formation of stable floc-aggregates (Bolto & 

Gregory, 2007; Petzold et al., 2003). Moreover, combination of cationic and anionic 

polymers leads to dosing a lower overall amount of polymers compared with addition of a 

single polymer (Table 5.2) (Fan et al., 2000).  

 

3.2.3 HiCS-DAF 

During the third treatment, the configuration of the pilot-scale HRAS-DAF was changed 

into a HiCS-DAF. This change consisted of aerating the return flow in the return tank, and 

leaving the contact tank unaerated (Figure 5.2). It was hypothesized that a HiCS-DAF 

system could improve the removal efficiencies due to improved overall sludge capture, 

and thus likely improve sludge recovery as CH4 (Meerburg et al., 2015).  

Removal efficiencies during this treatment were similar to these obtained during treatment 

2 of the HRAS-DAF configuration (p = 0.440 for the TSS; p = 0.350 for the VSS; p = 0.621 

for the COD), at 67 ± 10 % of the TSS, 68 ± 8 % of the VSS and 56 ± 8 % of the total COD 
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(Figure 5.4). The influent concentrations during this treatment were lower compared to that 

of treatment 1 of the HRAS-DAF. In particular the tCOD was 2 times lower compared to 

treatment 1 and similar to treatment 2 (Table 5.2). Effluent concentrations during this 

treatment were similar to these obtained during previous treatment, at 0.03 ± 0.02 gTSS 

L-1, 0.03 ± 0.02 gVSS L-1, 0.09 ± 0.03 gCOD L-1 (Figure 5.5) (p = 0.582 for the TSS; p = 

0.539 for the VSS; p = 0.044 for the COD;). The amounts of coagulant and cationic polymer 

dosed during this treatment were, however, lower than those of treatment 2 of the HRAS-

DAF, 1.7 times lower (compared to treatment 1) and 1.3 times lower (compared to 

treatment 2), respectively (Table 5.2). The presence of an aerated stabilization tank likely 

enhanced bioflocculation and floc formation, so that a lower amount of chemicals was 

necessary to obtain similar separation efficiency.  

 

3.3 Sludge concentration: DAF as a combination of a settler and a thickener 

In this study, coupling a HRAS or HiCS treatment system to a DAF led to the formation of 

a more concentrated sludge compared to sludge generated with classic HRAS systems 

where a settler is used for sludge separation (Figure 5.6). 

 

 

Figure 5.6. TSS, VSS and total COD (tCOD) concentrations for the sludge generated during HRAS-
DAF and HiCS-DAF treatments. Values reported for HRAS + settler * and HRAS + settler ** are for 
A-sludge collected from Nieuwveer WWTP (Breda) in 11/2013 and in 10/2015, respectively (see 
Chapter 2, section 2.1). 

 

In case of the HRAS-DAF with single polymer dosage, the sludge generated had a 

concentration of 47 ± 10 g COD L-1, which is 4 – 9 times higher than that of conventional 
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HRAS systems (Figure 5.6). The sludge concentrations achieved here are similar to those 

reported for sludge gravity thickened before AD (40 – 50 g L-1 (Tchobanoglous et al., 

2003)).  

When coupling HRAS with a DAF unit, WWTPs could thus reduce energy and capital 

expenditures required for sludge thickening, have an increased total organics removal 

efficiency and have a lower footprint compared to a primary settler system. The sludge 

concentrations achieved during treatment 2 of the HRAS-DAF configuration and during 

HiCS-DAF were lower, at 23 ± 6 g COD L-1 and 26 ± 5 g COD L-1, respectively (Figure 

5.6). These sludge concentrations are still higher than those achieved with a conventional 

HRAS + settler system (Figure 5.6), or a HR-MBR (Akanyeti et al., 2010; Faust et al., 

2014). Akanyeti et al. (2010) and Faust et al. (2014) reported a sludge concentration of 

3.8 g COD L-1 and 11.4 g COD L-1 by applying a SRT of 1 day and a HRT of 1.2 and 0.7 

days, respectively, using a HR-MBR setup.  

The reason why the sludge generated during the last two treatments was less 

concentrated compared to treatment 1 is likely the lower wastewater concentration in this 

period (Table 5.2). The ratio between sludge COD and influent COD was similar between 

different treatments, at 122 and 137 for HRAS-DAF during treatment 1 and 2, respectively, 

and at 142 for the HiCS-DAF. Thus it is unlikely that the sludge concentration can be 

further increased in this system when treating low-concentrated wastewater.  

 

3.4 Conversion efficiencies to methane 

Conversion efficiencies to CH4 for sludge generated during treatment 1 of the HRAS-DAF 

system were 68 ± 1 % and 58 ± 1 % for the sludge harvested after 14 and 76 days of 

operation, respectively (Table 5.5), which is comparable with values reported for AD of A-

sludge from conventional HRAS + settler systems (50 - 70 %) and primary sludge (about 

60 %) (De Graaff & Roest, 2012; De Vrieze et al., 2016; De Vrieze et al., 2013). Although 

tCOD/VSS ratios were similar to those of treatment 1 (between 1.43 ± 0.33 and 1.84 ± 

0.29 for the three treatments) (Figure 5.6), conversion efficiencies to CH4 during 

subsequent treatments were lower, at 40 ± 2 % during the second treatment of the HRAS-

DAF and 42 ± 3 % for sludge generated in HiCS-DAF configuration. Fermentation potential 

of the sludge was investigated and discussed in Chapter 4 (sections 3.4 and 3.5). 

The influent COD concentration was considerably higher during treatment 1 of the HRAS-

DAF compared with subsequent treatments (Table 5.2), where conversion efficiencies 

were lower. Due to the lower incoming wastewater COD, an increased relative presence 
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of recalcitrant material in the sludge and a proportionally higher biodegradable COD loss 

in the sewer system was possible. The lower reactor loading could also have resulted in 

an overdose of coagulant or flocculant(s) in the system. For instance, whereas the dosage 

rate of FeCl3 remained constant between treatment 1 and treatment 2, the ratio between 

the Fe dosed and the tCOD of the influent rose from 0.04 to 0.10 (Table 5.2). Fe is an 

important cofactor and coenzyme for methanogens and methanogenic activity is thus 

strongly dependent on the presence and availability of Fe in the substrate (Zandvoort et 

al., 2006). Several studies showed that increased concentrations of Fe resulted in an 

increase of CH4 production and, thus, a high dosage of Fe3+ should not cause a lower CH4 

yield (see Chapter 2). However, Fe3+ overdose could lead to depletion of phosphorous (P) 

or trace elements substantial for the methanogenic activity (Feng et al., 2010; Jiang & 

Graham, 1998; Zandvoort et al., 2006). In this study, co-digestion of A-sludge generated 

during the second treatment of the HRAS-DAF with secondary WAS (70 % A-sludge and 

30 % WAS, TSS based) was therefore performed to provide methanogens with possibly 

depleted P or trace elements coming from the WAS. Interestingly, the CH4 yield was similar 

to that of A-sludge digested solely (Figure 5.7), indicating that depletion of P or trace 

elements was most likely not the cause of the lower conversion efficiencies obtained 

during the second treatment, or alternatively that the secondary WAS could not sufficiently 

replenish any missing P or trace elements.  

 

 

Figure 5.7. CH4 yield from a BMP test performed on A-sludge, waste activated sludge (WAS) and 
a mixture of 70 % A-sludge and 30 % WAS TSS based. 
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Irrespective from the fact that P addition did not reestablish the same conversion efficiency 

as in HRAS-DAF treatment 1, the dosage of coagulant should be maintained at the 

minimum necessary for flocs formation to avoid P depletion in the A-sludge generated as 

well as in the HRAS effluent. Shortage of P in the effluent of the HRAS could in fact hamper 

nitrogen removal in the subsequent B-stage and should thus be avoided (Seuntjens & 

Mofei et al., submitted for publication).  

The polymers used in the present study were PAM-based, and PAM are widely used at 

WWTP level to enhance sludge dewatering and thickening prior to AD (Dai et al., 2014). 

Although PAM are generally accepted as non-toxic and inert to deterioration, contradictory 

results are reported about PAM biodegradation under aerobic and anaerobic conditions. 

El-Mamouni et al. (2002) showed that PAM are highly recalcitrant to microbial degradation, 

due to its high MW. Yet, other studies showed that hydrolytic-acetogenic bacteria could 

hydrolyze C–C and C–N bonds in PAM under anaerobic conditions, and could consume 

the hydrolyzed species as carbon and/or nitrogen source, which resulted in accumulation 

of toxic acrylamide in the stabilized sludge (Boráň et al., 2010; Dai et al., 2014; Yongrui et 

al., 2015). When PAM was used as nitrogen source, this resulted in an increase in 

ammonia concentration in the digestate (Dai et al., 2014). In the present study, 

concentrations of ammonia in the BMP tests digestate were not similar for A-sludge 

generated during different treatments, at 646 ± 17 mg NH4
+ L-1 for treatment 1, 598 ± 18 

mg NH4
+ L-1 for treatment 2 of the HRAS-DAF system and 618 ± 14 mg NH4

+ L-1 for HiCS-

DAF sludge. Most of the ammonia was also present in the control were sludge was 

replaced by tap water, between 300 ± 73 mg NH4
+ L-1 and 532 ± 5 mg NH4

+ L-1, indicating 

that PAM consumption as a nitrogen source was trivial in this study. Dai et al. (2014) 

demonstrated that after hydrolysis and digestion of easy biodegradable organics, the PAM 

carbon backbone can be broken down in different smaller molecules, and consumed as a 

carbon source for CH4 production. The main difference between treatment 1 of HRAS-

DAF and the following treatments is that in treatment 1 only an anionic polymer was used 

to assist flocculation, while during treatment 2 and in HiCS-DAF configuration, a dual 

polymer system (cationic and anionic polymers) was used. To the best of our knowledge, 

there are no studies in literature assessing different behavior of sludge dewatered using 

anionic charged or cationic charged PAMs, or a combination of these, towards anaerobic 

degradation and digestion. In a dual polymer system, cationic and anionic polymers 

interact with sludge particles and with one another forming more stable floc-aggregates 

compared with those formed when a single polymer is used (Petzold et al., 2003). It was 

hypothesized that due to this increased stability, once easy-biodegradable organic matter 

was consumed, PAM was then depolymerized and digested to CH4 instead of complex 
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organics, which were more difficult to hydrolyze and not accessible to hydrolytic-

acidogenic bacteria, due to the flocculation process. This might be the cause of the lower 

yields obtained in the last two treatments compared with treatment 1. Likely, the use of a 

pre-treatment prior to AD could increase sludge solubilization and increase easy-

biodegradable organics, reducing PAM depolymerization and increasing substrate 

conversion to CH4.  

 

3.5 Economic assessment 

The overall outlook for the envisioned HRAS-DAF and HiCS-DAF wastewater treatment 

technologies does not only depend on their performance, but also on their economic 

viability. To assess the economic viability of the proposed systems, an economic 

assessment was performed, whereby a conventional HRAS system where gravity settling 

is used for solid/liquid separation was chosen as a reference scenario.  

The total energy use (kWh m-3) in an AB system was calculated as a sum of the energy 

use of the A-stage (HRAS/HICS-DAF or HRAS + settler) and B-stage, and for the 

reference scenario the energy use of a thickener was considered (Table 5.4). The energy 

use of the A-stage was calculated as the sum of the energy necessary to oxidize 20 % of 

the influent COD for the HRAS + settler, 10 % for HRAS-DAF treatment 1, 20 % for HRAS-

DAF treatment 2 and 16 % for the HiCS-DAF, together with energy use for solid/liquid 

separation and pumping (Table 5.3). Although the energy required for solid/liquid 

separation was lower in case of a DAF (0.001 kWh m-3) compared to a settler (0.003 

kWh m-3), pumping was 17 % higher for DAF (Table 5.3). In case of DAF separation, 

pumping is necessary for coagulant and flocculant(s) dosing, to recirculate the pressurized 

white water to the DAF, and to remove the sludge scraped (Table 5.3). Total energy 

consumption for the B-stage was calculated as the sum of the energy required to 

mineralize 77 % of the COD not removed in the A-stage and the energy required to convert 

half of the A-stage effluent TKN to NO2
- with PN/A (Table 5.3). Differences in the total 

energy use between different scenarios where DAF separation was applied, was due to 

different COD removal efficiencies, different COD captured and mineralized in the A-stage, 

and different aeration costs required to mineralize the remaining COD in the B-stage and  

(Table 5.3 and Table 5.4). Energy requirement for nitrogen removal via PN/A was similar 

between different scenarios, between 0.024 and 0.026 kWh m-3. 

Energy produced from the combustion of CH4 produced during AD of A-sludge (assuming 

a caloric value of 9.96 kWh m-3 for CH4 (Table 5.3)) was higher in case of HRAS-DAF 

treatment 1 compared with the reference scenario (Table 5.4), due to higher COD removal 
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efficiencies and COD captured as sludge and similar conversion efficiencies to CH4 (Table 

5.3). In case of HRAS-DAF Treatment 2 and HiCS-DAF, the energy produced in the A-

stage was lower due to lower conversion efficiencies to CH4 (40 % and 42 %, respectively) 

possibly linked to changes in influent water quality (section 3.4). Energy produced from 

the digestion of B-sludge (Table 5.4) was calculated as the sum of energy produced from 

AD of the sludge generated from autotrophic growth during PN/A and 23 % of the COD 

not removed in the A-stage with a conversion efficiency to CH4 of 33 % (Table 5.3). The 

net energy use (kWh m-3) was calculated as the difference between the total energy usage 

and the total energy produced from CH4 combustion. This was negative for all scenarios, 

implying that the energy produced in an AB system was always higher than the energy 

consumed (Table 5.4).  

The net OPEX was calculated as the sum of the net energy consumption, recalculated in 

€ m-3, and the iron and polymer(s) costs, based on their dosage (Table 5.4). The net OPEX 

estimated for a conventional HRAS + settler system was -0.002 € m-3, which corresponds 

with a positive net energy output (Table 5.4). When in the HRAS-DAF system a single 

polymer was dosed (treatment 1), 0.021 € could be recovered from each m3 of wastewater 

treated, making this system more energy positive than conventional HRAS systems. For 

both scenarios where a dual polymer system was used to assist flocculation (HRAS-DAF 

treatment 2 and HiCS-DAF), the net OPEX was lower. In particular, in case of HRAS-DAF 

treatment 2 energy neutrality could not be reached (Table 5.4) while for the HiCS-DAF 

configuration the net OPEX was 0.000 € m-3. Lower net OPEX values obtained for these 

treatments, compared with HRAS-DAF treatment 1, were likely due to a combination of 

lower influent concentrations, impacting the lower COD removal efficiencies obtained, and 

lower conversion of the A-sludge organics to CH4 (the impact of each of these factor on 

the net OPEX is discussed in section 3.6). This was likely due to the high dose/overdose 

of coagulant and/or flocculants that increased the cost of the process, and to the formation 

of stable sludge-flocs bounds difficult to hydrolyze during AD.  

Further optimization studies on the HRAS/HiCS-DAF systems should focus on different 

types and dosage of coagulants (e.g. AlCl3 or Poly-aluminum chloride (PAC)) and 

polymer(s), optimization of the storage concentration, and implementation of an automated 

dosing control system based on the daily variation of the solids load. Additional 

investigation of the effect PAM during AD of sludge could likely ameliorate the system, 

further reducing costs and possibly increase the total profit. However, this first calculation 

already roughly indicates the potential of the concept.  



 

 

Table 5.4. Cost analysis for the reference scenario HRAS + settler system and for the HRAS-DAF system during treatment 1 (from day 65 to 104) and treatment 
2 and for the HiCS-DAF scenario. Acronyms stand for high-rate activated sludge (HRAS), high-rate contact stabilization (HiCS), dissolved air flotation (DAF), 
anaerobic digestion (AD), Adsorption-Biooxidation (AB), operational expenses (OPEX). 

   HRAS + settler 
 

HRAS + DAF 
(treatment 1) 

HRAS + DAF 
(treatment 2) 

HiCS + DAF 
    

T
o

ta
l 

E
n

e
rg

y
 

Energy consumption      

A-stage      

Energy use A-stage kWh m-3  0.111  0.113  0.126  0.120 
      

B-stage      

Energy use B-stage kWh m-3  0.055  0.051  0.057  0.059 
      

AB system      

Energy use thickener kWh m-3  0.009 - - - 

Total energy use kWh m-3  0.175  0.164  0.183  0.179 
      

Energy production from AD      

A-stage      

Energy production from CH4 kWh m-3  0.322  0.447  0.202  0.227 
      

B-stage      

Energy production from CH4 kWh m-3  0.037  0.034  0.039  0.041 
      

AB system      

Total energy production kWh m-3  0.359  0.481  0.241  0.268 
      

      

Net energy use kWh m-3 -0.184 -0.317 -0.058 -0.089 
       

T
o

ta
l 

O
P

E
X

 Energy costs € m-3 -0.022 -0.038 -0.007 -0.011 

Iron cost € m-3  0.013  0.010  0.010  0.006 

Polymer cost € m-3  0.006  0.008  0.006  0.005 
       

Net OPEX  € m-3 -0.002 -0.021 0.009  0.000 
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3.6 Sensitivity analysis 

Sensitivity analyses were performed to evaluate the relative impact of factors such as 

wastewater concentration, recovery efficiency, conversion efficiency, recovery efficiency 

and iron and polymer dosage on the economic assessment shown in Table 5.4 (Figure 

5.8). Irrespective from the concentration of the sludge generated, the costs associated 

with gravity-thickening were not considered in the economic evaluation of the HRAS/HiCS 

scenarios, thus the sludge concentration was not a factor affecting the net OPEX in the 

sensitivity analysis.  

 

Figure 5.8. Sensitivity analysis for (A) conversion efficiency to CH4 during anaerobic digestion, 
(B) wastewater concentration, (C) COD removal efficiency, (D) COD captured as sludge 
(recovery efficiency), (E) polymer dosage and (F) iron dosage. Sensitivity analysis were 
performed by varying one of the abovementioned variables at the time while maintaining the 
others unchanged. Net OPEX was calculated as explained in section 3.5. 



Development and optimization of an A-stage coupled with dissolved air 
flotation for highly-concentrated sludge production 

151 

For the HRAS-DAF treatment 2 and HiCS-DAF scenarios, where a dual polymer system 

was used to assist flocculation, the net OPEX was higher compared with the other 

scenarios analyzed (Table 5.4). This was greatly influenced by the lower CH4 conversion 

efficiency of the sludge generated in these scenarios (40 % and 42 %, respectively (Table 

5.3)), compared with that of the HRAS-DAF treatment 1 and HRAS + settler scenarios (60 

% and 63 %, respectively (Table 5.3)). Indeed, by increasing the conversion efficiency to 

60 %, the net OPEX decreased from 0.009 (Table 5.4) to -0.003 € m-3 for HRAS-DAF 

treatment 2 and from 0.000 € m-3 to -0.0011 € m-3 for HiCS-DAF (Figure 5.8.A). This was 

still higher compared to the net OPEX calculated for HRAS-DAF treatment 1 but lower 

than that calculated for the conventional HRAS system with settler (at -0.021 € m-3 and -

0.002 € m-3, respectively (Table 5.4)). Particularly in case of application of a dual-polymer 

system, future studies should further investigate the effect of PAM during AD and on the 

improvement of sludge flocs hydrolysis and AD in order to increase the total profit of these 

systems. 

As predicted, increased influent concentration positively impacted the net OPEX (Figure 

5.8.B). Particularly in case of HRAS-DAF treatment 1, increasing the concentration from 

385 mg L-1 (Table 5.3) to 500 mg L-1 decreased the net OPEX to -0.036 € m-3, and down 

to -0.077 € m-3 when a concentration of 800 mg L-1 was used for the analysis (Figure 

5.8.B). Wastewater concentration had a lower impact on the net OPEX of HRAS-DAF 

treatment 2 and HiCS-DAF, which was reduced to 0.003 € m-3 and -0.007 € m-3 at 500 mg 

L-1, respectively, and down to -0.008 € m-3 and 0.000 € m-3 at 800 mg L-1 (Figure 5.8.B). 

However, as hypothesized in section 3.2.2, increased wastewater concentration would 

likely lead to an increased removal efficiency for these scenarios, as a result of the higher 

stability of the sludge flocs formed when a dual-polymer flocculant is used, thus further 

decreasing the net OPEX (Figure 5.8.C). The recovery efficiency (influent COD captured 

as sludge) had a lower impact on the net OPEX compared to the abovementioned factors 

(Figure 5.8.D). Yet, a concomitant amelioration of both recovery efficiency and removal 

efficiency would result in an overall higher conversion of influent COD to sludge and thus 

to CH4 during AD, and would therefore have a positive impact on the net OPEX. Polymer(s) 

and iron dosage only had a minor effect on the net OPEX (Figure 5.8.E and Figure 5.8.F), 

compared to the other factors studied, however, particularly in case of the polymer(s), 

lower dosage could improve deflocculation and hydrolysis during AD and should thus be 

favored. 

Overall, optimization of all the abovementioned parameters and treating medium- and 

high-strength wastewater with the HRAS/HiCS-DAF systems, as opposed to the low-
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strength wastewater treated in this study, will most likely lead to a reduction of the net 

OPEX of the system, making DAF separation coupled with HRAS/HiCS even more 

economically viable than conventional HRAS systems. 

 

4. Conclusions 

Coupling a DAF unit with a HRAS system allowed removal of up to 78 % of the influent 

TSS and 63 % of the COD when an anionic polymer was used to assist flocculation, which 

is higher than typical values obtained with a conventional HRAS + settler. The DAF acted 

as a combination of settling and gravitational thickening, generating A-sludge with a 

concentration up to 47.1 g COD L-1, suppressing the need for further thickening before AD. 

Application of a dual polymer system to assist flocculation, resulted in lower removal 

efficiencies and lower sludge concentration compared with the system where a single 

polymer was dosed. This was likely due to the lower wastewater concentration (more than 

2-fold lower) used in these tests. AD conversion efficiencies of up to 68 % were obtained 

with A-sludge generated with a pilot HRAS-DAF system when a single polymer was dosed. 

Conversion efficiencies to CH4 were lower when a dual-polymer system was used (40 – 

42 %), most likely as a result of the increased stability of the sludge flocs formed, which 

were more difficult to deflocculate and not accessible to hydrolytic-acidogenic bacteria 

during AD. Application of a DAF for solid/liquid separation was economically viable with a 

single polymer system, and was more energy positive compared with a conventional 

HRAS. The DAF separation in combination with a HRAS system, could increase organics 

removal, increase sludge concentration, and move towards an energy positive wastewater 

treatment system. 
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1 Major findings 

Chapter 2 

 The composition of A-sludge in terms of suspended solids and COD was different 

between different full-scale HRAS systems, and varied temporally within single full-

scale HRAS systems due to inherent variability in the domestic wastewater treated. 

 The initial BOD5 of the sludge was correlated to the VFA yields, thus the increase 

of ready biodegradable organics is likely the key to increase VFA production. 

 Iron concentration in the A-sludge varied greatly (0.08 – 0.82 g Fe L-1) between 

different full-scale A-stage systems and different data point. This could be linearly 

correlated to CH4 yields. High concentration of iron resulted in higher conversion 

of the accumulated VFA to CH4.  

Chapter 3 

 Forward osmosis (FO) thickening effectively reduced the A-sludge volume by 10 

times, yet, the total COD could be concentrated only of a factor 4.8, due to organics 

mineralization.  

 Forward osmosis acted as a combination of mechanical and chemical 

pretreatments, combining the effect of recirculation and air-scouring and the 

chemical action of ions diffused from the draw solution to enhance sludge 

disaggregation and cell lysis. After A-sludge FO-concentration the soluble fraction 

of the COD increased up to 3.5 times. 

 The enhanced sludge-flocs rupture and cells lysis resulted in a 4.4-fold increase of 

the VFA conversion efficiency, from 10 to 45 % (COD based), compared to the 

untreated A-sludge. 

 The VFA conversion efficiency was also higher compared with that of gravity-

thickened A-sludge (20 %), even when air scouring, addition of Mg2+ and a 

combination of both was applied.  

Chapter 4 

 The application of a HRT typical for AD (i.e. 20 days) to VFA fermentation of A-

sludge was beneficial to increase the contact time between the sludge organics 

and the hydrolytic-acidogenic community, and increased the VFA yields compared 

to a HRT of 4 days.  

 Alkaline pH, micro-aeration or a combination of both were applied at longer HRT 

to inhibit methanogenesis. This led to negligible methane production, and 

increased the VFA yields by 1.8-fold, compared with a HRT of 4 days.  
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 The soluble fraction of the COD increased up to 42 %, but this did not translate into 

the same COD conversion efficiency to VFA. For the alkaline fermentation carried 

out at pH 10, this was likely due to the inhibition of acidogenesis.  

 The fermentation of A-sludge at pH 8 resulted in VFA yields comparable to these 

obtained at pH 10 (26 %), and inhibited methanogens, while less NaOH was dosed 

to maintain the pH at 8.  

 Combination of in-line sludge recirculation, similar to that described in Chapter 3, 

with fermentation of A-sludge at pH 8 significantly increased VFA conversion 

efficiencies 1.5-fold. Optimization of these strategies and their combination may 

further increase sludge hydrolysis and conversion of the substrate to VFA. 

Chapter 5 

 The application of DAF solid/liquid separation to an A-stage instead of a settler 

resulted in the removal of up to 78 % of the influent TSS when an anionic polymer 

was used to assist flocculation, which is higher than removal efficiencies typically 

obtained in a conventional A-stage with settler (48 – 68 %).  

 The DAF acted as a setter and a thickener, and the A-sludge generated in this 

system had a concentration of up to 47 g COD L-1, which is higher than for A-sludge 

generated with a conventional system. 

 Application of a dual polymer system to assist flocculation, resulted in lower 

removal efficiencies and lower sludge concentration compared with the system 

where a single polymer was dosed.  

 Conversion efficiency to CH4 of HRAS-DAF sludge was similar to that of a 

conventional A-stage with settler, when a single polymer was dosed (68 %). When 

a dual-polymer system was used to assist flocculation in HRAS/HiCS-DAF 

systems, conversion efficiencies to CH4 were lower (40 – 42 %), likely as a result 

of the increased stability of the sludge flocs formed. 

 Application of a DAF for solid/liquid separation was economically viable with a 

single polymer system, and was more energy positive compared with a 

conventional HRAS. 
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2 Paradigm shift in waste treatment: recovery rather than removal 

In the last decade, many researchers have started to introduce a paradigm shift for 

wastewater, whereby this waste stream is no longer considered as a problem, but as 

valuable resource for energy and nutrients recovery (Verstraete et al., 2009; Verstraete & 

Vlaeminck, 2011; Zamalloa et al., 2013). 

In the frame of this paradigm shift, several municipal wastewater treatment plants moved 

from a CAS system, to high-rate systems. The CAS system is energy inefficient for these 

wastewater, due to the high aeration applied and the poor biodegradability of the sludge 

generated, and thus energy neutrality cannot be reached (see Chapter 1). Awareness of 

the possibility of creating energy self-sufficient treatment processes, combined with 

production of a high-quality effluent, has been increasing in the last years, towards the 

achievement of 20-20-20 goals defined for Climate and Energy by EU Directive 

2009/28/EC (Panepinto et al., 2016). The application of HRAS systems in combination 

with a second biological stage for nitrogen removal and carbon polishing, has been 

demonstrated to reduce total costs compared to a CAS system, due to the 15 – 20 % lower 

total aeration required (Constantine et al., 2012). The excess sludge generated in the 

HRAS is highly biodegradable (COD conversion efficiencies to CH4 are of 50 – 70 %), and 

its digestion enables the possibility to move towards an energy self-sufficient wastewater 

treatment systems, as earlier demonstrated for the Strass WWTP in Austria (Constantine 

et al., 2012; Wett et al., 2007).  

Interesting alternatives for this process in terms of (i) maximizing carbon capture, (ii) 

reducing costs associated with A-sludge thickening and carbon polishing in the B-stage, 

(iii) possibility to upgrade the organics into bioenergy or short-chain carboxylic acids (iv) 

and strategies to reduce costs associated with nitrogen removal in the B-stage and recover 

nitrogen and phosphorous from the digestate of AD or fermentation, will be discussed in 

this chapter.  

 

3 Strategies to ameliorate HRAS systems 

One of the main drawbacks of conventional HRAS systems, in which settling is used for 

solids separation, is the poor settling capacity of the sludge generated, due to the low SRT 

and the high loadings applied (Modin et al., 2014; Ramalho, 2012). This typically results 

in removal efficiencies of 50 – 60 % of the influent organics, and the remaining carbon (40 

– 50 %) needs to be mineralized in the subsequent B-stage to meet the discharge 

standards required (De Graaff & Roest, 2012). This not only increases the energy costs of 
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the wastewater treatment, due to the aeration and long SRT required in the B-stage, but 

also the organics are lost as CO2 rather than converted into sludge that can be valorized 

via AD.  

Novel technologies have been explored to ameliorate HRAS systems in terms of 

bioflocculation and biosorption (e.g. HiCS) or to improve solid/liquid separation (e.g. HR-

MBR). A qualitative comparison of these technologies together with a HRAS-DAF system 

is given in Table 6.1. 

Similarly to HRAS systems, in the HiCS system settling is used for solid/liquid separation. 

In HiCS systems the sludge settleability is improved due to better bio-flocculation, bio-

sorption and storage of the organics, resulting from the feast-famine regime created by 

aerating the sludge return flow rather than the contact tank (Meerburg et al., 2016; Rahman 

et al., 2016). This resulted in an increased carbon redirection towards sludge formation 

with COD capture efficiencies of up to 55 %, which is higher than values typically reported 

for the conventional HRAS system (26 – 52 %) (De Graaff & Roest, 2012; Meerburg et al., 

2016; Rahman et al., 2016). Next to the high organics recovery, only 10 % of the inlet COD 

was oxidized in the HiCS, reducing the aeration costs in the first stage (Meerburg et al., 

2016). Removal efficiency of the inlet COD (up to 65 %) are similar to values reported for 

conventional HRAS systems (50 – 60 % of the COD) (Meerburg et al., 2015; Rahman et 

al., 2016) and up to 35 % of the influent COD was not removed in the HiCS system of 

Meerburg et al. (2016), which requires further mineralization in the subsequent B-stage.  

Combination of a bioflocculation stage (HRAS) with MBR-enhanced separation was 

sufficient to redirect 80 % of the influent COD to sludge with no addition of chemicals 

required, while organics loss via biological respiration was only at 10 % of the influent COD 

(Faust et al., 2014b). The effluent permeated through the membrane was solids-free, and 

contained only 61 mg COD L-1 (10 % of the influent COD) in the form of soluble organics 

(Faust et al., 2014b). Drawbacks of the HR-MBR are the higher energy consumption 

compared to a conventional HRAS and high operational and capital cost associated to 

frequent chemical or physical cleaning of the membrane, and/or frequent membrane 

replacement due to membrane fouling (Akanyeti et al., 2010; Faust et al., 2014b).  

In Chapter 5, the application of a DAF unit instead of a settler was proposed to improve 

solid/liquid separation in a HRAS system, and increase removal efficiencies. The 

coagulant (FeCl3) and flocculant(s) (polyacrylamide) increased the size of smaller 

particles, and formed floc-aggregates that were removed more easily, compared to a 

conventional system (Wang et al., 2005). The HRAS-DAF technology could remove up to 

78 % of the influent TSS and 63 % of the COD, which was higher than typical values 

obtained with a conventional HRAS system (at 48 – 68 % of the influent TSS and 50 – 60 
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% of the COD removed), but lower than removal efficiencies achieved with a HR-MBR 

system (90 % of the COD) (Constantine et al., 2012; De Graaff & Roest, 2012; Faust et 

al., 2014b). Removal efficiencies were comparable to a conventional HiCS system (up to 

65 % of the COD). A fair comparison in terms of COD captured as sludge between the 

HRAS-DAF system and other high-rate technologies cannot be made at this stage. From 

early calculations on the mass balances, 85 ± 48 % of the COD removed was captured as 

sludge while COD oxidized was 16 ± 28 %. The high standard deviations achieved, due 

to operational issues and daily variations in wastewater quality, do not yet allow to assess 

the real fate of the COD in this system.  

In the following phases, where a dual-polymer system was applied as a flocculant, removal 

efficiencies were lower, at 70 % of the influent TSS and 57 % of the COD, for HRAS-DAF 

and at 67 % of the influent TSS and 56 % of the COD for the HiCS-DAF configuration (see 

Chapter 5). Despite the lower removal efficiencies, the effluent concentration and the ratio 

between sludge COD and influent COD were similar between different treatments, and 

thus, possibly the lower removal efficiencies achieved in these treatments were 

consequent to the lower influent concentration (the influent COD was more than 2 times 

lower than for HRAS-DAF treatment 1). Higher removal efficiencies might be achieved 

with the HRAS-DAF and HiCS-DAF technologies when treating medium- or high-strength 

wastewater, as opposed to the low-strength wastewater treated in this study (see Chapter 

5). In addition, continuous optimization of HRAS/HiCS-DAF processes is likely to be 

necessary, depending on the daily wastewater concentration. For instance, an automated 

dosing control system for coagulants and flocculants, based on the daily variation of the 

solids load, would likely further improve this technology. Although similar removal 

efficiencies and effluent concentrations were achieved in the HRAS-DAF and HiCS-DAF 

configurations when a dual-polymer system was applied, 40 % less FeCl3 and 20 % less 

polymers were dosed in the HICS configuration. Hence, the presence of an aerated 

stabilization tank seemed to enhance bioflocculation and flocs formation, so that a lower 

amount of chemicals was necessary to obtain similar effluent concentrations and removal 

efficiencies (see Chapter 5). Further research in terms of type of coagulant and polymer(s) 

used, together with their optimal dosage should be carried out to find the optimal flocs size, 

and reduce the costs associated with dosing of these chemicals.  

An optimal mixing regime is crucial to homogenously distribute coagulant and flocculant in 

solution and to create shear-induced collisions between polymer molecules and particles 

to form flocs-aggregates (Bolto & Gregory, 2007; Wang et al., 2005). Selection of an 

optimal flocculation time is also critical to allow sludge flocs to grow and form floc-

aggregates suitable for flotation. In Chapter 5, the addition of a 17.5 m PFF system to 
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HRAS-DAF treatment 1, together with injection of a part of the pressurized white water in 

the PFF, improved sludge flocculation and removal efficiency (Figure 5.4) due to increased 

turbulence in the pipes and increased residence time. Further optimization of this system 

could be performed by investigating the effect of different residence times in the PFF 

and/or the effect of higher mixing intensity (expressed as the mean velocity gradient G (s-

1)) after coagulant and/or polymer(s) addition. Modifications of the residence time in the 

PFF could be performed by placing a flexible hose right after the PFF (before the DAF). 

Hoses of different length could be used for this purpose in order to determine the optimal 

flocculation time in this system.  

In the current system, mixing occurs with a G value of 124 s-1 in the pipes used for the 

mixing of the coagulant, and of 790 s-1 in the PFF. By increasing the G value up to about 

1200 s-1 for the mixing of the coagulant and to 800 – 1000 s-1 in the PFF (achieved by 

modifying the diameter of the pipes) it would be possible to identify if a different mixing 

energy would allow the formation of flocs-aggregates more suitable to flotation.  

 
Both optimization strategies and/or their combination should be tested to determine if 

different conditions than the ones applied in Chapter 5 could led to the formation of flocs-

aggregates more suitable for flotation and thus further increase the removal efficiency. On-

line monitoring of the effluent turbidity and solids content, together with an automated 

coagulant and polymer dosing based on the daily wastewater concentration could allow to 

maintain optimal conditions for the formation of floc-aggregates of a size optimal for the 

flotation and reduce costs associated to polymer(s) and coagulant dosing. 
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Table 6.1. Qualitative comparison of advantages and disadvantages of a high-rate contact 
stabilization system (HiCS + settling), a high-rate membrane bioreactor (HR-MBR) and a high-rate 
activated sludge system where dissolved air flotation is used for solid/liquid separation (HRAS-
DAF), over a conventional high-rate activated sludge system (HRAS + settling). 

HRAS + settling HiCS + settling HR-MBR HRAS-DAF 

    

ADVANTAGES 

Simple operation. Simple operation. - - 

Robust in terms of daily 
flow-rate variation 

Highly robust in terms 
of daily flow-rate 

variation: the A-sludge 
is collected in the 

return tank and it’s not 
washed out in case of 
high influent dilution 

- ? 

Technology readiness 
level (TRL): 

Implemented at full-
scale 

Technology readiness 
level (TRL): 

Implemented at pilot-
scale 

- 
Technology readiness 

level (TRL): 
Implemented at pilot-scale 

- 

Increased 
bioflocculation and 

biosorption lead to the 
recovery of up to 55 % 
of the influent COD as 

sludge, while only 
10  % is mineralized. 

Removal efficiencies 
are of up to 90 % of 

the influent COD, with 
80 % of the influent 
COD recovered as 

sludge and only 10 % 
mineralized. 

? 

- - 
No coagulants are 

necessary. 
- 

- - - 

Increased sludge 
concentration at the level 

of a combination of 
settling and thickening. 

- - - 
85 % lower space 

requirement compared to 
a settler + thickener. 

- - - 

Lower capital costs 
compared to a 

combination of settling 

and thickening. 

DISADVANTAGES 

- - 
Difficulties in handling 
daily variation of the 

influent flow-rate  

Difficulties in handling 
daily variation of the 

influent flow-rate: 
implementation of an 

automated dosing control 
for chemicals can likely 

improve the system 
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- - 

Technology readiness 
level (TRL): 

Implemented at lab-
scale 

- 

The A-sludge 
generated is diluited  
(5 – 15 gCOD L-1). 

The A-sludge 
generated is diluited  
(5 – 15 gCOD L-1). 

The A-sludge 
generated is diluited  
(5 – 15 gCOD L-1). 

- 

Downstream thickening 
of the sludge is 

necessary. 

Downstream thickening 
of the sludge is 

necessary. 

Downstream 
thickening of the 

sludge is necessary. 
- 

Addition of coagulants 
is required. 

Addition of coagulants 
is required. 

- 
Addition of coagulants and 

flocculants is required. 

- - 

High operational and 
capital costs due to 

fouling and membrane 
replacement. 

Higher operational costs 
than settling due to higher 

pumping costs. 
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4 A-stage thickening: as a subsequent step or already at HRAS level? 

In both the HiCS and HR-MBR technologies, as well as for conventional HRAS systems 

(see Chapter 2), the sludge generated was still highly diluted, with a COD concentration 

< 15 g COD L-1. Further thickening of the sludge generated is thus required to increase 

the sludge concentration prior to AD or VFA fermentation. Obtaining sludge in a compact 

and concentrated form is beneficial to reduce the capacity of tanks and equipment required 

for AD and subsequent dewatering of the digestate. In addition, lowering the sludge 

volume can help reduce the quantity of chemicals required for sludge treatment and 

reduce the amount of heat required by digesters and energy required for heat drying and/or 

incineration of the final digested sludge (Tchobanoglous et al., 2003). The sludge 

generated is also often transported to other facilities before subsequent processing, thus, 

reduction in sludge volume can minimize costs related to transportation (Tchobanoglous 

et al., 2003). Reduction in sludge volume is typically achieved by gravity-thickening or belt-

thickening, which increase the total environmental footprint at WWTP level, but also the 

operational costs due to the extra energy required and to the addition of polyelectrolytes 

necessary to enhance sludge compaction (Sharrer et al., 2010; Tchobanoglous et al., 

2003; Wang et al., 2005).   

In Chapter 3, the application of forward osmosis (FO) thickening of HRAS sludge (instead 

of gravity-thickening) was explored to reduce the land footprint at WWTP level, and avoid 

expenses due to polyelectrolyte addition, as this is not necessary for dewatering using 

membrane technologies. During FO-thickening, a 10-fold volume reduction of A-sludge 

was achieved and the sludge COD concentration was increased to 41 g COD L-1, which is 

comparable with values obtained with gravity-thickening (Tchobanoglous et al., 2003). 

However, 52 % of the COD was lost during FO-concentration, due to the constant aeration 

applied for membrane scouring (Chapter 3). Alternative membrane cleaning systems, 

such as osmotic backwashing, relaxation or periodic air bubbling could effectively reduce 

COD loss during FO-concentration.  

The OPEX and CAPEX were higher for FO-thickening, compared with gravity-thickening, 

particularly when a solution of 2.2 M MgCl2 was used as DS (OPEX + CAPEX were 1.46 

€ m-3 and 0.14 € m-3, respectively). Reverse osmosis reconcentration of the DS typically 

represents the majority of the energy consumption (Zhu et al., 2012). One of the 

alternatives explored to reduce overall dewatering costs is to replace more costly saline 

solutions with sea water. In case of sea water, no reconcentration is necessary after FO, 

as the diluted seawater can be used for energy-efficient seawater desalination, and thus 

net energy requirements would be reduced to only pumping, thereby lowering the overall 

operational costs (Zhu et al., 2012). There exists several ongoing research projects 
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towards manufacturing new FO-membranes that will be able to increase the dewatering 

flux during FO, reducing the capital costs associated with membrane replacement.  

As shown in Chapter 3 for FO-thickening, also during gravity-thickening part of the sludge 

biodegradable organics that could potentially be upgraded to CH4 or VFA are lost, due to 

anaerobic activity and/or aerobic mineralization related to the retention time of the sludge 

in the thickener (between two and several hours, depending on the process) 

(Tchobanoglous et al., 2003). 

To reduce the economic impact of the downstream sludge thickening on the wastewater 

treatment, optimization of the HRAS technologies needs to take into account the necessity 

of producing highly-concentrated sludge already during the solids/liquid separation at 

HRAS level.  

In Chapter 5, the DAF acted as a combination of a settler and a thickener, and allowed 

generation of sludge with a concentration of up to 47 g COD L-1. The sludge generated 

could be used directly for AD or fermentation with no further thickening necessary.  

An economic evaluation for a HRAS-DAF system compared with a conventional HRAS 

system where settling is used for solid/liquid separation, and downstream gravity-

thickening is used for further sludge compaction (HRAS + settler) is shown in Table 6.2. 

Although calculated operational costs were slightly higher in case of DAF separation, due 

to the higher pumping energy required for a DAF (see Chapter 5), the total OPEX was 

similar for both scenarios, due to additional costs related to thickening in case of the HRAS 

+ settler. Installation costs are lower in case of a DAF, compared to a system where sludge 

compaction is achieved via thickening (Table 6.2). The capital costs reported for the HRAS 

+ settler are calculated only for thickening, thus, the total capital costs would be even 

higher if the investment cost for a settler is included in the assessment.  

The capacity of the DAF considered for the economic evaluation was based on an influent 

flow rate of 1200 m3
infl h-1, which is rather low in case of municipal wastewater treatment, 

and thus a larger DAF unit would be required. In case of municipal wastewater treatment, 

the required capacity of the DAF unit would be of 2000 m3
infl h-1 or higher, based on the 

population equivalents for which the WWTP is designed, further reducing the investment 

costs (personal communication Nijhuis Water Technology, Doetinchem, The Netherlands). 

In addition, as mentioned earlier, future work should focus on the optimization of the 

HRAS-DAF process in terms of type and dosage of polymers used. This could potentially 

further reduce costs associated with chemicals dosage, increasing the net balance of this 

technology (Table 6.2).  
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Table 6.2 Economic assessment of a high-rate activated sludge system were dissolved air flotation 
is used for solid/liquid separation (HRAS-DAF) and for a conventional high-rate activated sludge 
(HRAS + settler) system. Acronyms stand for capital expenses (CAPEX) and operational expenses 
(OPEX). 

  
HRAS-DAF HRAS + settler  

CAPEX    

CAPEX for DAF or Thickener € m-3   0.003*   0.006* 

Total CAPEX € m-3  0.003  0.006 

    

OPEX    

HRAS € m-3    0.014**    0.013** 

Thickener € m-3 -    0.001** 

Iron € m-3    0.010**    0.013** 

Polymers € m-3    0.008**    0.006** 

Total OPEX € m-3 0.031 0.034 

Energy production from CH4 combustion     

A-sludge € m-3    0.055**    0.039** 

    

Net balance  € m-3     0.021***    -0.001*** 

 

 
 
Assumptions: 

*CAPEX for the HRAS + settler scenario was calculated considering the price of a thickener 
(no settler was included in the calculations). Price of a concrete gravity-thickener of capacity 
1200 m3

infl h-1 was 300,000 € (including pre-settler concrete bridge) and price of a DAF of 
the same capacity was 350,000 € (including a DAF unit in concrete with plug-flow 
flocculator and necessary materials). Depreciation time and investment costs were 
considered at 20 years and 4 % (personal communication Nijhuis Water Technology, 
Doetinchem, The Netherlands). Electricity cost was assumed at 0.12 € kWh-1 (see Chapter 
5). 
 
**Polymers and iron dosage and cost, energy consumption of HRAS + settler and HRAS + 
DAF systems and energy produced from CH4 combustion of A-sludge produced with the 
two systems were assumed to be as in Chapter 5. 
 
***The Net balance was calculated as the difference between the energy produced from 
the combustion of CH4 produced during A-sludge anaerobic digestion and the total CAPEX 
and OPEX. 
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Combining a HRAS system with a DAF instead of using a settler, dramatically reduces the 

surface area and volume requirement (floor space requirement is only 15 % of the settler 

and 85 % less compared to a system using settling + thickening) (Figure 6.1), which 

contributes to an improvement of the land footprint of the WWTP (Wang et al., 2005). 

 

 

 

 
Figure 6.1. Size comparison between dissolved air flotation and settler. Adapted from Wang et al. 
(2005). 
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5 Carbon upgrading from A-sludge: anaerobic digestion or VFA 

fermentation? 

The A-sludge generated from conventional HRAS processes is rich in highly-

biodegradable organic carbon, which can be converted to CH4 with a conversion efficiency 

in the range of 50 to 70 % (De Graaff & Roest, 2012; De Vrieze et al., 2013). The AD of 

sludge both reduces the organic content of A-sludge, thus reducing disposal costs, and 

can generate power/energy produced from CH4 combustion, allowing the wastewater 

treatment process to become energy neutral (Constantine et al., 2012). The economic 

value of CH4 is, however, rather low (at 100 € per tonne of biomass converted) and it has 

been theorized that higher-value compounds can be targeted and recovered (Andersen et 

al., 2014; Angenent et al., 2004). 

This thesis focused on an alternative route, whereby A-sludge is fermented to produce 

higher-value short-chain VFA (C2 – C5). VFA have a wide range of commercial and 

industrial applications, either directly as bulk chemicals or indirectly through upgrading to 

high-value compounds of industrial interest, such as pharmaceuticals, chemicals and 

polymers, esters, fuels or solvents (Figure 6.2). Currently, vast majority of VFA production 

relies on non-renewable petroleum and natural gas. Their production from waste streams 

could be advantageous to reduce the use of petroleum resources, and potentially add 

value to WWTPs as an alternative side product to biogas (Morgan-Sagastume et al., 2011; 

Zacharof & Lovitt, 2013). 

 
Figure 6.2. Commercial and industrial application of VFA (Zacharof & Lovitt, 2013). 
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The AD of sludge is already applied at full-scale, however, VFA fermentation of sludge at 

industrial scale is still far from implementation, mainly due to the low conversion 

efficiencies and production rates of VFA from sludge. The VFA are intermediate products 

of AD, and their production from a waste stream, such as sludge, encounters several 

issues that need to be addressed and solved before this process can be efficiently 

implemented at full-scale. These issues include (i) disruption of the sludge flocs and 

hydrolysis, which are still major bottlenecks; (ii) successful inhibition of methanogenic 

activity; (iii) VFA product specificity is required for industrial application; (iv) VFA need to 

be efficiently extracted and with high purity. 

 

 

5.1 High VFA conversion efficiencies are limited from organics hydrolysis 

As previously mentioned, hydrolysis is considered the limiting step of AD processing of 

waste-streams due to the slow-reaction rates (Appels et al., 2008). However, in Chapter 

4 it was shown that 74 % of the tCOD could be hydrolyzed during AD of A-sludge when a 

HRT of 20 days was applied. Thus, AD of A-sludge was not limited by hydrolysis, and up 

to 65 % of the tCOD could be converted to CH4. Contrarily, hydrolysis of A-sludge during 

fermentation was limited, particularly when short HRTs typical for fermentation (i.e. 4 days) 

were applied. The cell wall, the EPS formed among sludge flocs and the formation of floc-

aggregates are physical and chemical barriers to the hydrolytic-acidogenic bacteria, that 

cannot successfully deflocculate/rupture the sludge flocs and hydrolyze the organic matter 

into soluble monomers, if the contact time with the substrate is not sufficient (i.e. short 

HRT). In Chapter 4, when fermentation of A-sludge was operated at a HRT of 4 days, the 

sCOD fraction increased by only 10 – 15 %, due to low hydrolysis of proteins which are 

the main component of sludge. Application of HRTs typical for AD (i.e. 18 – 20 days) during 

alkaline fermentation increased sludge hydrolysis, but the sCOD fraction remained at 36 

– 42 % of the tCOD. However, the increased concentration of easy biodegradable 

compounds increased the VFA yield of up to 1.8-fold, thus application of more aggressive 

strategies to rupture the sludge flocs and increase organics solubilization will likely 

increase the VFA yields during fermentation. 

Strategies to increase the sCOD fraction could be the application of mechanical or 

chemical pretreatments and hybrid methods (Ariunbaatar et al., 2014; Lee et al., 2014). 

The combination of alkaline and thermal pretreatments is often used to enhance sludge 

solubilization (Lee et al., 2014). In case of A-sludge, application of either one of these 

treatments or their combination increased the sCOD fraction from 11 % to 29 % of tCOD 
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(Figure 6.3.A), but VFA conversion efficiencies were similar in all conditions (between 20 

and 23 %) (Figure 6.3.B.).  

 

 

Figure 6.3. VFA conversion efficiency on the peak production day (day 4) in 9-days batch 
fermentation (1:7 inoculum:sludge) of A-sludge (Control), A-sludge pretreated at pH 12 and 
temperature of 4 °C for 1 or 24 hour (pH 12, 4°C, 1 hrs and pH 12, 4°C, 24 hrs, respectively), A-
sludge pretreated with a combination of pH 12 and temperature of 75 °C for 1 or 24 hour (pH 12, 
75°C, 1 hrs and pH 12, 75°C, 24 hrs, respectively) and A-sludge pretreated at pH 12 and 121 °C 
for 30 minutes (pH 12, 121°C, 0.5 hrs). Subsequent fermentation was carried out at pH 7 and 35 
°C. NaOH 3 M and HCl 2 M were used to raise the pH to 12 and, subsequently, neutralize the pH 
prior to fermentation. Standard deviations are for biological replicates (n = 3). 

 

 

 

When FO-thickening was applied to A-sludge prior to fermentation, the soluble fraction 

was increased from 15 to 30 %, and this resulted in a 4.4- fold increase of the VFA 

conversion efficiencies (up to 45 %), compared to untreated A-sludge, and in up to 2.5-

fold increase compared with gravity thickened sludge, as shown in Chapter 3. This was 

likely due to the synergistic action of recirculation and aeration that acted as a mechanical 

pretreatment to rupture the sludge-flocs, and the high salt concentration in the A-sludge 

enhancing cell lysis that acted as a chemical pretreatment. Application of either one of 

these treatments in Chapter 3 or Chapter 4 could partially increase the soluble COD 

fraction, by a factor of 1.5 times in case of salt addition, and 1.3 in the case of only 

recirculation. VFA yield also did not increase as much as for the combination of the two 

treatments, although application of a mechanical disruption of the sludge significantly 
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increased VFA yields, from 18 % to 26 % in Chapter 4, thus indicating that physical 

treatments could be key to increase VFA production.  

A more aggressive strategy to rupture sludge-flocs, such as high-pressure thermal 

hydrolysis (HPTH), could increase the convertible sCOD fraction, and potentially increase 

VFA yields. The HPTH is an effective pretreatment in which temperature of 130 – 180 °C 

and pressure of 6 – 12 bar are combined to solubilize sludge organics (Morgan-Sagastume 

et al., 2011). The HPTH has been successfully applied at full scale prior to AD of WAS 

(e.g. Cambi THP™, Exelys™) and increased biogas production by 50 – 100 % (Gurieff et 

al., 2011; Morgan-Sagastume et al., 2011; Pickworth et al., 2006; Sargalski et al., 2007). 

This technology has also been investigated at lab-scale to pretreat WAS before anaerobic 

fermentation, resulting in an increase of the VFA yields of up to 5 times with conversion 

efficiency of up to 46 % (Morgan-Sagastume et al., 2011).  

Major drawbacks of using pretreatments include the high operational and capital costs, 

related to the necessity of special equipment that can handle the rather extreme conditions 

applied (e.g. corrosion-resistant equipment in case of alkaline or acidic pretreatment, or 

high-pressure and high-temperature resistant equipment in case of HPTH), often 

alongside additional energy or chemicals (Lee et al., 2014; Lim & Wang, 2013). Particularly 

in the case of VFA production from sludge, if conversion efficiencies are low, application 

of high-cost pretreatment may be economically unfeasible.  

 

5.2 Methanogenic activity inhibition is crucial to accumulation of VFA 

Next to enhancement of sludge solubilization and hydrolysis, successful inhibition of the 

methanogenic activity is necessary to avoid conversion of the accumulated VFA to CH4. 

Technologies applied to inhibit and wash out methanogens must not interfere with 

hydrolysis and acidogenesis. For instance, short HRTs of 2 - 4 days are favored for sludge 

fermentation, since it favors the acidogenic bacteria over the slow growing methanogens, 

which wash out of the system (Ferrer et al., 2010; Miron et al., 2000). However, as shown 

in Chapter 4, longer HRTs (18 – 20 days) are required to increase the contact time 

between hydrolytic bacteria and the complex organic matter to increase organics 

hydrolysis and thus VFA yield. Another example is the fermentation of WAS at pH 10, 

which has been shown to effectively inhibit methanogens, while increasing sludge 

solubilization (Chen et al., 2007; Lee et al., 2014). In Chapter 4, application of pH 10 

during fermentation of A-sludge was also effective in inhibiting methanogenic activity, but 

the activity of the hydrolytic-acidogenic bacteria was also negatively affected. 
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A-sludge fermentation at pH 8 appears to be a good compromise between methanogenic 

inhibition and preservation of the hydrolytic-acidogenic activity for VFA production and 

accumulation purposes. When fermentation of A-sludge was carried out at pH 8, up to     

90 % of the sCOD fraction was converted to VFA, while CH4 production was negligible. In 

addition, 56 % less base was dosed to maintain the reactor at pH 8, compared to pH 10, 

reducing costs related to chemicals consumption (at 5.9 and 13.3 mMeq L-1 d-1, 

respectively). 

Next to alkaline fermentation, other techniques could be used to increase hydrolytic rates 

and inhibit methanogens. An example is the application of pH shocks (pH 9 - 11) to 

fermentation carried out at neutral pH. This could potentially lead to the reduction of 

methanogenic activity, high solids degradation and enhanced protein hydrolysis and 

fermentation (Khiewwijit et al., 2015), increasing VFA production with less additional costs 

compared to alkaline fermentation.  

Micro-aeration regimes applied to fermentation can also effectively inhibit strictly anaerobic 

methanogens, and could at the same time increase hydrolytic and acidogenic activity 

(Jagadabhi et al., 2010; Lim & Wang, 2013; Xu et al., 2014). In Chapter 4, application of 

micro-aerobic conditions during fermentation of A-sludge resulted in a negligible 

production of CH4. However, although up to 40 % of the tCOD could be hydrolyzed, VFA 

conversion efficiency was only 21 %. Optimization of micro-aeration regimes applied to 

fermentation of A-sludge, in terms of  aeration intensity (different air-flow) and frequency 

(number of aeration events per day or continuous aeration) could potentially lead to 

increased hydrolysis with limited mineralization and thus to higher VFA production and 

accumulation. Different air injection sites, such as application of the micro-aeration in the 

liquid recirculation or in the headspace should be also investigated in the vision of a 

complete optimization of this system (Krayzelova et al., 2015).  

For each of the abovementioned strategies to increase sludge disruption and hydrolysis 

and inhibit methanogenesis, an estimation of the capital and operational costs and of the 

possible profits related to the maximum VFA production achievable is necessary to assess 

applicability and economic viability of these treatments during A-sludge fermentation. Such 

an assessment should also consider capital and operational costs related to downstream 

technologies required to extract VFA in a sufficient quality or upgrade them into higher-

value compounds (see section 5.4 and 5.5). 
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5.3 The VFA must be efficiently extracted 

The CH4 produced during AD can be immediately recovered, due to the low solubility of 

CH4 in aqueous streams, representing one of the main advantages of AD over VFA 

fermentation, as most of the short-chain VFA are perfectly soluble in aqueous streams 

(Andersen, 2016; Anderson et al., 2007). Several studies focused on the importance of 

removing MCFA from the fermentation broth as low concentrations of MCFA (C6 – C12) 

can result in microbial toxicity, and MCFA accumulation can lead to product inhibition, both 

in hydrolysis and fermentation (Agler et al., 2011; Angenent et al., 2016). Yet, it remains 

unclear and controversial how hydrolysis and fermentation are affected by short chain fatty 

acids (C2 – C5). The VFA and MCFA have different properties due to different carbon-

chain length, and the mechanisms of MCFA inhibition most likely cannot be applied to 

short-chain VFA. It could be that their accumulation is preventing further production and 

accumulation (Andersen, 2016; Pratt et al., 2012; Zacharof & Lovitt, 2013). An extraction 

of VFA could, in principle, simulate the “product extraction” that occurs in AD in the 

conversion to CH4, and can be hypothesized to increase hydrolysis of the substrate and 

fermentation to VFA by preventing their accumulation. This remains unproven. 

Contrarily to AD where CH4 is produced in a relatively pure form, the VFA are produced 

from waste streams such as sludge as a mixture of carboxylates with different chain-length 

(C2 – C5), as shown in Chapter 2, Chapter 3 and Chapter 4. Evidently, for most of the 

industrial applications mentioned earlier in this section high-purity of the carboxylic acids 

is essential. A VFA-rich, mixed species, “dirty” broth is not attractive for these applications, 

thus requiring additional extraction and purification (Lee et al., 2014; Zacharof & Lovitt, 

2013). Several recovery technologies can be used to extract VFA from the fermentation 

broth, including liquid-liquid extraction, adsorption, distillation, electro-dialysis and 

precipitation (Zacharof & Lovitt, 2013). Due to the complexity of waste streams in terms of 

chemical composition and fluid properties, the recovery and purification of VFA is 

economically challenging, and can account for more than 60 % of the total capital cost in 

a VFA bio-refinery process. Most of these extraction and purification technologies are thus 

not economically sustainable, considering the low VFA conversion efficiencies, limited 

production rates and high applied energy load (Andersen et al., 2014; Zacharof & Lovitt, 

2013).  

Many existing technologies can only be used off-line as a downstream treatment, and thus 

they do not allow further fermentation or AD of the unconverted organics in the broth. 

Some technologies allow in-situ extraction to recover VFA from the broth directly during 

fermentation. These generally involve membrane processes such as pervaporation and 
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electrodialysis but require high inputs in terms of heat, pressure or electricity, and are thus 

economically unfeasible for waste stream fermentation. 

 

5.4 Bioproduction pipelines from waste-streams to higher-value products: 

the only way to go? 

The low VFA conversion efficiencies, limited production rates of VFA produced from 

sludge, together with the high costs associated with their downstream extraction and 

purification, make the complete process from waste-streams economically unsustainable 

in its proposed form. The accumulation of VFA in solution might have a negative impact 

on further hydrolysis and conversion of the substrate to VFA. Rather than regarding VFA 

production and extraction as unconnected subsequent technologies, an approach to make 

VFA production from sludge economically attractive is to develop a bioproduction pipeline 

whereby short-chain VFA can be extracted in-line with production and upgraded into 

higher-value products. This would likely reduce product inhibition of hydrolysis and 

acidogenesis caused by the VFA accumulation, while allowing further treatment of the 

unconverted substrate with fermentation or subsequent AD, potentially increasing the 

overall substrate conversion.  

Andersen et al. (2014) developed a bioproduction pipeline whereby short-chain VFA 

generated from waste streams, could be directly extracted by means of membrane 

electrolysis, and upgraded to higher value esters (e.g. ethyl acetate) with biphasic 

esterification (Figure 6.4), while the reactor broth could be kept in the system and further 

fermented. Esters such as ethyl acetate or ethyl butyrate have a market value (market 

value for ethyl acetate is currently at 900 € tonne-1 (Lake, 2017), and are end products 

themselves (Zacharof & Lovitt, 2013). Similar to electrodialysis, an anionic exchange 

membrane (AEM) was used in this process allowing transport of VFA, while excluding 

biomass, solids and uncharged particles larger than the membrane pore size. However, 

the extraction needs to be effective at rather low concentrations (e.g. between 1 and 5 g 

L-1 for different VFA species in case of A-sludge fermentation). The electrochemical 

extraction of Andersen et al (2014) was energy inefficient at these concentrations.  

Overall, both VFA production and extraction technologies should be improved to optimize 

this process, and improve the combined fermentation and subsequent digestion of 

complex streams, such as sludge, creating a feasible and economically advantageous 

bioproduction pipeline. This process is not without its challenges, as the product output 

tends to be mixed VFA and/or mixed esters (e.g. mixtures of ethyl acetate, ethyl butyrate, 

ethyl propionate), and currently there is no clear market for either of these products. 
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Figure 6.4. Schematic overview of the approach for VFA on-line extraction from a fermenter by 
membrane electrolysis and biphasic esterification (Andersen et al., 2014). 

 

 

6 Options for mainstream lower-cost technologies for nitrogen removal  

Beside the removal of organic carbon, wastewater also contains nutrients, such as 

nitrogen and phosphorous, that need to be removed prior to discharge. In the AB treatment 

system, phosphorous is typically precipitated with iron or aluminum salts in the A-stage 

(HRAS), while nitrogen is removed in the B-stage through nitrification and denitrification 

(N/DN) together with further polishing of the organic carbon not removed in the first stage 

(Boehnke et al., 1997; Verstraete & Vlaeminck, 2011; Wan et al., 2016; Wang et al., 2009). 

N/DN is an energy intensive process, due to the high aeration required in the aerobic 

nitrification step to oxidize the incoming COD to CO2 and convert ammonia to nitrite and 

nitrate during nitrification. In addition, supply of external carbon sources (i.e. methanol, 

ethanol and acetic acid) is often required for denitrification increasing the total cost of the 

treatment (Lackner et al., 2014). According to denitrification stoichiometry, 4.4 grams of 

COD are required to denitrify 1 gram of NO3
- - N (Matějů et al., 1992). The effluent of 

conventional HRAS systems (A-stage) has often a bCOD/N ratio below  4.4 g COD g-1 N, 

thus supply of an external carbon source is often required for N/DN in the B-stage (Wan 

et al., 2016). In Chapter 5, application of HRAS/HiCS-DAF treatment systems resulted in 

the removal of 56 – 63 % of the influent COD (Figure 5.4) and the effluent produced had 

a bCOD/N ratio of 2.4 - 2.9, below the threshold necessary for N/DN. Thus, in the frame 

of maintaining the costs for wastewater treatment low, N/DN might not be the right choice 

to remove nitrogen removal from the effluent of these system as addition of costly external 

carbon sources would be necessary.   

An alternative to N/DN is partial nitritation/annamox (PN/A) which is a promising 

technology that could reduce the aeration requirements by 60 % and could reduce costs 

associated to external carbon supplies due to the  90 % reduction of the COD 
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requirements (Gao et al., 2014; Cao et al., 2017). PN/A technologies have been 

successfully applied as a sidestream technology for nitrogen removal from ammonia-rich 

substrates such as the supernatant of  anaerobically digested sludge (Wett et al., 20013). 

Currently, there exist over 100 full-scale PN/A installations, with the majority (75%) applied 

to sidestream treatment in municipal wastewater treatment plants (Gao et al., 2014). One 

of the most famous case is the sidestream one-stage DEMON® system applied in the AB 

system of the Strass WWTP (Austria) that participates in making this system energy self-

sufficient (Wett et al., 2007). Thus far, full-scale PN/A technologies have only been 

implemented for sidestream treatment, however, application of this system as a 

mainstream process, in place of N/DN, could further reduce costs associated with nitrogen 

removal at WWTP level. It has been calculated that application of mainstream PN/A 

processes would result in the generation of 24 Wh PE-1 d-1 compared to a consumption of 

21 Wh PE-1 d-1 in systems with only side treatment and of 44 Wh PE-1 d-1 in conventional 

N/DN treatments (Siegrist et al., 2008; Gao et al., 2014). Considerable research, both at 

lab-scale and pilot-scale, is currently focusing on overcoming current challenges on the 

full-scale implementation of mainstream PN/A. Examples of these challenges are the lower 

selection pressure for of NOB in main stream PN/A due to lower ammonium concentration 

of municipal wastewater (30 – 100 mg NH4
+ -N ) that make NOB suppression more difficult 

compared to sidestream PN/A. Also, AnAOB have a lower activity at temperature below 

15 °C typical for wastewater (i.e. lowering the temperature from 30 to 10 °C resulted in a 

reduction of about 10 times of AnAOB activity) compared to temperature typical for 

sidestream (30 – 35 °C) (Cao et al., 2017). A demonstration of full-scale applications of 

mainstream PN/A as a B-stage in place of N/DN was successful implemented in the Strass 

WWTP (Austria). The B-stage mainstream one-stage annamox system was augmented 

for AOB and AnAOB from the sidestream PN/A to the mainstream PN/A, reporting a 82 % 

total nitrogen removal for this system (Figure 6.5) (Wett et al., 2013).  

In Chapter 5, application of main-stream PN/A in combination with HRAS-DAF treatment 

1 resulted in a more positive energy balance compared with a conventional HRAS system 

with settling separation, with a 10-fold lower net OPEX (Table 5.4). Thus, optimization of 

mainstream PN/A for nitrogen removal and their application coupled with ameliorated 

versions of HRAS systems, will possibly further reduce costs associated with domestic 

wastewater treatment allowing to move a step forward towards energy-autarkic 

wastewater treatment systems.  
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Figure 6.5. Schematic over view of partial nitritation/annamox based wastewater treatment systems 
applied in the main stream. Adapted from Gao et al., (2014). 

 

 

7 Nitrogen and phosphorous: going beyond removal 

As mentioned earlier, sidestream PN/A is largely applied at WWTP level to reduce the N-

load of the supernatant of the digestate produced during AD of A-sludge. However, the 

solid-part of the digestate is also rich in nitrogen and phosphorous that are currently lost 

during downstream dewatering and incineration or landfill. Technologies that can recover 

nitrogen and phosphorous from the digestate might be applied complementary to 

phosphorous removal in the A-stage and nitrogen removal in the B-stage, avoiding loss of 

these nutrients. Awareness of the possibility to recover and reuse nitrogen and 

phosphorus is increasing due to the economical profit that their reuse could bring, and to 

the necessity of reducing the emission of greenhouse gasses and the environmental 

footprint of human activities (Matassa et al., 2015; Wang et al., 2009). Recovery of 

wastewater nitrogen would be able to cover 30 % of the current agricultural demand and 

recovery of phosphorous could give a sustainable future to the phosphorous industry and 

agriculture (Verstraete et al., 2009). 

Selective recovery of reduced dissolved nitrogen (i.e. ammonia/ammonium NH3/NH4
+) can 

be realized through different technologies, including stripping and absorption (Guštin & 

Marinšek-Logar, 2011). Ammonia stripping is based on increasing pH (to 10.5 – 11.5) and 

temperature (to 60 – 80 °C) of the waste stream and subsequent removal of ammonia gas 

with air. Reaction of the stripped ammonia with acids (typically sulfuric acid) then allows 

recovery of nitrogen as ammonium sulfate ((NH4)2SO4), which has a market value of 0.1 € 
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kg-1, and can be used directly as soil fertilizer or as a raw material in fertilizer production 

(De Vrieze et al., 2016; Guštin & Marinšek-Logar, 2011). An alternative approach is the 

electrochemical recovery of ammonia where a cathodic and an anodic compartment are 

separated by a cation exchange membrane in an electrochemical cell (Desloover et al., 

2012). By applying a voltage across the electrochemical cell, ammonium flows in the 

alkalifying-cathode (alkaline pH is generated from the current) and is converted to 

ammonia (NH3), which can be then recovered as (NH4)2SO4 by stripping (Desloover et al., 

2012). Ammonia stripping has been successfully applied for a variety of waste streams 

with concentrations of at least 1 g NH4
+ L-1, amongst which AD digestate (Dong-bo et al., 

2009; Guštin & Marinšek-Logar, 2011; Sedlak, 1991).  

The recovery of dissolved nitrogen from the digestate can also be performed together with 

soluble phosphorus via struvite formation (Pintucci et al., 2016; Walker et al., 2011). When 

dissolved ammonium and phosphate ions are present together with magnesium ions in 

the molecular ratio of 1:1:1, they precipitate as crystalline-solid magnesium ammonium 

phosphate struvite (MgNH4PO4*6H2O), allowing their recovery (Wang et al., 2009). 

Formation of struvite is gaining increasing attention, because of the contemporary 

recovery of phosphorous and nitrogen, and because struvite can be used directly as a 

slow releasing fertilizer (de-Bashan & Bashan, 2004; El Diwani et al., 2007; Wang et al., 

2009). The market value of struvite at the present is between 0.38 and 0.46 € kg-1 (De 

Vrieze et al., 2016). 

Phosphorous recovery can also be achieved together with recovery of the residual carbon 

through production of biochar. This is a carbon-rich, solid, charcoal-like material that can 

be generated after dewatering the digestate by drying the solids contained and subjecting 

them to pyrolylysis (Verstraete & Vlaeminck, 2011). Production of biochar is gaining 

increasing attention as a valuable source of phosphorous, organic matter and 

micronutrients that can positively affect soil-plants productivity (Agrafioti et al., 2013).   

Thus, after AD (or fermentation + VFA extraction) both ammonia and phosphorous in the 

digestate could be recovered in a complementary process with HRAS carbon recovery 

and energy production from A-sludge, increasing the total profit of the WWTP. 
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8 Outlook and future work 

In the frame of the paradigm shift whereby wastewater is no longer considered as a 

problem, but rather a source of organics and nutrients, this thesis explored the possibility 

to enhance carbon recovery and its upgrading to higher-added value chemicals. 

One of the key research focusses was to ameliorate carbon removal (and recovery) and 

concentration in the HRAS step to reduce costs associated with further carbon polishing 

in the subsequent B-stage, while maximizing the carbon available for further upgrading as 

methane or added-value VFAs.  

 (< 5 – 15 g COD L-1), thus, further thickening is required prior to downstream AD or 

fermentation. Gravity-thickening is typically used for this purpose, although it has a high 

land footprint and part of the easy biodegradable COD, that could potentially be recovered 

and upgraded, is lost due to aerobic and/or anaerobic activity during the retention of the 

sludge in the thickener. FO-thickening of A-sludge was explored as a more compact 

alternative to the high-footprint gravity-thickening, obtaining similar sludge concentrations. 

However, although A-sludge volume could be reduced by a factor 10, the total COD 

increased only 4.8 times due to organics mineralization.  

In this context, this thesis explored a second alternative, coupling a HRAS with a DAF unit 

instead of a settler. This approach allowed to generate A-sludge with a concentration at 

the level of settler + thickener, without further thickening required. This could lower overall 

capital and operational costs, and reduce the wastewater treatment process footprint. In 

addition, in a continuous pipeline from wastewater to biogas, this system would allow to 

reduce COD loss, due to the lower retention time in the DAF unit compared with a settler 

+ thickener (20 – 25 minutes and several hours, respectively), potentially resulting in higher 

CH4 production.  

Optimization of this technology with an automated dosing control system for the chemicals, 

based on daily variation of wastewater solids load, together with the selection of the most 

optimal type and dosage of polymers could enable higher recovery/removal efficiencies 

and further reduce the capital costs. More research on the effect of these polymers on 

downstream AD of the A-sludge generated, is necessary to assess whether using different 

polymers (PAMs or others), their combinations and/or different dosing regimens, could 

increase the conversion efficiency to CH4.  Moreover, optimization of the mixing intensity 

after addition of the coagulant and in the PFF and/or the residence time in the PFF could 

likely also improve the overall output. If higher removal and recovery efficiencies are 

achieved in the HRAS-DAF, and the conversion of sludge to CH4 is improved, the total 

profit of the system would increase, further reducing the net OPEX. 
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Fermentation of A-sludge to short-chain carboxylic acids (VFA) was investigated in this 

thesis as an alternative to biogas production. When the fermentation was carried out at 

neutral pH and at short HRT of 4 days, hydrolysis was limited, resulting in an increase of 

the soluble COD fraction of only 10 – 15 % and, ultimately, in low VFA conversion 

efficiencies of 11 – 12 %. Increasing the HRT to 18 – 20 days, in combination with high pH 

(pH 8 – 10) and/or micro-aeration, increased VFA conversion of up to 20 – 26 %, due to 

increased sludge hydrolysis and solubilization.  

Hydrolysis was shown to be the limiting factor in case of A-sludge fermentation, while in 

case of AD up to 74 % of the COD could be hydrolyzed, and 65 % was converted to CH4. 

Application of mechanical and/or chemical treatments such as in-line recirculation, or 

combination of recirculation, aeration and salts enhanced cell lysis, increased sCOD 

fraction of 1.3 and 2 times, respectively, and VFA conversion efficiencies by 1.4-fold and 

4.4-fold, respectively, compared with the control.  

However, conversion efficiencies to VFA were still lower compared to these to CH4 

observed during AD, even when similar HRTs (i.e. 20 days) were applied. Further 

enhancement of sludge flocs rupture and hydrolysis (i.e. by implementing HPTH), 

optimization of the fermentation conditions (i.e. HRT, micro-aeration, pH-spikes) could 

enhance COD solubilization and increase VFA yields. 

One of the main differences between fermentation and AD, is that VFA accumulate in the 

aqueous broth in fermentation, whilst during AD these are converted to CH4, which is 

immediately removed from the solution. VFA accumulation might have an inhibitory effect 

on hydrolysis and/or acidogenesis, or might make further production thermodynamically 

unfeasible. Thus, more research should be focused on understanding the effect of VFA 

accumulation on further hydrolysis and acidogenesis during fermentation of A-sludge (as 

well as other waste streams). Application of an in-line extraction system, similar to the one 

proposed by Andersen et al., (2014), would allow to remove the VFA alongside with their 

production and would allow further fermentation of the un-converted organics in the reactor 

broth. The system developed from Andersen et al., (2014) was however inefficient at the 

concentration resulting from A-sludge fermentation (e.g. < 5 g L-1), thus more research is 

necessary both to increase VFA concentration and yields during A-sludge fermentation 

and to develop extraction technologies that are more effective at lower concentration. 

Beside, further investigation of the microbial communities performing sludge fermentation, 

and their dynamics in case of VFA accumulation, is necessary, as limited information is 

present in literature. Miron et al., (2000) reported that irrespective from the HRT applied 

during fermentation, protein hydrolysis only occurred if methanogenic activity was present. 

Thus, future research should focus on possible microbial interactions and regulatory 

mechanisms (i.e. quorum sensing) between methanogens and microbial communities 
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involved in the earlier phases of AD. It is necessary to determine whether methanogesis 

inhibition and wash out may perhaps result in a feedback inhibition at the level of the 

hydrolysis and/or in a shift of other microbial communities and in their dynamics that hinder 

further hydrolysis and conversion. 

In the current state of progress, full-scale implementation of VFA fermentation from A-

sludge is still far from reality, due to the low rates of hydrolysis and acidogenesis and due 

to the lack of cost-effective extraction techniques for diluted broths with low VFA 

concentrations. However, this is a nascent concept, and improvements in the 

abovementioned critical points might enable successful implementation of a unique 

bioproduction pipeline from waste to high-end products in the future. Last but not least, 

recovery of nutrients such as phosphorous and nitrogen from the AD or fermentation (after 

extraction) effluent should be also envisioned. Optimization of each step of this pipeline 

could maximize recovery and profits and minimize losses of valuable and reusable 

resources. 
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APPENDIX I  

SUPPLEMENTARY INFORMATION FOR CHAPTER 3 

A.3.1. Supplementary Tables 

Table A.3.1. Conductivity for A-sludge before and after different treatments. Acronyms stand 
for raw A-sludge (AS, FO-concentrated A-sludge (FO-AS), anaerobically FO-concentrated A-
sludge (AnaFO-AS ), gravity concentrated A-sludge (GC-AS), addition of 7.1 g L-1 of MgCl2 (ASM/ 
GC-ASM), aeration at 0.6 L min-1 (ASA/ GC-ASA), a combination of salt addition and aeration 
(ASAM/ GC-ASAM) and the wastewater discharged after A-sludge gravity concentration (GC-WW). 
* estimated soluble COD according to typical COD ratios for A-sludge. 
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AS 1.9 1.5 

ASML 15.5 6.2 

ASMH 45.5 20.7 

ASA 1.5 2.4 

ASAML 15.8 6.6 

ASAMH 44.1 19.6 

GC-AS 2.7 3.5 

GC-ASML 16.5 7.9 

GC-ASMH 42.1 21.3 

GC-ASA 2.5 3.3 

GC-ASAMAL 15.9 8.0 

 GC-ASAMH 43.3 21.6 
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APPENDIX II: SUPPLEMENTARY INFORMATION FOR 

CHAPTER 4 

A.1. Supplementary materials and methods 

A.1.1 Calculations 

The VFA and CH4 results were recalculated to COD removed considering that 1.0 g of 

acetic acid, propionic acid, butyric acid, and valeric acid were equivalent to 1.07, 1.51, 

1.82, and 2.04 g COD, respectively and 0.35 L of CH4 was equivalent to 1 g COD removed. 

These conversion factors were calculated considering the molecular weight of the molar 

oxygen and the number of molecules of oxygen needed to hydrolyze each specific VFA 

and the molecular weight of the VFA considered. The VFA yield was obtained by dividing 

the COD production by the COD fed, while the CH4 yield was obtained by dividing the daily 

CH4 production (converted to STP conditions) by the ORL and by 0.35 L. 

Total proteins (g L-1) in A-sludge in were estimated as a difference between the TKN and 

TAN, and the result was then divided by 0.16 (Miron et al., 2000). Total proteins (g L-1) for 

the different samples were calculated as the difference between the organic nitrogen of A-

sludge (TKNA-sludge - TANA-sludge) and the TAN of that sample. These were then converted 

into g COD L-1 by multiplying the value in g L-1 by 1.5 (Miron et al., 2000).  

 

A.1.2. Quantification of total bacteria and methanogens 

For samples collected during experiment 1 and 2, extraction of DNA was performed as in 

Vilchez-Vargas et al. (2013). The quality of the extracted DNA was visually evaluated by 

agarose gel electrophoresis. 

A StepOnePlus Real-Time PCR System (Applied Biosystems, Carlsbad, CA, USA) was 

used for the real-time PCR analysis. For each DNA extract a 100-fold dilution was made, 

and analyzed in triplicate. The real-time PCR program was carried out as reported from 

Desloover et al. (2015), using the primers for the methanogenic populations described by 

Yu et al. (2005), and total bacteria described by Ovreås et al. (1997). The results were 

represented as copies per gram of wet sludge. The quality of the real-time PCR analysis 

was confirmed by the different parameters that were obtained during processing of the 

data with the StepOnePlus software V2.3 (Table A.4.3). 
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A.1.3 Fermentation batch test 

The test was performed in triplicate in serum flasks (120 mL) sealed with a rubber stopper 

and aluminum sealer. The different conditions were prepared by mixing 10 mL of inoculum 

(VS, 6.7 ± 0.1 g L-1) with 10 mL, 20 mL, 40 mL or 70 mL of gravity-concentrated A-sludge 

(COD, 58.4 ± 1.1 g L-1; TSS, 45.0 ± 1.4 g L-1; VSS, 36.8 ± 1.2 g L-1;) and with tap water to 

reach a total volume of 90 mL. The experiment were carried out at 35 ºC, pH 10 and 

shaken at 120 rpm for a period of 21 days. Biogas production and composition was 

monitored after 2, 4 , 7, 9, 14 and 21 days of fermentation. Liquid samples of 5 mL were 

collected at each sampling point to analyze the VFA concentration. The pH was adjusted 

to a value of 10 by adding 1 M NaOH or 1 M HCl after each sampling time. Headspace 

was flushed with N2 after each sampling point.  

  



 
Appendix II : supplementary information for chapter 4 

203 

A.2. Supplementary Tables 

Table A.4.1. Overview of the different conditions of the mesophilic and thermophilic fermenters in 
Experiment 1.  

 MESO_1 MESO_2 THERMO_1 THERMO_2 

pH 7 7 7 7 

CODfed (g L-1) 23.82 ± 4.11 23.82 ± 4.11 23.82 ± 4.11 23.82 ± 4.11 

HRT (d) 3.90 ± 0.28 4.01 ± 0.51 4.00 ± 0.48 4.12 ± 0.38 

OLR (gCOD L-1 d-1) 6.11 ± 1.14 5.93 ± 1.27 5.96 ± 1.26 5.78 ± 1.13 

T (°C) 35 ± 1 35 ± 1 55 ± 1 55 ± 1 

 

 

Table A.4.2. Overview of the different conditions of the fermenters in Experiment 2. Aeration for the 
two micro-aerobic reactors was applied at 0.2 Lair min-1 for 15 minutes every 3 hours.  

 DIG ALKA MC-AERO_7 MC-AERO_10 

pH 7 10 7 10 

Aeration (Lair L-1
reactor d-1) - - 24 24 

CODfed (g L-1) 20.61 ± 2.23 20.61 ± 2.23 20.61 ± 2.23 20.61 ± 2.23 

HRT (d) 19.8  ± 3.0 19.7 ± 3.8 20.7 ± 1.3 19.7 ± 4.0 

OLR (gCOD L-1 d-1) 1.04 ± 0.19 1.04 ± 0.23 0.99 ± 0.12 1.04  ± 0.24 

T (°C) 35 ± 1 35 ± 1 35 ± 1 35 ± 1 
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Table A.4.3. Quality control of the parameters for real-time PCR analysis. These parameters were 
obtained during analysis with the StepOnePlus V2.3 software. The detection limit was calculated 
as copies of the target 16S rRNA gene fragment per gram of wet sludge, and was determined taking 
both dilution and extraction efficiency into account. Standard curves were generated using the DNA 
extracts of the pure cultures Methanosaeta concilli (DSM2139) for the Methanosaetaceae, 
Methanosarcina barkeri (DSM 800) for the Methanosarcinaceae, Methanobrevibacter arboriphilicus 
(DSM 1536) for the Methanobacteriales, and Methanomicrobium mobile (DSM 1539) for 
Methanomicrobiales. 
 

Parameter Slope R2 Efficiency Detection limit 

 - - (%) (copies g-1) 

Total bacteria -3.312 0.999 100.40 2.76 x 103 

Methanobacteriales -5.137 0.997 56.55 11.8 x 103 

Methanomicrobiales -4.235 0.999 72.24 1.08 x 103 

Methanosaetaceae -3.666 0.997 87.41 1.53 x 103 

Methanosarcinaceae -4.302 0.994 70.78 1.45 x 103 
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A.3 Supplementary Figures 

 

Figure A.4.1. Total VFA yield for the A-sludge fermented at 35 ± 1 °C (MESO_1 and MESO_2) and 
at 55 ± 1 °C (THERMO_1 and THERMO_2) at a HRT of 4 days. 

 

 

 

Figure A.4.2. The CH4 (A.) yield and (B.) production in mesophilic (MESO) and thermophilic 
(THERMO) reactor in experiment 1 (n = 2). Error bars represent standard deviations of the 
biological replicates. 
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Figure A.4.3. Total VFA yield on the pick production day for the A-sludge fermented in batch 
condition at 35 ± 1 °C and pH 10 with increasing loadings. Error bars represent standard deviations 
of the technical replicates. 
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Figure A.4.4. Real-time PCR results of the total bacteria (A.) and total methanogens (B.) in the A-
sludge feedstock and in the mixed liquor from the mesophilic (MESO) and thermophilic (THERMO) 
reactors in experiment 1 (n = 2). Error bars represent standard deviations of the technical replicates. 



 

 

 

Figure A.4.5.  Real-time PCR results of the Methanosaetaceae, Methanosarcinacea, Methanobacteriales and Methanomicrobiales in A-sludge (influent) and 
in the effluent from the mesophilic (MESO) and thermophilic (THERMO) reactors in experiment 1 (n = 2). 

 



 

 

 

 

Figure A.4.6. Real-time PCR results of total bacteria (A.) and total methanogens (B.) in the A-sludge feedstock, the inoculum and the mixed liquor of the DIG_7, 
ALKA_10, MC-AERO_7 MC-AERO_10 reactors in experiment 2. Error bars represent standard deviations of the technical replicates.



 

 

 

Figure A.4.7. Real-time PCR results of the Methanosaetaceae, Methanosarcinacea, Methanobacteriales and Methanomicrobiales in the A-sludge feedstock, 
inoculum and in the effluent from the reactors under alkaline conditions (ALKA_10), micro-aerobic condition (MC-AERO_7) and a combination of these (MC-
AERO-10) and for the digested A-sludge (DIG_7) in experiment 2. 
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A.4 Supplementary Results and Discussion 

A similar total bacteria abundance in the A-sludge (influent) was obtained, compared with 

both the MESO and THERMO reactors (Figure A.4.4.A). As previously reported (De Vrieze 

et al., 2013; De Vrieze et al., 2015), A-sludge contains high abundance of active 

indigenous methanogens (8.0 x 108 ± 4.0 x 104 copies g-1) (Figure A.4.4.B) and was 

therefore continuously inoculating methanogens in the reactors throughout the entire 

experiment. The methanogenic population in A-sludge was composed of 

Methanosaetaceae at 1.05 x 108 ± 5.74 x 106 copies g-1, Methanobacteriales at 3.71 x 108 

± 2.24 x 107 copies g-1, Methanomicrobiales at 3.24 x 108 ± 3.22 x 107 copies g-1 and 

Methanosarcinaceae at 1.19 x 106 ± 5.89 x 104 copies g-1 (Figure A.4.5.). Fermentation of 

A-sludge at a HRT of 4 days at either mesophilic or thermophilic temperature resulted in 

a lower but persistent abundance of methanogenic archaea than the A-sludge (10-fold 

reduction) (Figure A.4.5. and Figure A.4.4.B). The short HRT was enough to inhibit 

methanogenic activity (only 25 mg COD-CH4 g-1 CODfed on average for both reactors) but 

not its presence due to continuous inoculation through substrate, as previously reported 

in literature. When higher HRT was applied, the total methanogenic community was 

remarkably lower in the fermenters compared with that of the digester, although the total 

bacteria abundance was similar among these and with the A-sludge and the inoculum 

(Figure A.4.6). A similar abundance of total methanogens was found in A-sludge and the 

fermentative inoculum (3.49 x 108 ± 7.56 x 107 copies g-1 and 2.96 x 108 ± 8.38 x 107 copies 

g-1, respectively). This was noticeably enriched in the digester (DIG_7) up to 1.33 x 109 – 

1.78 x 109 copies g-1 while a 2.5 log reduction, occurred during alkaline and micro-aerobic 

fermentation and their combination (Figure A.4.6.B). 

The methanogenic community also evolved over time. The fermentative inoculum (day 0 

of the experiment) contained all four methanogenic orders and was dominated by the 

hydrogenotrophic Methanobacteriales (2.74 x 108 ± 8.37 x 107 copies g-1) (Figure A.4.7). 

As mentioned before, the feedstock (A-sludge), also contained high levels of methanogens 

that continuously inoculated the reactors over time (Figure A.4.7). 

The four methanogenic orders were enriched in DIG_7 and especially the abundance of 

the acetogenic Methanosaetaceae increased from 4.61 x 107 ± 6.33 x 106 to 9.13 x 108 ± 

4.27 x 107 copies g-1, after 20 and 80 days, respectively (Figure A.4.7). This could explain 

the reduced concentration of VFA in DIG_7 from day 46 (Figure A.4.7.A) and the increased 

CH4 production by the end of the test (Figure A.4.7.B). The Methanomicrobiales order also 

showed a high abundance throughout the entire experiment (between 3.89 x 108 ± 6.77 x 
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107 and 1.56 x 109 ± 2.62 x 108 copies g-1), indicating that both acetoclastic and 

hydrogenotrophic pathways were important for CH4 production from A-sludge.  

Each of the conditions (alkaline, micro-aerobic and a combination of these) resulted in a 

decrease of all four methanogenic groups (Figure A.4.7). Only Methanosaetaceae were 

observed in ALKA_10, MC-AERO_7 and MC-AERO_10 for samples collected after 25 and 

50 days of fermentation (between 8.53 x 105 and 1.03 x 107) (Figure 4.10). At the end of 

the experiment, Methanosaetaceae amounted for 6.85 x 106 ± 1.70 x 106 in ALKA_10 and 

1.84 x 107 ± 4.94 x 107 in MC-AERO_7, while no methanogens could be detected when 

applying a combination of micro-aeration and alkalinity.  

This leads to the conclusion that although a HRT of 20 days is typical for A-sludge 

digestion, both the alkaline and micro-aerobic conditions could effectively reduce 

methanogens presence and inhibit the activity of the persistent organisms during A-sludge 

fermentation. It might be also speculated that a fraction of the higher yield obtained in 

digestion for conversion of COD might be related to hydrogenotrophic activity converting 

CO2 and hydrogen, products of hydrolysis, directly to methane instead of methanogenesis 

of VFA, products of acidogenesis. Because of this, mass balances through VFA will be 

negative in comparison to methane. 
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